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Abstract 
 

A wealth of studies in microplastic research has been centred on marine habitats due 

to concerns arising from the potential eco-toxicological implications that this new 

category of emerging pollutants could have on aquatic species. In comparison, the 

body of knowledge in terrestrial and freshwater ecosystems is limited. Wastewater 

treatment plants have received attention because they have been identified as 

conduits of microplastics in the environment. To date, limited work has been 

undertaken worldwide with respect to microplastic transport in different wastewater 

treatments. 

This thesis had the overall aim to assess whether wastewater treatment plants act as 

a point and/or diffuse source of MPs via final effluent and sludge, which they do. This 

was achieved by investigating and comparing MP removal and fate in three sites 

featuring different technologies: a trickling filter, an activated sludge process and a 

membrane bioreactor. Removal efficiencies were above 90% and the ultrafiltration 

system was found to outperform the other technologies with a removal close to 

100%. 

This study estimated that a daily average of 48.1 billion microplastics entered the 

three sewer networks investigated of which, depending on treatment type, between 

0.1 and 8.8% were detected in the final effluent. Therefore, the majority of particles 

were transferred to the sludge; in the UK, 80% of all sludge produced is used as 

fertiliser and applied on agricultural soils. Another knowledge gap addressed was the 

investigation of seasonality and its impacts on particle counts, sizes and polymers. 

One of the main contributions to knowledge of this thesis was in the analysis of 
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seasonality by accounting for flow rate; this is of critical importance when 

microplastic loading emissions are to be estimated. This study estimated that an 

average of 5.6 million microplastics were emitted to the environment annually per 

person from the sewers investigated. With respect to polymers, polypropylene, 

polyamide, nitrile rubber and the acrylate-polyurethane-varnish cluster dominated 

the influents; whereas the final effluent profile slightly varied based on treatment 

type, but it mainly featured polypropylene, polyamide, ethylene propylene diene 

monomer rubber and the acrylate-polyurethane-varnish cluster. 

Finally, the lack of standardised methodologies in this novel field of research 

hampers the comparison across studies and limits its advancement. A method 

optimisation for organic matter removal has been presented for the detection of 

smaller-sized microplastics and which was shown to be inexpensive, reliable and 

suitable for monitoring purposes. The results of this research have demonstrated 

that wastewater treatment plants represent a pathway for the dispersion of 

microplastics in the aquatic and terrestrial environments through effluent outfalls 

and biosolid applications, respectively. The quantification of microplastics in the 

environment is a high priority to enable the risks to be assessed and better target 

mitigation strategies and policy interventions. 
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NH4
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A2O Anaerobic-anoxic-aerobic reactor 

BOD Biochemical oxygen demand 

BAFs Biological aerated filters 

CM Cellulose modified 
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CSOs Combined sewage overflows 

DF Disc filter 

DAF Dissolved air flotation 

EPS Extracellular polymeric substances 

R3 Ethylene propylene diene monomer rubber 
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FFT Flow to full treatment 
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%RMPs Percentage removal of microplastics 
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1.1 Introduction 

1.1.1 Global assessment of plastic pollution 

Human activities are considered to be the main driver of major environmental 

changes, which include for instance biodiversity loss, global warming, chemical 

pollution, and the alteration of nutrient cycles (i.e. nitrogen and phosphorus) 

(Rockström et al., 2009b, 2009a; Steffen et al., 2007). 

Among these, the presence and occurrence of plastic debris in the environment 

represents one of today’s anthropogenic stressors on our terrestrial and aquatic 

ecosystems (Barnes et al., 2009; Derraik, 2002; Gall & Thompson, 2015; Geyer, 2020; 

Gregory, 2009; Hammer et al., 2012; Horton, 2022; Law, 2017; Rockström et al., 

2009a; Thompson et al., 2009). Plastics are a group of synthetic organic polymers 

produced from petroleum oil, natural gas or coal or the conversion of natural 

products (Hammer et al., 2012), which cannot be associated with a single type of 

chemical compound or category. Instead, they include a myriad of chemical materials 

with peculiar characteristics (Ivar do Sul, 2021; Rochman et al., 2019). For instance, 

within the consumer market, seven main categories can be identified: (1) 

polyethylene terephthalate (PET), (2) high-density polyethylene (HDPE), (3) polyvinyl 

chloride (PVC), (4) low-density polyethylene (LDPE), (5) polypropylene (PP), (6) 

polystyrene (PS) and the last category includes (7) other plastics such as 

polycarbonate (PC) and acrylic (ACRY). 

Bakelite was the first synthetic polymer and ancestor of modern plastic. It was 

introduced in 1907 and its makers called it ‘the material of a thousand uses’ (Meikle, 

1995), due to its versatility across a wide range of applications. Subsequently, this 

versatility and other factors such as durability, low-cost, strength and lightweight 
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have led to a rapid increase in the production and use of plastics. Since the start of 

its mass production in the mid-20th century, it has been estimated that around 8,300 

million tonnes (Mt) of virgin plastics have been produced until 2017. Global plastic 

production has quadrupled over the past four decades and it has reached 438 Mt in 

2017 alone (Geyer et al., 2017). In a business as usual scenario, primary plastic 

production is estimated to reach around 1,100 Mt in 2050 (Figure 1) (Geyer, 2020). 

 

Figure 1. Historical (solid line) and projected (dashed line) global annual plastic production in million 
tonnes (Mt) (recreated from Geyer 2020) 

 

The fate of plastic at the end of its life is of growing concern; Geyer et al. (2017) 

estimated up to 2015, 6,300 Mt of plastic waste had been generated, of which 79% 

ended up in landfills or in the environment, 12% was incinerated and only 9% was 

recycled. Figure 2 shows cumulative plastic waste generated and disposed between 

1950 and 2015 (solid lines); whilst the dashed lines are projections of historical global 

trends to 2050. This highlights that if drastic and effective measures are not taken to 
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reduce the production of plastic and change waste management strategies, around 

12,000 Mt of plastic waste will have been discarded in landfills or the environment 

by the end of 2050 (Geyer et al., 2017). 

 

Figure 2. Cumulative plastic waste generation and disposal (Mt). Solid lines: historical data (1950 - 
2015). Dashed lines: projections of historical trends to 2050 (recreated from Geyer et al. 2017) 

 

Increased plastic waste production combined with improper disposal, unintentional 

losses (e.g. fishing gear, nurdle spills) and low recycling rates have led to its 

progressive accumulations in natural habitats (Geyer et al., 2017; Jambeck et al., 

2015; Law et al., 2020; Lebreton & Andrady, 2019; Sheavly & Register, 2007). 

Plastics in the environment were first reported in the literature in the early 1970s 

(Buchanan, 1971; Carpenter et al., 1972; Carpenter & Smith, 1972). 

Plastics are now ubiquitous, having been transported by ocean currents, winds and 

rivers to the oceanic depths, to the peaks of the highest mountains (Chiba et al., 

2018; de Carvalho & Baptista Neto, 2016; Napper, Davies, et al., 2020; C. K. Pham et 
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al., 2014), and to pristine polar regions (Allen et al., 2019; Kanhai et al., 2020; Lusher, 

2015; Peeken et al., 2018). 

In 2016 alone, between 19 to 23 Mt of plastic waste is estimated to have entered the 

aquatic environment (Borrelle et al., 2020). 

After plastic enters the environment, it is subjected to mechanical abrasion and 

fragmentation, which in turn generates smaller particles called microplastics (MPs) 

(Thompson et al., 2004). MPs are solid particles, insoluble in water and resistant to 

(bio)degradation; they come in all shapes, sizes and polymer types (Horton & Dixon, 

2018; Pieper et al., 2020). With regard to the size definition of MPs, no official 

agreement has yet been reached. However, 1 mm or 5 mm are the most commonly 

cited upper size limits (Arthur, C. et al., 2009; Bergmann et al., 2015; Frias & Nash, 

2019). The lower size bound has less consensus and the definition of nanoplastics has 

to be considered, for which a cut-off of 1 µm has recently been suggested (Frias & 

Nash, 2019; Gigault et al., 2018; Hartmann et al., 2019). 

 

1.1.2 Sources and pathways of microplastics to the environment 

Based on their source, MPs are categorised as primary or secondary (Bergmann et 

al., 2015; Kershaw, 2015). Primary MPs are ‘new emissions’ of particles, made 

intentionally of a microscopic size during the manufacturing process to serve several 

purposes. They can be used in air-blasting technology or added into personal care 

products and cosmetics as scrubbing agents in the shape of beads or fragments (e.g. 

in shower gels, face creams, exfoliators, toothpastes) (Fendall & Sewell, 2009; 

Kalčíková et al., 2017; Lei et al., 2017; Napper et al., 2015). Virgin pellets, also called 

nurdles, can be part of this category as they are raw plastic material, which is melted 
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and moulded to create the final product (Cole et al., 2011; Shim & Thomposon, 2015). 

Secondary MPs are usually defined as particles derived from the physical (e.g. wind, 

waves), photochemical (e.g. ultraviolet radiation) and biological (e.g. 

microorganisms, waxworms) degradation of large plastic items (Mohanan et al., 

2020; Sol et al., 2020; J. Yang et al., 2014). Tyre wear particles and microfibres 

originating from the abrasion of synthetic garments during washing are also generally 

considered in this category (Carney Almroth et al., 2018; De Falco et al., 2018, 2020; 

Eisentraut et al., 2018; Hartline et al., 2016; Hernandez et al., 2017; Sommer et al., 

2018) although there are still some conflicting opinions as to their primary or 

secondary classification (Boucher & Friot, 2017; Cesa et al., 2020; Eerkes-Medrano et 

al., 2015; Hartmann et al., 2019; Napper & Thompson, 2016). 

Given the global nature of the plastic pollution problem, a holistic approach has been 

proposed and a novel concept of ‘microplastic cycle’ has been developed to integrate 

MP sources, transport and fate within the biogeochemical and toxicological 

frameworks. This holistic understanding on the fluxes of microplastic (MP) pollution 

in different ecosystems is required to better target mitigation strategies and policy 

actions (Bank & Hansson, 2019, 2022; Hoellein & Rochman, 2021). The magnitude of 

MP release in terrestrial, freshwater and marine ecosystems can vary (Horton & 

Dixon, 2018), but they all act simultaneously as sources, sinks and conduits of MPs 

into the environment. It is has been estimated that between 64 and 90% of marine 

plastic debris originates from land (Jambeck et al., 2015; Jang et al., 2014; W. C. Li et 

al., 2016); however, no systematic assessments have confirmed this figure to date. 

MP sources to land include (but are not limited to) littering, poor waste management 

practices, illegal dumping, (illegal) landfills, domestic textile washing, vehicle tyre 
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abrasion, atmospheric deposition, industrial applications, and application of sewage 

sludge to agricultural soils (Alimi et al., 2018; Boucher & Friot, 2017; Chae & An, 2018; 

Karbalaei et al., 2018). The freshwater environment is a rather heterogeneous 

compartment because it includes different systems (i.e. lakes, rivers, streams, 

ditches, and ponds) and is characterised by an intricate dynamic with respect to 

transport, retention and degradation processes (Free et al., 2014; Horton & Dixon, 

2018; van Emmerik & Schwarz, 2020; Waldschläger et al., 2020). Examples of inputs 

of plastics into freshwater habitats are: urban littering, loss from landfills, wind 

action, rainwater run-off from agricultural soils, effluent outfalls, discharge of 

untreated and treated sewage through wastewater treatment plants (WWTPs) and 

storm drains (Bank & Hansson, 2022; Eerkes-Medrano et al., 2015; Horton & Dixon, 

2018). Finally, besides receiving the inputs from land and freshwater systems, the 

marine environment can receive MPs from intentionally or unintentionally 

abandoned fishing gear at sea or when plastic pellets are spilled by cargo ships (Duis 

& Coors, 2016). 

Despite the fact that most of the plastic consumption and all plastic production 

happens on land (Horton & Dixon, 2018), a wealth of MP studies has focused on 

marine habitats. In contrast, the body of knowledge concerning MPs in terrestrial 

and freshwater ecosystems is limited although several studies have started to 

address this issue (Blettler et al., 2018; Bucci et al., 2020; Horton et al., 2017; Law, 

2017; Okoffo et al., 2019). In recent years, MP in WWTPs has gained increased 

attention due to the role they play in connecting terrestrial ecosystems with the 

aquatic environment (Ben-David et al., 2021; Blair et al., 2019; Bretas Alvim et al., 

2020; Conley et al., 2019; Edo et al., 2020; Gatidou et al., 2019; Hidayaturrahman & 
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Lee, 2019; Jambeck et al., 2015; Kazour et al., 2019; Long et al., 2019; Mintenig et al., 

2017; Murphy et al., 2016). 

Sewage works are known to provide a crucial service for the purification of 

wastewater influent, which is contaminated with microbial and chemical pollutants 

(e.g. pharmaceuticals, heavy metals, antimicrobial agents) as well as with high load 

of nutrients (e.g. phosphorus, nitrogen) (Cheremisinoff, 2019). However, they are not 

designed to retain MPs, therefore they can become a pathway for the dispersal of 

these anthropogenic contaminants of emerging concern not only in waterbodies, but 

also on land through sewage applications to soils (Bläsing & Amelung, 2018; Gavigan 

et al., 2020; He et al., 2018; Mani et al., 2015; Nizzetto et al., 2016; Schell et al., 2021). 

Recent research has highlighted the importance of including the assessment of MPs 

in sludge when evaluating MP abundance throughout the wastewater system. Sludge 

reuse (agricultural application and composting) is the prevailing disposal technology 

in the UK and several EU Member States (Kelessidis & Stasinakis, 2012). As a result, 

farmland could represent a significant sink for MPs in terrestrial ecosystems as well 

as a route for MPs to aquatic ecosystems through surface run-off. 

The role of WWTPs as pathways for MPs has been confirmed by several studies, 

which have indicated that MP concentrations in rivers downstream of wastewater 

treatment plant (WWTP) outlets were higher than those found upstream (Eriksen et 

al., 2013; Estahbanati & Fahrenfeld, 2016; Hoellein et al., 2017; Kay et al., 2018; Mani 

et al., 2015; A. McCormick et al., 2014). Another important aspect related to WWTPs 

are combined sewer overflows (CSOs). During heavy rainfall, the hydraulic capacity 

of those sewer systems where rain water converges with industrial and domestic 

wastewater can be exceeded; resulting in the release of untreated wastewater. To 
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date, although limited work has been conducted on CSOs, it has been shown that MP 

abundance was higher than that of treated wastewater (Bank, 2022; H. Chen et al., 

2020; Hale et al., 2020). Among MPs, microfibres have been consistently found in 

wastewater as a result of their release from washing machines through domestic 

drainage (Hernandez et al., 2017; Pirc et al., 2016; Sol et al., 2020). Over the past few 

years, they have received much attention as they give cause for ecological concern 

due to their large surface-area-to-volume ratio, which can increase their potential to 

transport toxic substances (Cole et al., 2011). 

According to Boucher and Friot (2017) the combined emissions of synthetic fibres 

from domestic washing and car tyre wear into the world’s oceans have been 

estimated to make up almost two-thirds (63%) of all primary MP releases. In their 

analysis, they define primary MPs as ‘plastics directly released into the environment 

in the form of small particulates, […] such as scrubbing agents in toiletries and 

cosmetics, […] or they can originate from the erosion of tyres or abrasion of synthetic 

textiles during washing’ (Boucher & Friot, 2017). It is important to point out that 

current characterisation methods have limitations with regard to the detection of 

tyre wear particles (Haave et al., 2019). Furthermore, other potential sources have 

been overlooked in research (e.g. artificial sport pitches, household dust, abrasion of 

synthetic footwear and infrastructure) and the emission of non-synthetic and semi-

synthetic fibres is also not well documented (Horton, 2022; Napper, Barrett, et al., 

2020). Therefore, it is difficult to reliably establish the proportions from different 

contributions. 

A recent study by Gavigan et al. (2020) aimed to assess the long-term fate of fibres 

from washing machines. They modelled microfibres’ emission from domestic 
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washing machines sold from 1950 to 2016. Then, they used regional datasets to 

calculate the release rates through untreated wastewaters, wastewater effluents 

and biosolids. By estimating the cumulative emissions from 1950 to 2016, they found 

that the majority of microfibres ended up in freshwater and marine ecosystems, 

followed by terrestrial environments. A relatively smaller proportion entered landfill 

or was incinerated (Figure 3) (Gavigan et al., 2020). 

 

Figure 3. Cumulative microfibre emissions from 1950 to 2016 and their compartment of emission 
(recreated from Gavigan et al. 2020) 

 

These estimations do not reflect the total microfibre emissions because many 

processes were not included in the calculation (e.g. CSOs, reused washing machines, 

fibres emission production, etc.) (Gavigan et al., 2020). In addition, the estimates in 

terrestrial ecosystems may be underestimated due to limited research conducted on 
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land to date. Nevertheless, it gives an insight on the scale of microfibres’ emissions 

from washing machines alone. 

To conclude, MP research is an emerging field and further work is needed to better 

assess its transport and fate through the wastewater treatment process and within 

the wider environment. Many sources have been already identified, the majority of 

which are based on land. For this reason, alongside research, enacting mitigation 

measures – especially at the source – should be a priority. 

 

1.1.3 Environmental risks of microplastics 

As outlined in the previous section, the presence and occurrence of MPs are 

widespread in terrestrial, freshwater, coastal, marine and arctic ecosystems. 

Subsequently, this results in a higher likelihood of exposure and interaction of 

terrestrial and marine biota with MPs (Horton & Barnes, 2020). 

MPs have been reported to cause physical damage (e.g. internal lacerations, gut 

blockages) and reduced energy reserves in organisms from different trophic levels 

including zooplankton, crabs, mussels, fish larvae, fish, seals, marine worms, 

barnacles, crustaceans, seabirds and mammals (Besseling et al., 2015; Browne et al., 

2008; Desforges et al., 2015; Devriese et al., 2015; Foekema et al., 2013; Goldstein & 

Goodwin, 2013; Y. Lu et al., 2016; van Franeker et al., 2011; Wright et al., 2013). 

Research in marine habitats has shown that a ‘cocktail of contaminants’ (Rochman, 

2015) could be associated with MPs due to their hydrophobic properties  (Carbery et 

al., 2018). Indeed, they may act as vectors for pollutants, either through their 

adsorption from the surrounding environment (e.g. persistent organic pollutants 

such as polychlorinated biphenyls, polycyclic aromatic hydrocarbons, and 
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polybrominated diphenyl ethers; metals; dichlorodiphenyltrichloroethane; 

phenanthrene; phthalates) or by leaching plasticizers that were added during the 

manufacturing process to improve flexibility and durability (Bakir et al., 2016; 

Catrouillet et al., 2021; Q. Chen et al., 2018; Cole et al., 2011; Hirai et al., 2011; Mato 

et al., 2001; Rios et al., 2007; Rochman et al., 2014; Teuten et al., 2009). Not only 

chemicals, but also microorganisms can be associated with MPs. WWTPs represent a 

hotspot for antibiotic-resistant bacteria, several pathogenic taxa and biofilm 

formation, and research has confirmed their presence on MP surfaces (Boni et al., 

2021; Kelly et al., 2021; D. N. Pham et al., 2021). Importantly, studies by McCormick 

et al. (2014; 2016) have reported that bacterial signatures on MPs collected 

downstream of WWTPs were different from those colonising the nearby 

environment (e.g. water column, suspended organic matter) and that they closely 

corresponded instead with wastewater-associated microorganisms. This suggests 

that MPs transported through WWTPs can potentially be a carrier of disease-causing 

bacteria in waterbodies (Bank, 2022; Eckert et al., 2018; Hoellein et al., 2017). 

However, the characterisation of bacterial assemblages on MPs present in sewage 

remains unexplored and further work is also required to better evaluate their 

persistence in riverine systems (Kelly et al., 2021; A. McCormick et al., 2014). 

From an ecotoxicological point of view, the size of MPs plays a key role in the 

concentration of toxic compounds so the potential hazard increases with decreasing 

size, affecting the environmental fate of other toxic substances (Wagner et al., 2014). 

For this reason, using environmentally relevant concentrations of MPs and of 

different sizes in feeding-based experiments in the laboratory is important. It has 

been reported that the type of effect that MPs could have is size-dependent (Huvet 



37 

et al., 2016; Ziajahromi et al., 2018). Moreover, nanoplastics and the smaller size 

range of MPs could present a higher potential for translocation from the gut to the 

tissues, and could trigger immune response and oxidative stress (Barboza & Gimenez, 

2015; Besseling et al., 2019; Y. Lu et al., 2016; Prokić et al., 2019). 

It should be noted that some research has also highlighted that organisms’ exposure 

to contaminants via plastics is limited compared to other natural pathways 

(Beckingham & Ghosh, 2017; Gouin et al., 2011; Koelmans et al., 2016). For this 

reason, it is suggested that future research should provide a thorough assessment of 

the ecological risks of MPs by assessing pollutant exposure through different media 

(e.g. water, sediment, soil). In particular, this is crucial when evaluating the potential 

for chemicals absorbed on plastic to transfer and bio accumulate in higher food web 

levels  (Besseling et al., 2017). To date, there is no clear evidence of bioaccumulation 

or biomagnification of pollutants associated with MPs throughout the food web (Duis 

& Coors, 2016; Miller et al., 2020; Teuten et al., 2009). In addition, the potential 

ecotoxicological implications of MPs to human health are still unknown, with the 

different exposure pathways to MPs largely unexplored (Galloway, 2015; Rist et al., 

2018; Smith et al., 2018; Vethaak & Legler, 2021). 

 

1.1.4 Conclusions 

In conclusion, many gaps still need to be filled with respect to the ecological 

consequences that MPs may pose to our ecosystems and human health. For this 

reason, in order to enable the risks to be assessed, the understanding of the 

transport, release rates and fate of MPs in terrestrial environments especially is of 

crucial importance. Plastic pollution is a complex problem with impacts at social, 
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ecological and economic levels (Beaumont et al., 2019). In order to find solutions to 

mitigate its impact, it should not be treated as an isolated issue, but analysed in the 

context of other major environmental problems such as climate change. For 

example, both plastic production and degradation contribute to greenhouse gas 

emissions (Ford et al., 2022; Shen et al., 2020; Zheng & Suh, 2019), with plastic 

production predicted to account for 20% of the total global oil consumption by 2050 

(Horton, 2022). Therefore, since these environmental crises revolve around various 

sectors (e.g. science, policy, industries, governments, citizens, etc.), a multi-faceted 

set of solutions on a global scale is required. 

Following this general assessment on plastic pollution, the current state of 

knowledge of MPs in wastewater and sludge is presented in the next section, 

followed by a review of the methodologies applied in wastewater research. These 

two sections will discuss in detail about the presence, occurrence and removal of 

MPs through the wastewater process, with comparisons across different types of 

technologies applied. Furthermore, a thorough analysis of the methods from sample 

collection to MP characterisation is discussed. To conclude, the rationale for this 

thesis with its objectives and overall aim will be outlined and the structure of the 

thesis presented. 

 

1.2 State of knowledge of microplastics in wastewater systems 

1.2.1 Occurrence and characteristics of microplastics 

Over the past few years, scientists have started to investigate the transport, release 

and fate of MPs through the wastewater treatment processes (Blair et al., 2019; 

Dyachenko et al., 2017; Gündoğdu et al., 2018; Magni et al., 2019; Mintenig et al., 
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2017; Murphy et al., 2016; Talvitie et al., 2015). In the UK, combined sewage systems 

are largely present, therefore WWTPs often receive a mixture of rain water (urban 

and road runoff) and industrial and domestic wastewater. During storming and heavy 

rainfall, the sewer systems cannot cope with the rainwater in addition to the 

wastewater. Therefore, combined sewer overflows (CSOs) were created to reduce 

the risk of flooding and inundation in those conditions by releasing the excess of 

diluted untreated sewage directly into rivers or the sea. 

A conventional wastewater treatment process consists of several steps and a 

schematic diagram is shown below (Figure 4). 

 

 

Figure 4. A schematic of a conventional wastewater treatment process 

 

The first step is screening, where coarse particles (usually larger than 6 mm) are 

removed; then, there is a preliminary treatment, which targets solid materials (e.g. 

stones, wood, sand) that are collected in the grit chambers. This is followed by a 

primary treatment where grease, oils and fats are removed by surface skimming (and 

sent to landfill or incineration plants for disposal) and suspended solids by gravity 

separation. After this, wastewater undergoes secondary treatment, a biological 

process where microorganisms break down the organic matter followed by a final 
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sedimentation tank through coagulation and flocculation. This process can be 

performed in aerobic or anaerobic conditions. Depending on the wastewater system, 

there could be an additional tertiary treatment to purify the water further from 

chemicals, pathogens and nutrients either through disinfection (e.g. chlorination, UV 

light, ozone) or chemical-physical separation (e.g. ultrafiltration with membranes, 

advance oxidative process, activated carbon filtration) (Cheremisinoff, 2019; 

Freeman et al., 2020; Rowe & Abdel-Magid, 2020). Sewage sludge is the by-product 

of the wastewater process, the semi-solid material generated from both the primary 

and final sedimentation. After being processed, sludge is usually called biosolid and 

due its high-nutrient content it is often used as fertiliser and applied to agricultural 

land. It has been estimated that the UK, compared to other European countries, has 

the highest land application rate (around 80%) of treated sewage sludge (Nizzetto et 

al., 2016; Ziajahromi et al., 2021). 

Given the mixed nature of the sources of MPs in wastewater systems, a wide 

spectrum of shapes, polymers and sizes have been reported. As for the shape, 

amongst the high variety described in literature, fibres and fragments are the most 

frequent, followed by microbeads and films (Figure 5) (Bayo et al., 2020; Cheung & 

Fok, 2017; Ding et al., 2020; N. Tang et al., 2020). Fibres represented the largest 

proportion in most of the studies (average of 57%)  (Bank, 2022; Cheung & Fok, 2017; 

Okoffo et al., 2019; Ou & Zeng, 2018; Sol et al., 2020) probably because of their high 

surface area and morphological features (e.g. smoothness of the surface) (Ngo et al., 

2019; Talvitie, Mikola, Setälä, et al., 2017), which prevent them from being retained. 
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Figure 5. Range of variation in the abundance of the most common MP shapes in wastewaters 
reviewed across 22 studies (data taken from Ali et al. 2021) 

 

However, it is important to bear in mind that the interpretation and definition of 

some particle shapes (i.e. granules, resins, pellets, sheets, foils) can vary and be 

subjective. Thus, classification based on shape could create ambiguity for some 

categories (Koelmans et al., 2019). 

With regard to the polymer types, the main groups that have been found in 

wastewater across several studies are: polyethylene (PE), PP, PS, polyester (PES), PET 

and polyamide (PA) (Figure 6) (Ali et al., 2021; Carr et al., 2016; Cheng et al., 2021; 

Gatidou et al., 2019; Lares et al., 2018; Leslie et al., 2017; W. Liu et al., 2021; Mason 

et al., 2016; Ngo et al., 2019; Ou & Zeng, 2018; R. Michielssen et al., 2016; Simon et 

al., 2018; Talvitie, Mikola, Setälä, et al., 2017). These, together with polyurethane 

(PU) and PVC, represent the eight polymer resins that dominate the global and 

European plastic production market (Bond et al., 2018; Geyer, 2020). PE, PP, PS, PES, 
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PET and PA are likely to be associated with food packaging (e.g. coffee cups, take-

away food containers), plastic cutlery, water bottles, washing textiles and carpets, 

and plastics present in cosmetics and personal care products (Lares et al., 2018; 

Mintenig et al., 2017; Rist et al., 2020; Ziajahromi et al., 2017). 

 

Figure 6. Range of variation in the abundance of the most common polymers in wastewaters reviewed 
across 22 studies (data taken from Ali et al. 2021) 

 

For instance, Napper et al. (2015) extracted PE microbeads from cosmetic products 

and estimated a release between 4,594 and 94,500 beads in a single use; another 

study looked into microfibres shedding from synthetic textiles made of ACRY, PES 

and nylon (PA). It was determined that PES shed the greatest amount, with up to 

110,000 fibres released per garment and wash (Carney Almroth et al., 2018). 

PES/cotton blend garments (ratio 1:1) have been found to release a higher amount 

of cotton microfibres (80%) than PES fibres (De Falco et al., 2019, 2020; Zambrano et 
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al., 2019). In addition, the laundering conditions, the washing machine type, the 

woven fabric and the detergent used can greatly affect the microfibre release rates. 

For example, a blend of synthetic/natural fabrics released less fibres compared to 

those that were 100% synthetic; studies on the use of conditioners and non-bio 

detergent suggest that they might shed a higher number of fibres as they would 

promote pilling; finally, fabrics with low hairiness, tight yarn and woven structure 

have shown to release fewer fibres (Carney Almroth et al., 2018; Cesa et al., 2020; 

De Falco et al., 2020; Hartline et al., 2016; Hernandez et al., 2017; Napper & 

Thompson, 2016; L. Yang, Qiao, et al., 2019; Zambrano et al., 2019). Polymers that 

have been rarely detected in wastewaters include polylactic acid (PLA), ethylene vinyl 

acetate (EVA), alkyds, polyvinyl alcohol, and styrene butadiene styrene (SBS) (W. Liu 

et al., 2021; Mintenig et al., 2017; Murphy et al., 2016). In sludge, the predominant 

polymers are PES/PET and PE, followed by PA, PP, PS, ACRY and PC (Alavian Petroody, 

Hashemi, & van Gestel, 2021; Chae & An, 2018; Ziajahromi & Leusch, 2022) with 

fibres and fragments representing the largest proportions (Alavian Petroody, 

Hashemi, & van Gestel, 2021; Bayo et al., 2020; Bretas Alvim et al., 2020; Gies et al., 

2018; Kazour et al., 2019; Lares et al., 2018; X. Liu et al., 2019; Raju et al., 2020). 

The reported range of MP sizes varies across studies due to the detection limits of 

the instruments used for MP characterisation and the lack of standardised 

methodologies for field sampling and sample processing (Cowger et al., 2020; 

Gatidou et al., 2019; Lusher et al., 2020; L. Lv et al., 2021); this will be discussed in 

detail in the next section. Currently, research studies on wastewater have mainly 

investigated MPs >50 µm (Blair et al., 2019; Conley et al., 2019; Dyachenko et al., 

2017; Gündoğdu et al., 2018; Lares et al., 2018; Magni et al., 2019; Mason et al., 2016; 
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Murphy et al., 2016; L. Yang, Li, et al., 2019); nevertheless, MPs <50 µm and down to 

10 µm in size have also been reported (Bayo et al., 2020; Long et al., 2019; X. Lv et 

al., 2019; R. Michielssen et al., 2016; Simon et al., 2018; Talvitie et al., 2015). 

One study filtered wastewater samples through 1 µm pore size filters and was 

presented with challenges when measuring MPs under the microscope (Gies et al., 

2018). It is important to emphasise that visual inspection is not only prone to high 

bias as particle size decreases, but it could also lead to false positives or false 

negatives, resulting in an overestimation or underestimation of particle numbers 

(Primpke, Christiansen, et al., 2020; Simon et al., 2018). 

Despite different sampling and analytical techniques applied, some studies have 

shown a higher MP concentration in the sub-hundred-micron size range in the 

wastewater effluent compared to larger-sized MPs (Figure 7) (Gatidou et al., 2019; X. 

Liu et al., 2019; Roscher et al., 2022; Ziajahromi et al., 2017). 

 

Figure 7. Range of variation in the abundance of the different size fractions of MPs in wastewaters 
reviewed across 22 studies (data taken from Ali et al. 2021) 
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Mintenig et al. (2017) and Wolff et al. (2019) have investigated MPs in the range 

between 10 and 500 µm and > 500 µm and reported that 60% of the detected MPs 

had a size between 50 – 100 µm and 30 – 100 µm, respectively. 

Similarly, Edo et al. (2020) concluded that the smallest size category in their study 

(25 – 104 µm) showed the highest abundance (around 50%) of MPs detected within 

the 25 µm and 5 mm range. Talvitie et al. (2017) analysed MPs in the 20 – 300 µm 

range and > 300 µm, and they calculated that those MPs belonging to the sub-

hundred-micron fraction (20 – 100 µm) represented almost 70% of the total MP 

count. Conley et al. in their analysis of the final effluent, found that an average of 

75% of the total MP concentration belonged to the two smallest size categories (60 

– 178 and 178 – 418 µm). Finally, Kazour et al. (2019) analysed MPs between 20 and 

500 µm and the smallest fraction (20 – 80 µm) represented 40% of the total number 

of MPs. 

These results point up the importance of monitoring the smaller-sized fraction: their 

large surface area-to-volume ratio makes them eco-toxicologically relevant due to 

their higher potential of adsorption of other pollutants (Bakir et al., 2014; Hung et 

al., 2021; Huvet et al., 2016; Koelmans et al., 2016; Rochman et al., 2014; Strungaru 

et al., 2019; Y. Zhang et al., 2021). In contrast, Bayo et al. (2020) looked at the 45 µm 

– 5 mm range, and found a higher concentration of MPs with dimensions between 

600 and 800 µm; whilst MP sizes between 100 and 500 µm (within the 63 µm – 5 mm 

targeted range) were found to be more abundant in the final effluent by Magni et al. 

(2019). As for the sludge, those studies that investigated the broad size spectrum (20 
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µm to 5 mm), found the majority of the particles had a size between 100 and 500 

µm; whilst, the lower end of the spectrum corresponded to roughly 20% of the total 

MP concentration (Edo et al., 2020; Hatinoğlu & Sanin, 2021; F. Liu et al., 2019; Magni 

et al., 2019; Mintenig et al., 2017). 

 

1.2.2 Abundance and removal of microplastics in wastewater and sludge 

It has been acknowledged that MPs might behave in a similar way to natural and 

colloidal particles (Filella, 2015; Hüffer et al., 2017; López et al., 2022). Therefore, to 

understand particles’ behaviours and their fate in a natural system, size, shape and 

density are key parameters (Filella, 2015; Hüffer et al., 2017). These three properties 

together with the particle surface charges and features determine its buoyancy, 

sedimentation and coagulation in environmental media (Filella, 2015; Filella & Buffle, 

1993; Nikpay et al., 2020). Wastewaters are highly variable and dynamic systems, 

where MPs are impacted by a mixture of conditions (e.g. flocculation, coagulation, 

fragmentation, ageing process, biofouling, adsorption of chemicals) through 

interaction with organic and inorganic matter that can influence their transport and 

fate (Ali et al., 2021; Browne et al., 2010; Filella, 2015; Hahladakis et al., 2018; Hüffer 

et al., 2017; Mohanan et al., 2020). 

Literature unanimously suggest that the majority of the particles are removed during 

the first stages of the treatment, especially during the preliminary and primary 

processes (Cheng et al., 2021; Gatidou et al., 2019; Gies et al., 2018; Magni et al., 

2019; R. Michielssen et al., 2016; U. Iyare et al., 2020; Ziajahromi et al., 2021). Here, 

due to their density being lower than that of water (0.997 g cm-3), most of the 

positively buoyant MPs (e.g. PE beads, some light-weight microfibres, PP fragments) 
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are likely to be skimmed off the surface (Claessens et al., 2013; Murphy et al., 2016; 

R. Michielssen et al., 2016; Sutton et al., 2016), whilst the sedimentation of 

suspended solids and organic matter is facilitated by the addition of flocculant agents 

(e.g. ferric chloride). This could cause heavier MPs and large fibres to be trapped in 

these aggregates called ‘flocs’ and precipitate, with generally smaller particles and 

neutrally buoyant MPs going through the wastewater process (Carr, 2017; Carr et al., 

2016; F. Liu et al., 2020; W. Liu et al., 2021; Sun et al., 2019; Talvitie et al., 2015; 

U. Iyare et al., 2020; L. Yang, Li, et al., 2019). Indeed, evidence of high numbers of 

microfibres in the sludge has been reported in several studies (Carr et al., 2016; 

Cheng et al., 2021; Duis & Coors, 2016; Lares et al., 2018; Leslie et al., 2017; Mahon 

et al., 2017; Salvador Cesa et al., 2017; J. Yang et al., 2021; Ziajahromi et al., 2017; 

Zubris & Richards, 2005). However, a relatively high proportion of fibres and heavier 

polymers, such as PES, can still be detected in the primary effluent (Figure 8) and so 

bypass the final stage of the treatment (Bayo et al., 2020; Browne et al., 2011; Dris 

et al., 2015; Long et al., 2019; Mason et al., 2016; Murphy et al., 2016; R. Michielssen 

et al., 2016; Talvitie, Mikola, Koistinen, et al., 2017; Ziajahromi et al., 2017). 

 

Figure 8. Images taken under the dissecting microscope (Olympus SZ61) and showing fibres and beads 
extracted from a primary effluent sample collected at one of the sites investigated 
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It is noteworthy that the percentage removal between influent and primary settler is 

rather variable and ranging between 25 and 98%, which can be explained by the 

different analytical methodologies applied, the inherent spatial and temporal 

variability of wastewater systems and the demographic differences (Ben-David et al., 

2021; Carr et al., 2016; Edo et al., 2020; Galafassi et al., 2022; Leslie et al., 2017; 

Magni et al., 2019; Murphy et al., 2016; Ngo et al., 2019; Talvitie, Mikola, Setälä, et 

al., 2017; Q. Xu et al., 2020). The performance of secondary stages appears to be 

generally lower than that of primary treatments, with a removal efficiency between 

7 and 20% (Bretas Alvim et al., 2020; R. Michielssen et al., 2016; U. Iyare et al., 2020). 

During the biological treatment MPs can be entangled in biological flocs; moreover, 

the long residence time in the treatment process promotes the build-up of chemicals, 

bacteria and nutrients on MP surfaces. This is facilitated by the presence of cracks 

and fractures in fragments and can result in a change of the particle density, causing 

further sedimentation or fragmentation (Bayo et al., 2020; Hidayaturrahman & Lee, 

2019; Ngo et al., 2019; Rajala et al., 2020; Rummel et al., 2017; Wagner & Lambert, 

2018; Y. Zhang et al., 2021). Studies in drinking water have shown that coagulation 

and flocculation processes are responsible for the removal of 35 – 80% of the MPs, 

with particles >10 µm having a higher likelihood to be captured compared to 5 – 10 

µm particles (Ma et al., 2019; Pivokonsky et al., 2018; Z. Wang et al., 2020). For 

instance, Ma et al. (2019) concluded that aluminium-based salts perform better than 

iron-based ones and that a higher proportion of smaller-sized MPs (<500 µm) was 

retained in the coagulation process compared to larger particles. 

Nevertheless, coagulation, flocculation and biofilm formation in wastewater needs 

further investigation as the dynamic behind these mechanisms still remains unclear 
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(Ali et al., 2021; Bui et al., 2020; Sol et al., 2020; Sun et al., 2019), especially with 

regard to MP shapes, sizes and polymer types (Lapointe et al., 2020; Z. Wang et al., 

2020). Secondary treatment brings the cumulative MP removal to 50 – 99.9% 

(Gatidou et al., 2019; U. Iyare et al., 2020), with an additional reduction (5 – 20%) by 

tertiary treatments, which varies depending on the type of technology used (Enfrin 

et al., 2019; Koutnik et al., 2021). Here, particles belonging to the lower end of the 

size spectrum have been usually detected (Mintenig et al., 2017; Talvitie, Mikola, 

Koistinen, et al., 2017; Ziajahromi et al., 2017). As mentioned above, the large 

variability found in the removal efficiencies across the wastewater treatment is due 

to many factors (e.g. type of treatments applied, catchment area, sampling 

equipment and methodologies of MP extraction, seasonality, targeted size fraction 

and whether it is a combined sewage system) (Uddin et al., 2020), making 

comparison of data across studies difficult. This is also seen in the broad range of MP 

concentrations that have been reported in the literature. Between 0.3 and 3.2 x 104 

MPs l-1 have been detected in raw sewage, whilst the abundance in the final effluent 

ranges from 0.001 to 447 MPs l-1 (Cheng et al., 2021; W. Liu et al., 2021; Sun et al., 

2019). Although WWTPs could reach high removal efficiencies for MPs (up to 99.9%), 

(as discussed in the following section, 1.2.4), even low MP concentrations (< 0.1 MPs 

l-1) could result in significant numbers of plastic particles entering the environment 

because of the large volumes discharged (Talvitie, Mikola, Setälä, et al., 2017; 

Ziajahromi et al., 2017). For instance, Sutton et al. (2016) investigated eight WWTPs 

of San Francisco Bay, USA, where an average of 0.086 MPs l-1 were discharged and  

hence 56 million particles were potentially released in one day. 
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The most comprehensive study to date has been carried out by Mason et al. (2016) 

who investigated 17 WWTPs in the US and detected an average of 0.05 MPs l-1 in the 

effluent. The average daily discharge at each facility was estimated to be equal to 

over 4 million MP particles. In the UK, Murphy et al. (2016) found 0.25 MP l-1 in the 

effluent of a secondary WWTPs in Scotland, serving a population of 650,000 people; 

they estimated a daily release of 65 million microplastics into the River Clyde. 

Carr et al. (2016) stated that the contribution of eight secondary and tertiary 

treatments in California, US, to microplastic pollution in the receiving waterbodies 

appeared to be minimal as their removal efficiencies were above 99.9%. For this 

reason, WWTPs were not considered a significant source of MPs as they were 

effectively removed during the primary treatment and no fibres or particles were 

found in the final tertiary effluent. However, this represents a misleading statement 

given that they also found a large proportion of MPs being present in the settled 

sludge, but no consideration was given about the fate of biosolids in the US, where 

60% is applied to land (Carr et al., 2016; Q. Lu et al., 2012; R. Michielssen et al., 2016). 

In the sludge, reported concentrations are orders of magnitude higher than those in 

the final effluent and usually vary between 1,000 and 240,300 MPs Kg-1 of dry weight 

(DW) (Koutnik et al., 2021; Mahon et al., 2017; Q. Xu et al., 2020; Ziajahromi & 

Leusch, 2022). In fact, some studies have shown that >90% of the MPs in wastewater 

ends up in the sludge (Carr et al., 2016; Gies et al., 2018; Long et al., 2019). Only 

recently has research started to focus on investigating MPs in sludge and their fate. 

For instance, Nizzetto et al. (2016) have estimated that farmlands in North America 

and Europe could receive around 44,000 – 300,000 tonnes and 63,000 – 430,000 

tonnes of MPs each year, respectively. The extensive application of sludge to 
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agricultural soils makes it a relevant pathway for the dispersion of MPs in terrestrial 

environments with multi-fold potential impacts on soil ecosystems, crops and 

livestock (Crossman et al., 2020; de Souza Machado et al., 2019; Nizzetto et al., 2016; 

Rillig, 2020; Rillig & Lehmann, 2020). 

 

1.2.3 Removal efficiency: comparison of different technologies 

The following section focuses on the analysis of the diverse typology of secondary 

and tertiary treatments and their efficiencies with regard to MP removal. The most 

common type of secondary treatment is based on suspended-growth and 

represented by the traditional activated sludge (AS) process; alternative technologies 

applied present a similar configuration to AS and include the anaerobic-anoxic-

aerobic reactor (A2O), the sequential batch reactor (SBR), and the oxidation ditches. 

Other treatments are fixed-film technologies such as biological aerated filters (BAFs) 

and biofilters (e.g. trickling filters). The latter consists of a basin filled with media (e.g. 

stones, plastic, wooden slats) where wastewater is sprinkled over, biofilms grow on 

the media, degrading the organic matter (Cheremisinoff, 2019). The technology that 

has been investigated the most with respect to MP research is the conventional AS 

and its alternative configurations. As highlighted previously, the main mechanism 

driving the removal of MPs during the secondary stage is their aggregation and 

absorption to bacterial flocs or films formed in the reactor (Kelly et al., 2021). In 

particular, the interaction of plastic particles with the extracellular polymeric 

substances (EPS) produced by microorganisms promotes their inclusion, thanks to 

the hydrophobicity of the MP surface layers (Collivignarelli et al., 2021; Enfrin et al., 

2019; Summers et al., 2018). According to literature, WWTPs with a traditional AS 
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process generally remove between 80 and 98% of MPs, and between 50 and 80% 

with biofilters (Ali et al., 2021; Cheng et al., 2021; F. Liu et al., 2020; Maw et al., 2022). 

However, percentages for different processes vary greatly from study to study (Bui 

et al., 2020; Edo et al., 2020; Hidayaturrahman & Lee, 2019; Magni et al., 2019). Some 

research has shown for instance high removal efficiency (88 – 98%) with biofilters or 

trickling filters (Dris et al., 2015; Lee & Kim, 2018; R. Michielssen et al., 2016). Of 

interest, Lee and Kim (2018) have compared three treatments (A2O, SBR and a media 

process which uses a filled carrier) and investigated MPs of 106 – 300 µm and >300 

µm in size. They reported that the overall removal was between 98 and 99%, with 

SBR having the highest rate (Lee & Kim, 2018). As for the other AS configurations, the 

SBR appears to be the most efficient (up to 92%) (Ali et al., 2021; X. Liu et al., 2019; 

L. Yang, Li, et al., 2019). With regard to tertiary treatment, there are multiple options 

that could be applied, among which are membrane filtration-related processes. 

These are an emerging technology characterised by high purification efficacy thanks 

to the physical separation properties of the membrane that can have a pore size <0.1 

µm. Although the main drawbacks include elevated costs and high maintenance, they 

are used in a variety of industrial applications (e.g. food, beverage, water, 

wastewater, pharmaceutical) (Judd, 2008). The most popular type is the membrane 

bioreactor (MBR), which is often coupled with suspended growth biological reactors 

(e.g. AS) (Ngo et al., 2019; Sol et al., 2020). Examples of other systems investigated 

in wastewater research are rapid sand filtration (RSF), reverse osmosis (RO), disc 

filter (DF), dissolved air flotation (DAF) and treatments with ozone. Overall, research 

suggests that MBR is the most effective at further reducing MP concentrations in the 

final effluent. It can achieve removal rates between 99.4 and 99.9% (Lares et al., 
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2018; Talvitie, Mikola, Koistinen, et al., 2017) followed by DAF (95%), RO and ozone 

(90%), RSF and DF (45 – 97%) (Hidayaturrahman & Lee, 2019; Lee & Kim, 2018; X. Liu 

et al., 2019; Magni et al., 2019; Murphy et al., 2016; R. Michielssen et al., 2016; Simon 

et al., 2019; Talvitie, Mikola, Koistinen, et al., 2017; K. H. D. Tang & Hadibarata, 2021; 

L. Yang, Li, et al., 2019; Ziajahromi et al., 2017). MP abundance ranges have been 

shown to be between 0 and 51 MPs l-1 and 9 x 10-4 and 447 MPs l-1 in the effluent of 

tertiary and secondary treatments, respectively (Sun et al., 2019). However, some 

studies have reported that advanced treatments (i.e. granular filtration, gravity filter, 

and MBR) did not lead to a further reduction of MP abundance (Carr et al., 2016; 

Leslie et al., 2017; Sutton et al., 2016). Interestingly, one study investigating removal 

efficiencies of an MBR process in terms of both MP mass and MP numbers found a 

highest rate for mass (99.5%) than for numbers (82.1%). This shows that MP numbers 

might be affected by the treatment process probably due to fragmentation into 

smaller pieces (X. Lv et al., 2019). Although increased attention has been given to 

membrane filtration-related processes over the past few years, only a handful of 

studies have investigated this technology. Further research is especially needed to 

better understand the interplay of several factors (e.g. membrane material, pore size, 

source of polluted water, MP size, MP shape, etc.) with the membrane process 

parameters (e.g. biofouling, cake layer formation, removal) (Poerio et al., 2019). 

Advancements in this field require the development of standardised techniques, 

without which it becomes challenging to conclude which technologies are the most 

adequate and efficient at retaining MPs. 
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1.2.4 Methods applied in wastewater and sludge research 

Various studies have identified that MP research suffers from the lack of 

standardised methodologies, from sampling to the characterization of MP particles 

in environmental samples (Costa et al., 2018; Gatidou et al., 2019; Long et al., 2019; 

Lusher et al., 2020; Okoffo et al., 2019; Renner et al., 2018; Silva et al., 2018). The 

analytical procedures currently used to isolate MPs are dependent on the type of 

matrix being studied. However, methodologies for extraction and quantification of 

MPs within the same environmental compartment can vary significantly between 

studies, hampering the comparison of spatial and temporal patterns of MPs 

abundance. Both sampling strategies and equipment can affect the quality and 

quantity of MPs reported (Bretas Alvim et al., 2020; Costa et al., 2018; Hanvey et al., 

2017; Hidalgo-Ruz et al., 2012; P. Kang et al., 2020; Löder & Gerdts, 2015; Miller et 

al., 2017). 

It is important that MP detection methodologies are developed that are simple, 

accurate and efficient, in terms of both time and cost, so that these dynamic and 

highly variable wastewater systems flows can be effectively monitored (Eerkes-

Medrano et al., 2015; Hung et al., 2021; Sun et al., 2019). Difficulties in reaching 

consensus towards a methodological standardisation are hindered by wastewater 

and sludge being complex and organic-rich matrices (Bank, 2022; Koutnik et al., 

2021). 

 

1.2.4.1 Sampling equipment 

Wastewater sampling is usually carried out with autosampler devices, pumps or 

containers followed by sieve filtration, whilst sludge is collected with glass 
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containers, stainless steel buckets or cups (Y. Liu et al., 2022). The main difference 

among the sampling techniques refers to the sample volume collected which is 

higher when automated tools are used (Pico et al., 2019; Sun et al., 2019). For this 

reason, composite samples are generally preferred to grab samples to allow for a 

more accurate estimate of MP abundance and  capture its fluctuations in wastewater 

systems (Gies et al., 2018; Koutnik et al., 2021; Ort et al., 2010). However, although 

collection of smaller sample volumes is associated with increased variability in MP 

concentrations, if smaller-sized particles are targeted (<300 µm) a small sample size 

is deemed to be sufficient (Koelmans et al., 2019). This is because higher particle 

numbers are found as particle size decreases (Bannick et al., 2019; Ben-David et al., 

2021; Cabernard et al., 2018; Koutnik et al., 2021). 

Previous studies have identified that filters and sieves used during or after sample 

collection could lead to a loss of microfibers as they could either be trapped on the 

mesh or pass through when hitting it longitudinally (Covernton et al., 2019; Miller et 

al., 2017; Ziajahromi et al., 2017). For this reason, the calculation of recovery rates is 

crucial in order to be able to establish the validity of the method applied, as discussed 

in the following section. 

 

1.2.4.2 Current microplastic isolation methods 

The different methodologies are hereby presented with a description of a range of 

techniques applied in wastewater and sludge research. The quality of an analytical 

methodology resides in the reliability of each step: from sampling, to organic and 

inorganic matter removal, and quantitative and qualitative MP identification 

techniques. The analytical procedure is a combination of multiple techniques for MP 
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extraction and detection. Existing isolation methods include visual separation, 

digestion treatments for the organic matter degradation and separation by flotation 

for the removal of inorganic material (Miller et al., 2017). As wastewater and sludge 

are matrices with a high organic matter content, clean up represents a major limiting 

step in the extraction process in terms of the time and costs associated with removal. 

Establishing the optimal digestion method for an application requires four factors to 

be considered: (1) the removal efficiency of the technique and digestion time; (2) the 

potential damage to MP particles including spectral changes before and after the 

treatment (if spectroscopic analyses are performed); (3) cost; and finally, (4) the 

recovery rate in spiking experiments. The most common methodologies in 

wastewater research are hydrogen peroxide (H2O2) and especially Fenton’s reagent 

where iron (II) sulphate (FeSO4) acts as a catalyst to oxidise the organic component 

in the presence of H2O2 (Al-Azzawi et al., 2020; Hurley et al., 2018; Lusher et al., 2020; 

Rodrigues et al., 2018; Sun et al., 2019; Tagg et al., 2020). This is also referred to as 

the wet peroxide oxidation (WPO) method that was developed by the National 

Oceanic and Atmospheric Administration Marine Debris Program (Masura, Baker, 

Foster & Arthur, 2015). Other widely used methods to extract MPs from biota, 

sediments and seawater include alkaline (e.g. sodium hydroxide, NaOH; potassium 

hydroxide, KOH), acidic (e.g. hydrochloric acid, HCl; nitric acid, HNO3; perchloric acid, 

HClO4) and enzymatic treatments (e.g. protease-K) (Miller et al., 2017; Z. Wang et al., 

2018; Zarfl, 2019). However, it has been shown that acids and alkalis can degrade 

some plastic polymers such as PES fibres, PA, PE, PVC, PET, poly methyl methacrylate 

(PMMA) and PU (Al-Azzawi et al., 2020; Enders et al., 2017; Herrera et al., 2018; X. Li 

et al., 2020; Munno et al., 2018). 
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In an important study, Hurley et al. (2018) investigated the impact of four reagents 

(H2O2 at 60˚C and 70˚C, Fenton, NaOH and KOH) on organic-rich samples such as soil 

and sludge matrices. They confirmed that NaOH treatment was inappropriate due to 

damaging effects on multiple polymer types. KOH caused less damage to MPs (except 

for polycarbonate), but both KOH and NaOH were found to be unsuitable due to their 

low efficiency at degrading cellulose and chitin, which are common components of 

soil and sludge. As for 30% H2O2, visual changes of the MP polymers were observed 

at both test temperatures (60˚C and 70˚C), whereas no impact was found when 

Fenton’s reagent was used (<40˚C) (Hurley et al., 2018). 

Over 86% digestion efficacy was achieved when using Fenton compared to other 

treatments (<67%). Although higher temperatures would promote degradation of 

organic matter (Sujathan et al., 2017), recent work has argued that temperatures 

above 60˚C cause losses of some plastic polymers. For this reason, a maximum 

temperature of 50˚C represents a safe cut-off to avoid any losses (Bretas Alvim et al., 

2020; Koelmans et al., 2019; Munno et al., 2018; Treilles et al., 2020). Organic 

degradation rates using the WPO method were also greater than the H2O2 treatment 

alone, even at 70 ˚C. This might be explained by Fenton’s reagent requiring a low pH 

(range 2 - 4) to maximise degradation of organic material, allowing a more successful 

degradation than H2O2 treatment alone (Hurley et al., 2018; Treilles et al., 2020; H. 

Zhang et al., 2005). This has also been confirmed by visual comparison of different 

filtered sludge samples after separate treatment with H2O2 and Fenton’s reagent (Al-

Azzawi et al., 2020). 

Other studies have also shown that PE, PP, PET and PES, PVC, PS, PU and PA are 

resistant to WPO, with no change observed to MP size and spectra before and after 
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treatment (Al-Azzawi et al., 2020; Bretas Alvim et al., 2020; Herrera et al., 2018; 

Hurley et al., 2018; Munno et al., 2018; Rodrigues et al., 2018; S. Tagg et al., 2017; 

Treilles et al., 2020). All together these polymers account for 92% of global plastic 

demand (Geyer et al., 2017). 

Enzymatic treatments have been proved to be efficient at purifying organic material 

from wastewater samples. However, these methods have the disadvantage of being 

costly and time-consuming (taking up to two weeks or longer) and are not feasible 

for the processing of large numbers of samples (Lares et al., 2018; Löder et al., 2017; 

Lusher et al., 2020; Mintenig et al., 2017; Simon et al., 2018). This was further 

investigated by Rodrigues et al. (2018) who compared Fenton’s reagent alone and in 

combination with enzymes and concluded that both are equally effective, but WPO 

represented the ideal compromise due to simplicity and time and cost-effectiveness 

of the procedure. 

With regard to density separation techniques, there is a variety of solvents that could 

be applied depending on the desired final density such as sodium chloride (NaCl, 1.2 

g cm-3), sodium iodide (NaI, 1.6 g cm-3) and zinc chloride (ZnCl2, 1.6-1.7 g cm-3) 

(Herrera et al., 2018). In this way, it is possible to separate MPs from inorganic 

material (e.g. sand and soil, which have densities of >1.44 g cm-3 and 2.55 g cm-3, 

respectively). In particular, as most of the MPs have a density between 0.8 and 1.6 g 

cm-3, by applying a ZnCl2 solution, it is possible to recover heavier polymers such as 

PVC and PET (Lo et al., 2018). Indeed, it has been reported that density separation 

with NaI and ZnCl2 solutions can achieve high MP recoveries (>95%), whilst the use 

of lower density solutions could lead to an underestimation of MPs (Imhof et al., 

2012; Nuelle et al., 2014). It is worth noting that for some polymers (e.g. PS, PES/PET, 
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PVC) density can vary as shown in Table 1 (Bretas Alvim et al., 2020; Hanvey et al., 

2017; Herrera et al., 2018; Hidalgo-Ruz et al., 2012; Wagner & Lambert, 2018; L. 

Zhang et al., 2020). 

Table 1. Most common polymers detected in environmental samples and their densities (g cm-3) a 

 

 

Moreover, as MPs present in the environment are subjected to density alteration due 

to biofouling, weathering and biodegradation, it is important to take into account 

these variations when considering separation by flotation (Imhof et al., 2012; Jahnke 

et al., 2017). MP size affects the settling time of the particles as research has shown 

that, according to Stokes’ law, the smaller is the size, the longer it takes for a particle 

to settle. Therefore, this needs to be considered when investigating especially MPs 

<10 µm in order to obtain a high extraction efficacy (Filgueira et al., 2006; Z. Wang et 

al., 2018). Finally, one of the drawbacks of using these chemicals is the potential 

environmental hazard they present, if not disposed of correctly after use, and the 

associated costs (Quinn et al., 2017; Rodrigues et al., 2018; Zarfl, 2019). Another 

relevant aspect in MP research refers to the importance of performing MP recovery 
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experiments to validate the methodology applied, despite the challenges they 

present due to the wide range of polymers present in the environment (Koelmans et 

al., 2019; Simon et al., 2018). As mentioned before, this is due to the fact that the 

tools used for MP collection and isolation (e.g. sieves, filters) could result in a 

potential loss of MPs (Miller et al., 2017; Wolff et al., 2019). In addition, size can also 

influence the recovery process as smaller MPs are more challenging to be extracted 

(Quinn et al., 2017). Studies using Fenton’s reagent that have spiked their samples 

with a known concentration of MPs have obtained relatively high extraction 

efficiencies (Table 2). In wastewater research, spiking experiments have been 

conducted with aqueous samples to avoid background interference or by testing 

manufactured MPs >100 µm (Dyachenko et al., 2017; Hurley et al., 2018; Raju et al., 

2020). Among those studies where the WPO method was applied and recovery 

experiments were performed with wastewater and sludge samples, the smallest sizes 

investigated ranged from 63 to 90 µm (Table 2) (Horton et al., 2020; Long et al., 2019; 

Simon et al., 2018). 
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Table 2. Reported MP in recovery experiments using Fenton’s reagent. Sample type and spiking 
materials are shown along with percentage recovery 

 

 

Finally, research has shown that when WPO is performed in combination with density 

separation using ZnCl2 solution, the combination of both techniques and the order in 

which they are conducted do not impact recoveries (Dyachenko et al., 2017; 

Estahbanati & Fahrenfeld, 2016; Hurley et al., 2018; Lo et al., 2018; Long et al., 2019; 

Lusher et al., 2020). 

 

1.2.4.3 Characterisation techniques 

With respect to MP identification, the analysis can be morphological and physical to 

determine size, colour, shape (e.g. microscopy, scanning electron microscopy) and 

chemical to investigate the polymer composition (e.g. spectroscopy, pyrolysis-gas 

chromatography/mass spectrometry – Pyr-GC/MS). Although visual inspection of 

MPs under an optical microscope remains common in the majority of published 
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studies, without any chemical analysis particles can give error values of up to 70% 

(Hidalgo-Ruz et al., 2012). For this reason, as it is difficult to discriminate between 

MPs and organic or inorganic particulate, microscopy alone is not considered a 

reliable tool for the sub-hundred-micron size range (Shim et al., 2017), and could lead 

to an underestimation or overestimation of MP concentrations (Zada et al., 2018). 

Therefore, the performance of the chemical characterization of MPs is imperative to 

correctly identify and quantify these pollutants in the environment (Ivar do Sul, 2021; 

Renner et al., 2019; W. Wang & Wang, 2018). Several techniques can be applied to 

identify polymer types, with the most widely used being spectroscopy such as Fourier 

Transform Infrared (FT-IR) and Raman (Cabernard et al., 2018; Renner et al., 2019; J.-

L. Xu et al., 2019). These techniques are non-destructive and allow for a relatively 

fast identification of MPs in environmental samples, when used in combination with 

automated chemical imaging processing can provide information on abundance, size 

and polymer type. Moreover, when Raman and FT-IR are coupled with microscopy, 

particles down to a size of 1 µm and 10 – 20 µm can be detected respectively 

(Cabernard et al., 2018; Fortin et al., 2019; Tagg et al., 2015; Veerasingam et al., 2020; 

J.-L. Xu et al., 2019). These two analytical tools present their own advantages and 

disadvantages related to size resolution, measurement time and spectra acquisition 

modes. They therefore are considered complementary techniques and the choice 

mainly resides on the scope of the research (Käppler et al., 2016; Sobhani et al., 2020, 

2020; Vinay Kumar et al., 2021). In contrast to spectroscopic methods, 

thermoanalytical techniques decompose the samples and as a result, no information 

on particle size or numbers is given (Y. Liu et al., 2022). The most common techniques 

applied are Pyr-GC/MS and thermal extraction desorption-GC/MS (TED-GC/MS). 
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Besides the fast measurement time, mass-based MP concentrations can be obtained 

as well as polymer mass, without the need of pre-treatment (Dümichen et al., 2017; 

Elert et al., 2017; Primpke, Fischer, et al., 2020). In addition, they are also used for 

the analysis of plastic additives and rubbers (Jansson et al., 2007; Wampler, 2006; F. 

C.-Y. Wang, 2000). The need to report MP mass alongside the results on MP numbers 

has been recently emphasised by some studies. As opposed to MP numbers, MP 

mass is a consistent measure that is not altered by physical or chemical processes. 

Therefore, its determination is equally important because it can be used for 

modelling purposes and to establish the potential sources and MP loads to the 

environment (Hurley et al., 2018; Primpke, Fischer, et al., 2020; Simon et al., 2018). 

 

1.3 Rationale, objectives and aim of research  

The literature review in the previous sections shows that studies have started to 

explore the extent of the contribution of WWTPs to microplastic pollution in 

terrestrial and aquatic environments. Nevertheless, microplastic research in 

wastewater and sludge is still in its infancy and there are several knowledge gaps that 

need to be addressed. First of all, limited work has been undertaken with regard to 

the investigation of the fate and removal of MPs through the different stages of the 

treatment process, including sludge, at the same treatment plant. In addition, 

literature has confirmed that the majority of MPs tend to accumulate in the sludge; 

however, further work is necessary to target and estimate MPs in the sub-hundred-

micron range as they can be subjected to fragmentation during the treatment 

process and by-pass the final stage. From an ecotoxicological point of view, this is 

crucial because the smaller the size the higher the capacity of MPs to adsorb 
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pollutants on their surfaces, and the higher the likelihood that aquatic biota will be 

exposed to them. Second, there is a lack of research on the impact that seasonal 

variations have on MP concentrations, polymer types and sizes both in wastewater 

and sludge. The understanding of these temporal patterns is of great importance as 

it would allow for better identification of the MP sources behind those fluctuations. 

Third, a few studies have simultaneously carried out comparative research across 

different types of WWTP technologies (i.e. secondary treatments vs tertiary 

treatments). Although it is of high priority to reduce MP emissions at the source 

rather than later on in the dispersion process, gathering more knowledge on the 

efficiency of the different treatments could help promote the adoption of mitigation 

strategies to further reduce the release of MPs into the environment. 

Finally, there is an urgent need to establish a method that is consistent, cost-

effective, time-efficient and reproducible for the extraction of MPs from complex 

environmental matrices like wastewater and sludge. Although there are some 

techniques that are most commonly applied in this field of research compared to 

others, a standardised methodology is missing. This would not only enable 

comparison of data worldwide, but would also allow for robust monitoring tools to 

be generated. To conclude, the short timeframe for sample collection for most 

studies as well as the limited research on the simultaneous investigation of different 

facilities has resulted in scattered and fragmented data. Therefore, systematic 

analyses on the types, sizes and concentrations of MPs entering and exiting the 

facility based on the technology applied, together with seasonal assessments, are 

required to advance our knowledge on MP sources, distribution and fate. 
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With this in mind, the overall aim of this research project is to assess whether WWTPs 

act as a point source and/or a diffuse source of MPs via final effluent and sludge. This 

will be addressed by several objectives: 

1. To optimise a simple, inexpensive and time-efficient method for the organic 

matter removal in wastewater and sludge samples. 

2. To improve the understanding of the transport and fate of MPs through the 

wastewater treatment process. 

3. To compare MP removal from sites that adopt different treatment 

technologies. 

4. To assess if and how seasonality affects MP abundance, sizes and polymer 

types both in wastewater and sludge samples. 

 

Due to time constraints imposed by the pandemic this thesis has primarily focused 

on wastewater and it has conducted a general investigation on sludge. 

In summary, the contribution to knowledge of this thesis is the analysis and 

evaluation of the transport of MPs in different types of wastewater systems and their 

fate in the environment through final effluent and sludge. Another important aspect 

refers to the understanding of the impact of seasonality on MP abundance, sizes and 

polymer types alongside a comparison of different technologies applied for 

treatment. Finally, this thesis provides a tailored and optimised method for the 

removal of the organic matter in wastewater and sludge matrices. 
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1.4 Structure of the thesis 

In the following chapter of this thesis (Materials and Methods), the optimisation of a 

method for MP isolation from sampling to MP characterisation in wastewater and 

sludge samples is presented. This is followed by the analysis and discussion of the 

results for MP transport and removal in wastewater samples from different sites 

(Results and Discussion: microplastics in wastewaters); seasonality is also addressed 

at each site. Subsequently, the fate and abundance of MPs in the sludge is evaluated 

through intra and inter-site analyses with respect to MP sizes and polymer types 

(Results and Discussion: microplastics in sewage sludge). Finally, the findings 

presented in this thesis are summarised by highlighting the contribution to 

knowledge, limitations and suggestions for future research (General Discussion). 
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Materials and Methods 

Published in part as: Cunsolo et al., (2021). “Optimising sample preparation for FTIR-

based microplastic analysis in wastewater and sludge samples: multiple digestions”, 

Analytical and Bioanalytical Chemistry 413, 3789–3799 (2021). 

https://doi.org/10.1007/s00216-021-03331-6 
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2.1 Investigation of microplastic detection with Nile Red 

The potential reliability of a lipophilic fluorescent dye called Nile Red (NiR) for the 

staining and detection of MPs through fluorescence microscopy was investigated at 

the beginning of this research project. This dye was chosen among others for its high 

staining efficacy to plastic and fluorescence intensity (Maes et al., 2017). NiR is 

usually used to stain the lipid fraction of the cells in biological samples; however, it 

has been applied in microplastic research due to its hydrophobic properties (Shim et 

al., 2016). Studies on manufactured MPs have shown that, when using green 

emission fluorescence settings at the fluorescence microscope, NiR binds well to 

strong hydrophobic polymers such as PE, PP, PS, PA. Moreover, EVA and expanded 

polystyrene are also stained, while PC, PU, PET and PVC show a dim fluorescence 

(Erni-Cassola et al., 2017; Primpke, Christiansen, et al., 2020; Shim et al., 2016). The 

first objective was to test NiR on MPs extracted from personal care products and 

synthetic textiles to assess its staining efficacy on the polymer types that are more 

likely to be found in wastewaters and sludge.  Manufactured PE, nylon-12 and PMMA 

were extracted from three personal care products (Figure 9a, Figure 9b, and Figure 

9c, respectively). With respect to synthetic textiles, microfibres were obtained from 

clothes made of PES, ACRY and PA, by cutting them into tiny pieces. Representative 

garments and personal care products were purchased in retail stores in Portsmouth, 

UK, prior to the ban of the production and sale of microbeads by the British 

Government, which came into force in early 2018 (World Leading Microbeads Ban 

Comes into Force - GOV.UK, 2018). 
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Figure 9. The three personal care products (a, b and c) used for MP extraction and detection with Nile 
Red (top). The MPs present in the product (red shading) are shown on their labels (bottom) 

 

The textiles and personal care products were separately dissolved in Milli Q water 

and vacuum-filtered over Nucleopore black polycarbonate membrane filters (25 mm 

diameter; 0.2 µm pore size, Whatman). These filters were chosen due to their 

hydrophilic surface, which prevented NiR background fluorescence and thus 

improved visibility at the fluorescence microscope (Erni-Cassola et al., 2017). NiR 

stock solution was prepared in acetone (1 g l-1) to give a final working concentration 

of 20 mg/L in Milli Q water, which resulted to be the optimum dye concentration to 

ensure good fluorescence signals (Maes et al., 2017). Due to its sensitivity to light and 

oxidation, both stock and working solutions were kept in the dark, at room 

temperature. A solution of 200 μl of NiR was added to each filter, which was wrapped 

in aluminium foil, and let incubate for 15 minutes. The filters were then transferred 

onto a microscope slide and examined under a fluorescence microscope (Olympus 

BH2-RFCA) using a fluorescein isothiocyanate (FITC) filter (467 – 498 and 513 – 556 

nm, excitation and emission wavelengths, respectively), with settings comparable to 
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those used in literature (Erni-Cassola et al., 2017; Maes et al., 2017; Shim et al., 2016). 

Figure 10 shows the fluorescence images of the extracted MPs from personal care 

products. 

 

Figure 10. Images taken under the fluorescence microscope showing fluorescent MPs extracted and 
stained with Nile Red: a. polyethylene (PE) beads, b. close-up of an agglomerate of PE beads, c. nylon-
12 beads, and d. polymethyl methacrylate (PMMA) particles 

 

With regard to the textiles, Figure 11 (a1, b1, c1) shows the images of the microfibres 

that were extracted and stained. Images of unstained samples are also provided for 

comparison (Figure 11 a2, b2, c2). 
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Figure 11. Images taken at the fluorescence microscope showing stained microfibres (on the left) and 
unstained microfibres (on the right): a1/a2. acrylic, b1/b2. polyester and c1/c2. polyamide 

 

Due to the solvatochromic nature of NiR, its emission wavelength varies based on 

the polarity of the solvent used and polymer type targeted (Dutta et al., 1996; Maes 

et al., 2017; Shim et al., 2016; Sturm et al., 2021). This could explain the different 

fluorescence of the beads and microfibres observed under the microscope. 

Furthermore, the preliminary tests performed on the textiles show no difference 

between stained and unstained PES and ACRY fibres, indicating that the dye had not 

been absorbed and an auto-fluorescence was present. As for PA, a fluorescence 

signal from staining was detected. 

At this stage of the research, polymer identification was conducted only on the 

personal care product containing PE beads (Figure 9a). Analysis was carried out via 

micro Fourier Transform Infra-Red (FT-IR) spectroscopy. A Thermo Scientific 

Nicolet 6700 spectrometer coupled with a microscope and equipped with a mercury 
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cadmium telluride nitrogen cooled detector was used. Spectra of suspected particles 

were collected between 4000-650 cm-1 and identified by comparing the acquired IR 

spectra with that of the FT-IR polymer reference library database provided by 

Thermo Fisher Scientific. Particles were confirmed to be made of PE (Figure 12). 

 

Figure 12. FT-IR spectrum of a polyethylene bead extracted from a personal care product 

 

During the early stages of this research, the application of MP fluorescent tagging 

with NiR was still in its infancy and staining experiments in the literature had been 

mainly performed with manufactured MPs. Therefore, initial tests were run to 

investigate the suitability of the NiR methodology on organic-rich matrices such as 

wastewater. For this purpose, secondary effluent samples were collected from a 

WWTP, located in the South of England, featuring a trickling filter (TRI) system (for 

further details, refer to the description of ‘site TRI’ in section 2.3 (Figure 18). After 

sample filtration through a 38 µm sieve, Fenton’s reagent was used to digest organic 

matter, which was followed by density separation with ZnCl2 to remove inorganic 

debris. These techniques have been adopted in this research project as part of the 
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methodology to isolate and detect MPs, which are reported in detail in sections 2.4 

to 2.6. Final effluent samples were then vacuum-filtered over Nucleopore black 

polycarbonate membrane filters, stained with NiR and observed under the 

fluorescence microscope, as described previously. 

 

Figure 13. Images of a final effluent wastewater sample taken at the fluorescence microscope, after 
being processed for organic digestion, density separation and stained with Nile Red 

 

The images of wastewater effluent samples taken under the fluorescence 

microscope still show the presence of some organic matter residues (Figure 13). 

However, fluorescing fibres, beads and fragments were also be observed. Despite the 

implementation of strong digestion methods for the reduction of organic matter, 

studies on environmental samples have highlighted the risk of obtaining false 

positives, due to the NiR co-staining of natural polymers such as cotton (Maes et al., 

2017; Primpke, Christiansen, et al., 2020; Shim et al., 2017). Currently, no method 

ensures the total elimination of this interference, especially in environmental 

samples with high organic matter content, thus a complementary particle-by-particle 
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spectroscopic analysis would have been needed to exclude false positives. Given the 

time-consuming nature of this process and the potential biases in the detection and 

quantification of MPs, the application of this NiR either as a standalone procedure or 

coupled with spectroscopy techniques in wastewater and sludge samples was not 

further investigated. At present, only a few studies have explored NiR staining of MPs 

in environmental samples (Fischer et al., 2016; Hengstmann & Fischer, 2019; Klein & 

Fischer, 2019; Stanton et al., 2019; Wiggin & Holland, 2019). Future work could 

address these issues through a systematic assessment of NiR absorption by the 

different types of organic matter and by validating the suitability of NiR in complex 

and organic-rich matrices. 

 

2.2 Method validation 

2.2.1 Multiple digestions with Fenton’s reagent 

As highlighted in the literature review, there are no standardised methodologies for 

the isolation of MPs from environmental samples. Moreover, it has been discussed 

how Fenton’s reagent has been widely applied in MP research as it is simple, cost-

effective and more time-efficient compared to current alternative methods. 

The first objective of this thesis (section 1.3) was to optimise organic matter 

degradation in wastewater and sludge samples and for this purpose the use of 

Fenton’s reagent was investigated by carrying out multiple digestions. 

A variation of the WPO technique has been initially suggested and presented by 

Dyachenko et al. (2017).They performed sequential digestions with Fenton’s reagent 

and obtained cleaner samples from their experiments, but highlighted the need for 

validation of this technique with samples spiked with MPs. Another recent study 
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reported using a multiple digestion method, but gave no details about the procedure 

and recoveries obtained (Long et al., 2019). 

 

2.2.2 Recovery experiments 

To verify the method’s reliability, recovery experiments (positive controls) with two 

polymer types of MPs were conducted in triplicate with three different types of 

environmental matrices (raw, final effluent and sludge), subjected to one or multiple 

digestion cycles. As the targeted MP size in this project were in the 38 – 100 µm 

range, two sizes of 38 – 50 µm and 100 µm were chosen for testing. PMMA particles 

of 38 – 50 µm in size (Merck Sigma-Aldrich, product no. 463183) and 100 µm PS beads 

(Merck Sigma-Aldrich, product no. 56969) were separately added to two sets of raw 

(500 ml), final effluent (2.5 L) and sludge (5 g, wet weight) samples, processed in 

triplicate. The environmental matrices were collected from ‘site AS’ described in 

detail in section 2.3, a municipal secondary wastewater treatment plant where the 

secondary treatment is an activated sludge process configured for biological nitrogen 

removal. The PS stock solution was prepared by dissolving 100 µl of PS in 100 ml of 

ultrapure water. For the PMMA stock solution, 0.01 g of PMMA was dissolved in 

ultrapure water and filtered through the 38 µm sieve, as PMMA particles smaller 

than 50 µm (down to 15 µm) were observed under the microscope in preliminary 

experiments, which were outside the suppliers specified range. Particles were 

collected from the sieve and dissolved in 100 ml of ultrapure water. The first set of 

raw, final effluent and sludge samples was spiked with 2 ml of PMMA final working 

solution (Figure 14b), while the second set of samples was spiked with 1 ml of PS 

stock solution (Figure 14b). The stock and final working solutions were stirred gently 
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on a magnetic mixer prior to use. At the same time, separate controls for PMMA and 

PS particles were performed to limit the margin of variability. This is because a high 

variation in the numbers of MPs added to each triplicate sample had been observed 

in preliminary tests, due to agglomeration and fragmentation. Controls were carried 

out (as shown in Figure 14a), by vacuum-filtering 2 ml of final working solution and 1 

ml of stock solution respectively over black polycarbonate filters (0.2 µm pore size, 

25 mm, WhatmanTM, NucleporeTM) using a 25 mm Millipore glass filter holder to 

facilitate counting at the microscope. 

 

Figure 14. Depiction of recovery experiments and controls performed with manufactured MPs (image 
created in BioRender.com) 

 

Subsequently, raw, final effluent and sludge samples underwent the digestion and 

the density separation treatments described in sections 2.4 and 2.5, followed by the 

recovery filtration step described above for the controls. For all samples, the filtration 

through the 100 µm sieve was not performed after density separation to avoid the 



77 

retention of the 100 µm beads on the sieve. Final effluent samples received one 

digestion cycle, sludge underwent two cycles and raw samples underwent three 

cycles. Prior to filtration, 40 µl of sodium dodecyl sulphate (SDS; dodecyl sulphate 

sodium salt, 99%, Acros OrganicsTM) solution (4 g/L) was added to the final extract 

solution (50 ml) to prevent agglomeration of virgin MP particles. For both controls 

and samples, the whole surface of each filter was screened, and particles were 

visually counted under the light microscope (Olympus BH2-RFCA; x32 and x100 

magnification for the PS beads and PMMA particles, respectively). Photos of the 

manufactured MPs were taken using a Raman Renishaw spectroscopy system 

(ThinVia Qontor) (Figure 15). 

 

Figure 15. Photos of manufactured MPs used in the recovery experiments and taken at the Raman 
Renishaw (ThinVia Qontor): a. PMMA particles, b. PS beads 

 

Finally, the spectra of manufactured PMMA particles were examined, before and 

after treatment with Fenton’s reagent (Figure 16), using the Raman Renishaw.  
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Figure 16. Spectra of PMMA particles (in red) analysed using the Raman Renishaw before (top) and 
after (bottom) treatment with Fenton’s reagent and their reference spectra (in black) 

 

As confirmed by the literature, no spectral changes were observed due to the 

treatment. Tests could not be performed on PS red beads due to their colour coating, 

which prevented the acquisition of their spectra. 
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2.2.3 Results 

As described in section 2.2.2, recovery experiments were carried out to assess the 

efficiency of a multi-digestion-steps procedure with Fenton’s reagent. Raw, final 

effluent and sludge samples were separately spiked with PS beads (100 µm) and 

PMMA particles (38 – 50 µm), and experiments were performed in triplicates per 

sample type. A mean count of the MPs added in the controls was calculated within 

each set of triplicates. This value was then used to obtain the recovery (%) for each 

replicate based on the count of MPs recovered in the correspondent spiked sample 

according to the following formula: 

(3)  Recovery (%) = (MPs recovered / Mean MPs controls) X 100 

 

The mean recovery by sample type for PMMA and PS beads are shown in Figure 17. 

In particular, with regard to PMMA particles, the mean recovery for raw, final 

effluent and sludge was 78.8 ± 23.2%, 60.9 ± 16.3% and 82.2 ± 9.9% (Appendix II, 

Table S1), respectively. As for the PS beads, it was 106.1 ± 5.5% for raw wastewater, 

84.3 ± 19.4% for final effluent and 67.1 ± 10.3% for sludge (Appendix II, Table S2). As 

the spiked concentration was unknown, a control was carried out for each sample to 

estimate the number of manufactured MPs that were being added. In particular, the 

recovery for the PS beads in the raw samples was over 100%. This is possibly an 

artefact of the inherent variability of the spiking process when adding the 

manufactured MPs. It has been found that the number of MPs recovered in the raw 

samples slightly exceeded the average number counted in the controls (Appendix II, 

Table S1 and Table S2). The results of the spiking experiments show that multiple 
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digestions do not cause loss of MPs. The majority of studies that have conducted 

recovery experiments have tested manufactured particles that were larger than the 

size range of the MPs being investigated. In this experiment, the MP sizes selected 

included the lower and upper limit cut-off of the targeted size range (38 – 100 µm) 

and underwent all the steps of the analysis. 

 

 

Figure 17. Mean recovery (%) by sample type (n=3) of PMMA particles (a) and PS beads (b). Error bars 
are standard errors 
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In order to reduce the inherent variability of preparing controls during the spiking 

process, a mean value of MPs counted in the controls was used. The recoveries 

obtained fall within the 60 – 100% range of recovery efficiency that has been 

reported in the literature (Table 2, section 1.2.4.2). In this study, smaller-sized 

manufactured particles (38 – 50 µm) were tested in real environment samples. It is 

important to note that when performing recovery experiments, the sizes of the 

spiked MPs should be chosen based on the targeted size range investigated, and that 

environmental samples should be used instead of clean aqueous solutions (Table 2, 

section 1.2.4.2). The recovery experiments have shown the validity of this method 

with efficient recovery of the added manufactured MPs. The size of the 

manufactured particles used in the spiking experiments could affect their recovery, 

as smaller particles are more likely to adhere to the vacuum filtration unit funnel due 

to a greater surface charge resulting from their higher surface-to-volume ratio. 

However, the surface characteristics of MPs present for a long time in the 

environment might differ from those of virgin plastic. Furthermore, the surface 

particle properties can also vary based on the polymer type (Filella, 2015). Therefore, 

future work is required to explore the influence of polymer type and size on the 

recovery of manufactured MPs, as well as other factors such as other surfactant 

solutions and their interactions with both pristine and environmentally weathered 

MPs. Previous research has used SDS solution, and this has often been coupled with 

sonication. This may facilitate the recovery of particles (Mintenig et al., 2017; Simon 

et al., 2018), but the brittle nature of MPs means that they could potentially break 

down in an ultrasonic bath. Therefore, the use of more invasive techniques has been 

avoided in this study (Löder et al., 2015; Renner et al., 2018). 
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2.3 Wastewater treatment works and sample collection 

Wastewater and sludge samples were obtained from three anonymised WWTPs in 

the South of England, UK. All three sites have combined sewage systems; therefore, 

they receive municipal and industrial drainage as well as rainwater and road run-off.  

The first site (trickle filter, TRI) (Figure 18), is a secondary treatment plant, which 

serves a population of approximately 19,350. The average flow is between 3,500 and 

3,900 m3 d-1 with a maximum flow of 11,405 m3 d-1. The WWTP includes a 6 mm 

screen, a primary settlement tank, a stone trickling filter (blast furnace slag media) 

and a humus tank for the final settlement before wastewater is discharged into a 

tributary. The primary and secondary sludge are mixed before undergoing further 

treatment. 

 

Figure 18. Wastewater treatment flow diagram of site TRI. The numbers (1 to 5) indicate sample 
collection 

 

The second site (membrane biological reactor, MBR) (Figure 19), is a state-of-the-art 

facility with MBR that discharges into a nitrogen-sensitive watercourse. It serves a 

population equivalent (p.e.) of approximately 70,000 and treats around 37,000 m3 d-

1 of wastewater. The MBR is characterised by an ultrafiltration system where the 

membrane fibres have an average pore size of 0.03 µm; therefore, bacteria and 

viruses are retained. Since this stage acts as a disinfection treatment, this site is 
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considered a tertiary treatment plant. The first steps comprise a 6 mm inlet screens, 

a combined grit and fats, oils and grease (FOG) removal tanks and a primary 

sedimentation lamella process, after which the sewage is filtered through ultrafine 

screens (1.5 mm). This step is followed by an activated sludge process, where 

nitrogen is biologically removed in anoxic and aeration lanes. Finally, the membrane 

filtration system made of reinforced polyvinylidene difluoride hollow fibres, 

separates the activated sludge mixed liquor from the final effluent, which is 

discharged into a nitrogen sensitive watercourse. Primary and secondary sludge are 

mixed on site before undergoing centrifugation for cake production and further 

treatment. 

 

Figure 19. Wastewater treatment flow diagram of site MBR. The numbers (1 to 5) indicate sample 
collection 

 

The third site (activated sludge, AS) (Figure 20), is a municipal secondary WWTP that 

discharges into a nitrogen-sensitive watercourse and treats wastewater from two 

different catchments (Raw1 and Raw2). It serves a total p.e. of approximately 

410,000 and treats almost 109,000 m3 d-1 of wastewater during normal weather 

conditions and up to 200,000 m3 d-1 during storming. The two inlet flows are treated 

separately and merge only before the secondary treatment; thus, they pass through 
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different 6 mm screens. After this step, only Raw1 undergoes primary sedimentation, 

due to the primary treatment for Raw2 not being in operation. This is instead 

directed to the secondary treatment in an AS process configured for biological 

nitrogen removal, with aerobic and anaerobic zones to promote nitrification and 

subsequent denitrification. The AS mixed liquor is then passed through a final 

sedimentation tank before the final effluent is discharged. The primary and 

secondary sludge are mixed before anaerobic digestion, pH amendment and disposal 

to land. 

 

Figure 20. Wastewater treatment flow diagram of site AS. The numbers (1 to 5) indicate sample 
collection 

 

Sample collection was carried out from July 2019 until March 2020, at five stages of 

the treatment. Graphic images illustrating a treatment flow diagram for each of the 

three sites and their corresponding sample locations are presented in Figure 18, 

Figure 19 and Figure 20 and described as follows. With regard to site TRI and MBR 

(Figure 18 and Figure 19), samples were collected: (1) after the 6 mm screens; (2) 

after primary treatment; (3) after secondary treatment; (4) at the final effluent; and 

(5) for sewage sludge (mix of primary and secondary). With regard to site AS (Figure 

19), samples were collected: (1) after the 6 mm screens for Raw2 and before the 6 

mm screens for Raw1 (due to inaccessibility issues); (2) after primary treatment only 
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for Raw1; (3) after secondary treatment; (4) at the final effluent; and (5) for sewage 

sludge (mix of primary and secondary). 

Samples were collected over three consecutive seasons: in Summer 2019 (June to 

September), Autumn 2019 (October to December) and Winter 2020 (January to 

March). Within each season and site, three samples were taken in different days and 

treated as seasonal replicates. Collection was always carried out between 9:00 and 

9:30 am. During the sampling campaign, a total of 138 samples were collected, 129 

of which were analysed and included 34 influent samples, 20 after primary treatment 

samples, 23 after secondary treatment samples, 26 final effluent samples and 26 

sludge samples (Table 3). Some samples were not analysed due to time constraints 

imposed by the Covid-19 pandemic. In the same way, some samples were not 

collected due to site inaccessibility imposed by the pandemic (Table 3). 
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Table 3. Overview of sample collection in the three WWTPs. Different colours shading indicates 
samples that have not been analysed or collected due to time constraints imposed by the pandemic. 
(R= raw, R1 and R2= raw1 and raw2 in site AS, P= primary, S= secondary, F.E.= final effluent, SL= sludge) 

 
 

Furthermore, 9 procedural blanks and 6 field blanks were taken to monitor 

contamination (as described in section 2.7). Volumes (wastewater samples) and 

weights (sludge samples) varied based on site and stage of the treatment and are 

reported in Table 4 together with the date of collection. 

 

Site TRI Site MBR Site AS Site TRI Site MBR Site AS Site TRI Site MBR Site AS

R1 R1 R1

R2 R2 R2

R1 R1 R1

R2 R2 R2

R1 R1 -

R2 R2 -

R RRaw

Primary

Secondary

Final Effluent F.E.

SL SL SL

Pb

Sludge

P P P

S S Sa

F.E. F.E.

R R

P P Pb

R R

P P

SS S S S S

F.E. F.E. F.E.

SL SL SLSL SL SL

F.E. F.E. F.E.

AUTUMN 2

R R

P P P

SS S S

AUTUMN 1

R R

P P Pb

S S

F.E. F.E. F.E.

SL SL SLSL SL SL

F.E. F.E. F.E.

S S S

F.E. F.E. F.E.

AUTUMN 3

R R

P P Pb

SL SL SL

WINTER 1

R R

WINTER 2

R R

WINTER 3c

F.E. F.E. F.E.

SL SL SL

P P Pb

S S S

F.E. F.E. F.E.

SL SL SL

P P Pb

S Sb S

SL -

R R

P P -

S Sb -

SUMMER 1 SUMMER 2 SUMMER 3

cCollection was not carried out for site AS because of site inaccessibility due to Covid-19 pandemic

aSample not analysed due to high particulate content on the filter

bSample not analysed due to time constraints imposed by the Covid-19 pandemic

Raw

Primary

Secondary

Final Effluent

Sludge

Raw

Primary

Secondary

Final Effluent

Sludge

F.E. F.E. -

SL
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Table 4. Sample volumes and weights collected by site and sample type. Dates of collection are also 
shown by season and site 

 

 

Compared to other MP studies in wastewater research, smaller sample volumes were 

collected as it was intended to investigate MPs within the 38 – 100 µm size range 

(Bannick et al., 2019; Covernton et al., 2019; Koelmans et al., 2019). These volumes 

were appropriate to target the 38 – 100 µm MP size range and avoid excessive 

numbers of MPs being retained on the filters, which would have hampered the 

identification and characterisation of the small particles in the final step of the 

extraction process (see section 2.5). This was informed by preliminary tests 

(Appendix II, Table S3), which had shown high concentration of MPs. 

Grab samples for wastewater and sludge were collected by using an angular beaker 

(BuerkleTM; made of polypropylene), which was cleaned using a 2% DeconTM 
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detergent solution (Decon 90; Fisher Scientific) and rinsed with ultrapure water 

before and after use. On the day of collection, wastewater samples were transported 

to the laboratory in plastic storage containers (made of HDPE, with a PP lid) and 

sludge samples in glass bottles, where samples were filtered through 38 µm stainless 

steel sieves (Endecotts Ltd, London, UK) (Figure 23). All containers and bottles were 

previously rinsed three times with ultrapure water. In addition, at site AS, raw sewage 

samples from catchment Raw1 underwent filtration through a 6 mm sieve (Practicool 

stainless steel), given that they were collected before the screens (Figure 20); the 

fraction larger than 6 mm was discarded. The material retained on the 38 µm sieves 

was rinsed three times with ultrapure water (Milli-Q Direct 8 Water Purification 

System; Merck Millipore) and stored in the freezer at -18˚C until further analysis. The 

sludge samples were immediately weighed and stored in the freezer. All samples and 

procedural blanks (as described in section 2.7) were stored in plastic jars previously 

cleaned and rinsed thoroughly three times with ultrapure water. Subsequently, the 

samples were defrosted at room temperature and poured into glass beakers, which 

were loosely covered with foil and transferred into an oven set at 50˚C to remove the 

excess water, until ca. 25 – 50 ml of sample was left in the beaker. 

 

2.4 Organic matter removal 

The first step of analysis was the removal of the organic matter with Fenton’s 

reagent, which was performed under a fume hood. As mentioned above, samples 

were not completely dried but kept damp as this facilitated the digestion reaction. 

Samples were all treated in the same way (except for the number of digestion cycles 

carried out). All reagents were freshly prepared each time and filtered (except for 
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H2O2) prior to analysis to reduce contamination. With regard to FeSO4, 100 ml of 

0.05M solution (iron II sulphate heptahydrate, ACS reagent, >99%; Sigma-Aldrich)  

(Lares et al., 2018) was prepared and poured into the glass beaker, followed by the 

addition of 100 ml of 30% H2O2 (hydrogen peroxide 30% w/v, 100 volumes, Extra Pure 

SLR, Fisher Chemical; Fisher Scientific) (Figure 23). FeSO4 was pre-filtered using 

cellulose nitrate membrane filters (SartoriousTM cellulose nitrate membrane Filters, 

47 mm, and 0.45 µm pore size). Temperature, pH and H2O2/FeSO4 ratio are important 

factors that play a key role in catalytic oxidation. As this combination generates an 

exothermic reaction, temperature was kept below 50˚C using an ice bath to preserve 

the MP polymers. A 1M sodium hydroxide solution (sodium hydroxide, Extra Pure, 

SLR, pellets, Fisher Chemical; Fisher Scientific), pre-filtered using a 

polytetrafluoroethylene membrane filter (0.2 µm pore size), was used to maintain 

pH between 3 and 4, to prevent the reduction of soluble iron species reacting with 

H2O2 (Simon et al., 2018; H. Zhang et al., 2005). To avoid overflow of the high volumes 

of H2O2 and FeSO4, 600 ml glass beakers were used to treat raw and sludge sewage 

samples, while 400 ml glass beakers were used for the other sample types. During 

the digestion, samples were loosely covered with foil. The total reaction time, 

measured by the presence of visible bubbles in the samples, ranged from half an hour 

up to 2 hours, after which only small bubbles were present. The samples were then 

left to cool overnight covered with foil. In order to dissolve the excess of ferric 

precipitates present in the mixture, ca. 10 ml of sulphuric acid was slowly added with 

a glass pipette to each sample (ca. 250 ml). The solution was gently stirred with the 

same pipette for a few seconds prior to filtration through a 38 µm sieve to rinse off 

the reagents. The materials retained on the mesh of the sieve were transferred into 
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a beaker after being rinsed three times with ultrapure water. Hexane treatment, as 

suggested by Dyachenko et al. (2017), was not used as it could have affected 

polystyrene and polycarbonate particles (Gies et al., 2018). All samples underwent 

one or two digestion cycles except for raw and sewage sludge samples, which 

underwent three cycles, due to the visible organic matter present in solution after 

implementing the first two digestions (Figure 21). In each cycle, 100 ml of FeSO4 and 

100 ml of H2O2 were added once again to the beakers, and the procedure was 

repeated. 

 

Figure 21. Progression of photos of a raw sample prior to treatment (a), and after first (b), second (c) 
and third (d) digestion cycle with Fenton’s reagent 

 

 

2.5 Density separation and filtration 

Density separation was performed using ZnCl2 solution (98+%, extra pure, ACROS 

OrganicsTM) with a density of 1.7 g cm-3 to remove inorganic debris and allow 

extraction of the heavier polymers, such as PET and PVC (Table 1) (Lo et al., 2018). 

ZnCl2 solution was freshly prepared each time and filtered before use over 0.7 µm 

glass microfiber filters (FisherbrandTM Microglass Fiber Filter Discs, 47 mm; Fisher 

Scientific). At the end of the last digestion cycle and after filtration through a 38 µm 

sieve, samples were rinsed three times with ZnCl2 instead of ultrapure water, to 
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prevent a change in density. Samples were first poured into small beakers and then 

into 100 ml glass separation funnels previously rinsed three times with ZnCl2, kept 

closed with lids and left to settle for a minimum of 15 h (Figure 23), after which two 

thirds of the solution was drained out through the valve (A. C. Johnson et al., 2020). 

The remaining solution was poured into a sieve stack with a 100 µm sieve on top and 

a 38 µm sieve below to discard the fraction larger than 100 µm (Figure 23). The 

separation funnels were rinsed three times with ultrapure water to ensure all 

particles were transferred from the funnel to the sieves. Finally, the samples 

collected on the 38 µm sieve were rinsed with copious amounts of ultrapure water 

to wash the ZnCl2 off and poured into small glass beakers. However, residues of ZnCl2 

were still present in solution. To avoid any interference with the spectral acquisition, 

two drops of HCl acid were added with a glass pipette to the sample to dissolve the 

residual salts. 

Given the high number of particles and the presence of some residual non-plastic 

matter (especially in raw and sludge samples), subsampling was required to avoid 

particles overloading and overlapping on the filter (Horton et al., 2020). Subsampling 

corresponded with 0.19 to 30.67 % of the original sample. In particular, the weight 

of small glass beakers was recorded, by using a balance (Sartorius LA 230S) with a 0.1 

mg accuracy, before and after subsampling. Immediately after, the samples (or 

subsamples) were vacuum-filtered using a 13 mm glass filter holder (Cole-Palmer 

Advantec 311100 All-Glass Microanalysis filter holder, 13 mm; item #WZ-06644-84) 

fitted with a 25 mm silver membrane filter (Sterlitech, 5 µm pore size) (Figure 22 and 

Figure 23) for the subsequent FT-IR analysis. 
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Figure 22. Glass filter system used to filter the samples over silver filters 

 

After filtration, the silver filters were dried overnight (>15 h) in an oven at 50˚C and 

then stored in small petri dishes in the dark. A schematic summarising the main steps 

of the method is shown below (Figure 23). 

 

Figure 23. Schematic of the main steps of the method applied (adapted from Ben-David et al. 2021) 
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2.6 Spectroscopic analysis: µFT-IR 

Once MPs had been extracted through digestion and density separation, the 

subsequent analysis steps were performed at the Experimental Techniques Centre, 

Brunel University London (Uxbridge, London). The spectroscopic analysis was carried 

out using a PerkinElmer Spectrum One FT-IR spectrometer with a Spotlight Imaging 

FT-IR microscope (Figure 24), in reflectance mode using a liquid nitrogen-cooled and 

mercury cadmium telluride linear array detector, covering the IR spectral range from 

4000 to 700 cm-1. 

 

Figure 24. PerkinElmer Spectrum One FT-IR spectrometer coupled with a Spotlight Imaging FT-IR 
microscope used for MP detection and characterisation in wastewater and sludge samples 

 

In this project, micro FT-IR (µFT-IR) was chosen for MP characterization as the 

targeted size range was between 38 and 100 µm. An aperture size of 25 µm x 25 µm 

was used, meaning that the pixel resolution was 25 µm, representing a good 

compromise between mapping time and signal-to-noise quality of the spectra. The 

spectral resolution was 8 cm-1, using two scans per pixel. This study used 38 µm as 

lower size cut-off to give good detection at the 25 µm resolution. To make sure 
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particles were in the laser focus in order to obtain a good quality of the spectra, a 

metal ring was used to flatten the filter surface and which was kept in place by using 

foldback bulldog clips (Käppler et al., 2016). First, a background spectrum collection 

was carried out in reflectance mode on a clean area of the silver filter (outside the 

filtration area); this is where the focus of the objective was set. A background 

collection was taken prior to the µFTIR analysis and for each sample and blank; the 

settings used were the same as for the samples, except for the number of scans per 

pixel (90 scans/pixel). After adjusting the focus of the objective to the centre of the 

surface of the silver filter, an optical image of an area of ca. 13 mm x 13 mm was 

generated (Figure 25a). Because of the size limit of the spectrum image file created 

by the µFT-IR imaging system, a filter surface area of maximum 11.6 mm x 11.6 mm 

was mapped, which was equal to 95% of the whole filter area being scanned (F. Liu 

et al., 2019; Primpke et al., 2018; Primpke, Cross, et al., 2020). Based on the 

particulate content of the filter, the scanned area ranged between 69% and 95%. This 

range was considered sufficient to reliably estimate MP concentrations and polymer 

types present in the samples (Mintenig et al., 2020). In particular, an area equal to 

69% was mapped for the majority of the samples, as they had a visible presence of 

material on the filter. For those samples with a low particle content on the filter (i.e. 

the secondary treatment and final effluent samples of site MBR, and the procedural 

and field blanks), it was decided to map a higher area (between 84 and 95%). The 

analysis of one sample on the µFT-IR usually took between two and three hours. Once 

the spectra of the particles were acquired, they were analysed through siMPle 

software to obtain information about MP numbers, polymer types and sizes 

(Primpke, Cross, et al., 2020). siMPle software, freely available for download 
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(https://simple-plastics.eu/), has been developed by Aalborg University (Denmark) 

together with Alfred Wegener Institute (Germany). It allows for the rapid detection 

of MPs in environmental samples by comparing the infrared spectra generated by 

the µFT-IR against the spectra of a reference database for automated analysis. Figure 

25 shows the optical image of a raw sample created by the µFT-IR (Figure 25a), a map 

of the pixels representing the MPs that have been identified and obtained in siMPle 

(Figure 25b), an IR heat map (Figure 25c), and the spectrum of a particle identified as 

polypropylene (in orange) and compared to a spectral reference database (in blue) 

(Figure 25d). 

https://simple-plastics.eu/
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Figure 25. a. Optical image of a raw sample, b. spectra map of the MPs identified, c. IR heat map, d. 
spectrum of a polypropylene particle (in orange) and its reference spectrum (in blue) 

 

siMPle software version 1.3.1 ß (received from the developers) was used, where two 

different analysis pipelines (namely, AAU and APA) are now integrated. They differ in 

the way MP particles are identified. The AAU pipeline is based on a ‘particle build-up’ 

mechanism with a score threshold system (Horton et al., 2020; F. Liu et al., 2019; 

Vianello et al., 2019): a pixel of a particle with the most highly correlated spectrum is 

found and then the pixels around it are searched by lowering the threshold. The AAU 
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pipeline was initially used in our published work on a method optimised for the 

analysis of wastewater and sludge samples (Cunsolo et al., 2021) (Appendix I). 

However, a second pipeline (APA) (Primpke et al., 2017, 2018) was later added to the 

software. APA runs the analysis on a pixel hole closing mechanism, according to 

which the assignment happens only if there is a match. Afterwards, the data are 

processed by image analysis and ‘holes’ in the particles removed (Primpke et al., 

2018).  For the analysis of our dataset, it was decided to choose the APA pipeline due 

to higher sensitivity toward small-sized particles. Moreover, in collaboration with 

Alfred Wegener Institute (Germany), this analysis was combined with a reference 

database that has been applied in a harmonised manner in several studies 

(Cabernard et al., 2018; Haave et al., 2019; Lorenz et al., 2019; Mani et al., 2019; 

Mintenig et al., 2020; Peeken et al., 2018; Tekman et al., 2020). In particular, an 

updated reference database presented by Roscher et al. (2022) was used, which has 

been adapted for polymer recognition in wastewater systems. They found that 

spectra belonging to polyacrylamide-based flocculants and plant cuticles, which can 

be present in wastewater samples, could be incorrectly assigned to the acrylates-

polyurethanes-varnish (A-P-V) polymer cluster of the reference database due to 

spectral similarities. Therefore, those two spectra were included in the database with 

the aim of reducing the presence of false positives (Roscher et al., 2022). After 

applying this wastewater database to our FT-IR collected spectra, a set of samples 

(wastewater and sludge) was investigated and each polymer type was checked for 

mis-assignments, for quality control purposes. Following this manual validation, an 

IR signal was found to interfere with the spectra of polyethylene chlorinated (PE-ch), 

and cause an overestimation of the number of PE-ch particles present in the samples. 
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Figure 26 shows the spectra of a potential good assignment and a potential false 

assignment for PE-ch. 

 

Figure 26. Spectra representing a. a potential good assignment for a PE-ch particle (in orange) and b. 
a potential false assignment for a PE-ch particle (in orange) 

 

The spectrum of a potential good assignment for PE-ch (Figure 26a) had peaks at 

around 2800-2900 and 1450 cm-1, while the false potential assignment spectrum 

(Figure 26b) also had two peaks or a broad peak at around 1650 cm-1. This 

interference material, which has a spectral fingerprint similar to that of PE-ch, has 

been identified as stearic acid (or acid octadecanoic, IUPAC name) (Figure 27, blue 

spectrum). 
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Figure 27. Spectrum of the acid octadecanoic (in blue) and the spectrum of a precipitate (in red) 
probably formed following a reaction with other organic material in the sample, as shown by the 
presence of additional peaks (1250-900 and 3800-3500 cm-1) 

 

Stearates are saturated fatty acids, whose derivatives are used in the production of 

cosmetics, detergents and soaps (D. H. Johnson, 1978; Liebert, 1987); therefore, they 

are present in wastewater and sludge and their residues have also been detected in 

other wastewater studies (Bayo et al., 2020; Ziajahromi et al., 2017). During the 

digestion treatments with Fenton’s reagent, it is likely that stearates have reacted 

with other organic matter (additional peaks between 1250 – 900 cm-1 and 3800 – 

3500 cm-1), causing the formation of precipitates (Figure 27, red spectrum) that can 

sometime be observed in solution, as mentioned in section 2.5. Due to time 

limitations, it was not possible to analyse all of the samples on siMPle software with 

an updated reference database that would include the stearate material. After 

removing the PE-ch polymer from the dataset, a reduction in the total number of 

MPs between 15 and 61% was found for wastewater samples (depending on the 
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stage of the treatment considered), and between 35 and 75% for sludge samples. 

Therefore, given the large margin of error that the overestimation would bring, it was 

decided not to include the PE-ch polymer at this stage. 

 

2.7 Blanks and contamination 

Careful attention was paid to prevent airborne contamination in the field and the 

laboratory. Plastic containers and glass bottles for wastewater and sludge collection 

were covered with lids at all times on site, except for when collection was carried 

out. Field blanks (n=6) were taken in triplicate in order to monitor the potential 

extent of contamination on site by using ultrapure water in glass bottles: the lids 

were removed during sample collection only. In the lab, all surfaces were wiped down 

with a high-level disinfectant (Chemgene HLD4L) prior to the experiments. All 

treatments were run under a fume hood, except for the initial filtration step through 

the sieves before sample storage. Lab coats made of 100% cotton were worn at all 

times. To mitigate airborne contamination, samples, glassware and equipment were 

always covered with aluminium foil both in and out of the fume hood, except for 

when the reagents were poured into the beakers. Although the use of materials 

made of plastic was minimised, it could not be completely avoided. All glassware and 

equipment (e.g. stainless-steel sieves and filter rigs) were cleaned using a 2% 

DeconTM detergent solution (Decon 90; Fisher Scientific) before and after use to 

prevent cross-contamination among samples. Glassware and equipment were then 

rinsed thoroughly with reverse osmosis water and then rinsed three times with 

ultrapure water prior to use. Procedural blanks (n=9) were taken in triplicate at each 

season, by using ultrapure water and underwent two digestion cycles and the same 
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treatment to which the samples were subjected, covering all the steps from sample 

preparation to filtration in order to assess contamination from plastic containers and 

air deposition. The blanks were all vacuum-filtered using a 13 mm glass filter holder 

unit (Cole-Palmer Advantec 311100 All-Glass Microanalysis filter holder, 13 mm; item 

#WZ-06644-84) over 25 mm silver membrane filters (Sterlitech, 5 µm pore size). Both 

field and procedural blanks were analysed via µFT-IR, and the acquired infrared 

spectra were run through siMPle software using the same settings reported in 

section 2.6. 

Recently, Koelmans et al. (2019) have published a list of criteria for the assessment 

of the quality of a methodology applied in microplastic water research, where a 

quantitative approach based on a scoring system has been used. These criteria have 

been set for the different aspects of sample processing (e.g. sampling methodology, 

sample size, mitigation of the contamination in the laboratory, chemical analysis), by 

assigning to each of them a score from 0 (unreliable) to 2 (reliable) on the basis of 

their fulfilment. The total maximum score is equal to 18 points, and based on the 

proposed criteria this work would score 17 compared to an average scoring in 

wastewater studies of 7.3 (Koelmans et al., 2019; Mintenig et al., 2020). 

 

2.8 Water quality analysis 

Analysis of water quality was performed alongside sample processing. Aliquots were 

taken from wastewater samples and analysed on the day of collection for the 

biochemical oxygen demand (BOD), chemical oxygen demand (COD), total 

suspended solids (TSS) and ammonia (NH4
+). BOD is a measure of the oxygen uptake 

by microorganisms in water or wastewater at 20°C. For the determination of BOD, 
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the European Standard EN 1899-1:1998 method was followed. Samples were 

appropriately diluted with a stock solution saturated with oxygen, which was 

previously prepared: appropriate volumes of ferric chloride, calcium chloride, 

magnesium sulphate, phosphate buffer and allyl thiourea reagent solutions were 

added to distilled water to make up the nutrient water. Dissolved oxygen (DO) was 

measured prior to incubation in the dark at 20°C for 5 days, after which DO was 

measured again. The loss of DO was then calculated. With regard to COD, mercury-

free Palintest COD vials were used in three ranges (150, 400 and 2000 mg/l) based 

on the sample type analysed. COD is a measure of the amount of oxygen required to 

chemically oxidise organic and inorganic materials. Samples were added to the vials 

and after allowing for digestion at 150°C in a COD reactor, they were cooled (5220 

CHEMICAL OXYGEN DEMAND (COD) - Standard Methods For the Examination of 

Water and Wastewater, 2018). Readings were taken using the Photometer 7500 

from Palintest. SS provides a measure of the dry weight of the solid materials 

suspended in the samples. Glass microfiber filters (FisherbrandTM Microglass Fiber 

Filter Discs, 47 mm; Fisher Scientific) were first dried for 2h in an oven at 150°C and 

weighed; afterwards, a specific sample volume was filtered through and the filters 

dried again in the oven. The difference between the two weights was therefore 

calculated (2540 Solids, Standard Methods for the Examination of Water and 

Wastewater, 22nd). Finally, tests to measure the levels of Ammonium (NH4
+) present 

were performed using the Palintest kit. The filtrates obtained from the SS analysis 

were used for this purpose and diluted, where necessary. Readings were taken at the 

Photometer 7500 from Palintest. 
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2.9 Statistical analysis 

To ascertain whether MP concentrations in wastewaters and sludge, MP sizes and 

flow rates in the three WWTPs were normally distributed, Anderson-Darling 

normality tests were conducted and performed in Minitab 20. The results showed 

that the data distributions were significantly different from normality, even when 

they were log transformed (Figures Figure S1Figure S5, Appendix III). Therefore, non-

parametric Mann-Whitney U or Kruskal-Wallis tests were used to compare mean MP 

concentrations between two or more groups, respectively (α = 0.05). Where 

significant differences were found, post-hoc pairwise comparisons were performed 

and the p-values adjusted using the Bonferroni correction. These tests were all 

carried out on IBM SPSS Statistics 28. Furthermore, Spearman’s rank-order 

correlation analyses for non-parametric data were performed to assess trends 

between MP concentrations and sizes with flow rate and between MP 

concentrations and the water quality parameters. Since the data were not normally 

distributed, correlation analyses were used only as a tool to identify patterns through 

this exploratory approach; they were all carried out on Minitab 20. 
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Results and Discussion: microplastics 

in wastewaters 
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This chapter presents the results for MPs in wastewater samples. In section 3.1 the 

results of the procedural and field blanks are presented; this is followed by a 

comparison (section 3.2) of MP transport with respect to abundance, sizes and 

polymer types at each and between sites. In section 3.3, the results for seasonality 

and removal efficiency are discussed. Then, the results of the water quality analysis 

are examined in section 3.4. Finally, a summary of the results is presented in section 

3.5. 

 

3.1 Procedural and field blanks 

Field blanks (n= 6) were taken to monitor the potential extent of contamination on 

site by using ultrapure water in glass bottles. Procedural blanks (n=9) were taken by 

using ultrapure water and underwent the same treatment to which the samples were 

subjected (from sample preparation to filtration). 

Despite taking precautions to prevent contamination, MPs were present in all 

procedural (6.3 – 90.2 MPs l-1) and field (1.6 – 34.8 MPs l-1) blanks and this highlights 

the importance of collecting blanks when sampling and processing samples for MP 

detection. Similarly, this has happened in other studies where even higher numbers 

(average) of MPs were recorded in the procedural blanks; in particular, 81.2 MPs l-1 

(Horton et al., 2020) and 151 MPs l-1 (Mintenig et al., 2017). In this thesis, all the 

results presented with box plots display the interquartile range boxes (with upper 

and lower quartiles, and the median) and represent the middle 50% of the data. The 

whiskers extend to the maximum and minimum data points and outliers are denoted 

with a star. 



106 

 

Figure 28. Boxplots of MP concentrations (MPs l-1) in procedural blanks (a) and field blanks (b) 

 

One of the procedural blanks had a concentration of MPs unusually high compared 

to others (90.2 MPs l-1) and was shown as an outlier (Figure 28a). For this reason, it 

was decided not to include it in the calculation of the mean of MP counts in the 

procedural blanks. It was found that the mean of MP counts in the field blanks (n=6) 

(20.45 ±12.19 MPs l-1) was slightly higher than that of the procedural blanks (n=8) 

(16.51 ±9.83 MPs l-1). There are no standardised methods to adjust the results based 

on the blanks (Brander et al., 2020). Currently, the number of MPs found in blanks 

has rarely been deducted from the total numbers detected. In addition, in those few 

studies where blank-correction was applied, different approaches and methods were 

considered, with the most common being the calculation of the limit of detection 

(LOD) (Bråte et al., 2018; Horton et al., 2020; Mintenig et al., 2020). For these 

reasons, it was decided not to blank-correct the results, but to calculate the LOD and 

include it as a reference line in the graphs where MP abundance is presented. The 

LOD was determined from the MP concentrations in the procedural blanks, according 

to the following formula (Brander et al., 2020; Şengül, 2016): 

(1) LOD = mean of the blanks + (3*standard deviation of the blanks) 
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For this purpose, only procedural blanks were used because they underwent all the 

steps of the sample processing procedure (Brander et al., 2020). The LOD was found 

to be equal to 45.9 MPs l-1. 

 

3.2 Comparison of microplastic transport in different wastewater 

treatments 

The second and third objectives of the project were to improve the understanding of 

MP transport through the wastewater treatment process within each site and 

between the different sites investigated. This section presents a comparative analysis 

of MP concentrations, sizes and polymers between sites TRI, MBR and AS. The results 

include all of the samples collected from July 2019 until March 2020. 

 

3.2.1 Microplastic abundance 

The results showed that MP abundance decreased from raw to final effluent (Figure 

29 to Figure 31) especially at site MBR (Figure 30), where the presence of the 

membrane drastically reduced the numbers of MPs present in secondary and final 

effluent samples (medians: from 1,230.3 MPs l-1 in raw to 17.3 MPs l-1 in final 

effluent). At MBR, MP concentrations in all of the final effluent samples and the 

majority of secondary samples were found to be <LOD; this will be discussed in detail 

later in this section. MP concentrations for site TRI, where a trickling filter was 

present, were significantly higher in raw than in final effluent (test statistic= -19.778, 

p= <0.001, n= 18) and in secondary effluent than in final effluent (test statistic= -

14.667, p= 0.019, n= 18) (Figure 29). 
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Figure 29. Boxplots of MP concentrations (MPs l-1) through different stages at site TRI. The red dashed 
line indicates the LOD 

 

At site MBR, significantly higher MP counts were found in raw than in secondary (test 

statistic= 16.516, p= 0.006, n= 16) and final effluent (test statistic= -17.278, p= 0.001, 

n= 18). Significantly higher MP numbers were also found in primary than in secondary 

(test statistic= 16.627, p= 0.006, n= 16) and final effluent (test statistic= -17.389, p= 

0.001, n= 18) (Figure 30). 
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Figure 30. Boxplots of MP concentrations (MPs l-1) through different stages at site MBR. The red dashed 
line indicates the LOD 

 

Finally, MP abundance was shown to be significant at site AS (featuring an activated 

sludge process) between stages (p= <0.001), but once the p-values were adjusted by 

the Bonferroni correction for multiple tests, differences were not significant (raw and 

final effluent: p= 0.107; raw and secondary: p= 0.111) except between secondary and 

final effluent (test statistic= -14.446, p= <0.001). This could be attributed to a higher 

number of replicates per stage needed in order to confirm a potential statistical 

difference. As mentioned in section 2.3, primary samples had only been collected for 

Raw1 catchment because the primary treatment for Raw2 catchment was not in 

operation. Furthermore, only 2 primary treatment samples out of 8 were analysed at 

the µFT-IR due to time constraints imposed by the Covid-19 pandemic. For these two 

reasons, those samples were not deemed to be representative of the primary stage 
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at site AS. Therefore, it was decided not to include this stage in all of the results for 

site AS presented in this thesis. 

 

Figure 31. Boxplots of MP concentrations (MPs l-1) through different stages at site AS. The red dashed 
line indicates the LOD 

 

 

It has been shown that there were significantly higher counts of MPs in raw 

compared to final effluent at site TRI and MBR (and in raw compared to secondary 

effluent at site MBR thanks to the presence of the membrane). Statistically, no 

distinct decreases in MP concentrations were observed between raw and primary 

effluent (p= 0.587), and raw and secondary effluent (p= 1.000) at site TRI. This could 

be due to the large variations caused by the outliers (Figure 29). At sites TRI and AS, 

an increase in MP numbers has been shown in the secondary effluents compared to 

the previous stage (Figure 29 and Figure 31). Similarly, this was observed at site MBR 

for the primary effluent (Figure 30). This will be discussed later in this section when 

an analysis by stage is presented and compared between treatments. Finally, 
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significantly lower MP concentrations were found in final effluent at sites TRI and AS 

compared to secondary effluent (Figure 29 and Figure 31). 

The abundance and transport of MPs through the wastewater process between sites 

by stage is hereby examined based on the MP concentrations obtained. The variation 

of MP numbers in raw samples ranged between 101.3 and 5,501 MPs l-1 (site TRI), 

110 and 6,234 MPs l-1 (site MBR), 332.9 and 3,471 MPs l-1 (site AS) (Figure 32). Here 

and going forward, the results shown with respect to raw samples in site AS always 

refer to the mean of both catchments, Raw1 and Raw2. 

As presented in section 2.3, the three sites differ in their population equivalent (p.e.) 

with site AS serving the highest catchment (ca. 410,000 p.e.) compared to MBR (ca. 

70,000 p.e.) and TRI (ca. 20,000 p.e.). 

 

Figure 32. Boxplots of MP concentrations (MPs l-1) in raw samples at site TRI, MBR and AS 

 

Due to the variation across the replicates at each site, statistical tests showed no 

significant difference in MP concentrations between the three influents (Figure 32) 
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(test statistic= 1.905, p= 0.386, n= 26). Besides the inherent variability of wastewater 

samples, there could be another reason to explain the large variation observed: the 

outliers shown for site TRI and MBR correspond to subsamples, which were taken 

due to the high presence of particulates in solution. Therefore, since subsamples 

could be less representative, the values estimated could show a lower degree of 

accuracy and they might eventually amplify the magnitude of the variability. 

Regardless, in this study high MP abundances in the influents were found and were 

within the range observed in literature (between 0.3 and 3.2 x 104 MPs l-1) (Cheng et 

al., 2021; W. Liu et al., 2021). It is important to point out though that in the majority 

of the studies MP counts in influent varied mainly between 1 and 700 MPs l-1, while 

few of them have reported much higher concentrations (up to 3.2 x 104 MPs l-1) with 

a maximum of 127,000 MPs l-1 in a non-peer-reviewed study (Vollertsen and Hansen 

2017). The different size range targeted by various studies could affect the estimate 

of MP numbers. In particular, in those studies where smaller-sized MPs were 

examined (<500 µm), concentrations ranged from 0.28 to 610 MPs l-1 (Cheng et al., 

2021; X. Lv et al., 2019; Talvitie et al., 2015; Talvitie, Mikola, Koistinen, et al., 2017; 

Talvitie, Mikola, Setälä, et al., 2017). It is worth noting that Simon et al. (2018) also 

analysed MPs <500 µm by using a semi-automated method (µFT-IR Imaging system 

combined with siMPle software) similar to that of this study and obtained MP counts 

between 2,223 and 18,285 MPs l-1. Thus, this suggests that, besides the different size 

range targeted, the different analytical methods for MP characterisation used have 

an impact on the estimated of MP numbers. 

Another aspect that hinders data comparability is that studies do not often report 

information with regard to population equivalent and type of sewer system 
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investigated (e.g. whether it is combined or not). Despite the challenges that MP 

studies face when comparing findings, the MP numbers in raw sewage found in the 

present study were found to be much higher than the average concentrations 

reported in literature. 

As for the primary effluent, MP abundance at site TRI varied between 72.4 and 330 

MPs l-1, with a maximum of 4,181 MPs l-1. At site MBR, concentrations of MPs ranged 

between 176.6 and 5,678 MPs l-1, with a maximum of 13,953 MPs l-1 (Figure 33). 

 

 

Figure 33. Boxplots of MP concentrations (MPs l-1) in primary effluents at site TRI and MBR 

 

Significantly higher MP concentrations were found in the primary effluent of MBR 

compared to those at TRI (test statistic= 71.000, p= 0.006, n= 18). This could be 

explained by a higher presence of solids at the time of sample collection. In particular, 

when the capacity of the sludge holding tank at site MBR is exceeded, the lamellas at 

the primary stage can be used as temporary storage of sludge before it is removed 
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from site. This could result in an increased concentration of solids in the primary 

effluent. Subsequently, given the likelihood of MPs being trapped in solid flocs (as 

discussed in detail in section 1.2.2), it is plausible that higher numbers of MPs occur 

after primary treatment. For this reason, a low percentage removal (11.5%) between 

raw and primary effluent at site MBR was found; whereas at site TRI a reduction of 

MP numbers by 73.9% had been observed (Table 6). Percentage removal of MPs 

(%RMPs) was calculated according to the following formula:  

(2)  %RMPs = (CA – CB / CA) X 100 

In this case, CA is the MP concentration (MPs l-1) in raw sewage and CB is the MP 

concentration (MPs l-1) in primary effluent. CA and CB were obtained by taking the 

median value of the samples collected. Due to lower sensitivity to the outliers, it was 

deemed appropriate to use the median, as opposed to the mean because the data 

were not normally distributed. With regard to the secondary effluents, MP counts 

have been estimated to be between 34.7 and 1,424 MPs l-1 at site TRI, between 3.1 

and 50.6 MPs l-1 at site MBR, and finally between 2,518 and 16.7 X 104 MPs l-1 at site 

AS (Figure 34a). 

Significantly higher MP counts were found in the secondary effluent at AS compared 

to MBR (test statistic= 15.857, p= <0.001, n= 15) (Figure 34a). Due to the high 

variability between replicates, despite apparent differences in the median of MP 

abundance, no statistical difference was observed between TRI and AS (test statistic= 

8.111, p= 0.053, n= 17) (Figure 34a) and between MBR and TRI (test statistic= 7.746, 

p= 0.070, n= 16) (Figure 34b). 
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Figure 34. Boxplots of MP concentrations (MPs l-1) in secondary effluents at site TRI, MBR and AS (a) 
and TRI and MBR only (b) 

 

As shown in Figure 29, the overall concentration of MPs in the secondary effluent at 

site TRI was usually higher than that of the primary effluent. This was especially 

apparent during Winter when the flow rate was also higher than the annual average 

(Figure 36); this will be discussed in section 3.3.1. It could be hypothesised that during 
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high flow because of the high turbulence the solids adhering to the media are washed 

off and therefore increase in the secondary effluent. Another possible explanation 

could be attributed to the remobilisation of solids from sludge at the secondary 

treatment due to rainfall events and which may have led to an increase in solids. To 

further explore these hypotheses, the association between flow rate and (total) 

suspended solids (SS) has been examined as well as with MP abundance. It was found 

that the linear component of the association between flow and SS in the secondary 

effluent was not significant (r= -0.251, p= 0.515, n=9) (Figure 35). 

 

Figure 35. Spearman correlation plot of flow rate (l s-1) and SS (mg l-1) with fitted line plot at site TRI in 
the secondary effluent. The red dashed line represents the annual (2019 - 2020) average flow rate 

 

As for MP numbers, the linear component of the association between MPs and flow 

rate was significant (r= 0.850, p= 0.004, n=9) (Figure 36). 
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Figure 36. Spearman correlation plot of flow rate (l s-1) and MP numbers (MPs l-1) with fitted line plot 
at site TRI in the secondary effluent. The red dashed line represents the annual (2019 - 2020) average 
flow rate 

 

It is important to note that since the data were not normally distributed, correlation 

analysis had only been used as a tool to assess trends. Therefore, although these 

analyses were not appropriate for these data, interesting patterns had been 

identified through this exploratory approach. At this stage, it is not clear yet why the 

variation in MP numbers was higher in the secondary effluent compared to primary 

at site TRI. Some hypotheses have been brought forward and more work is needed 

to investigate these further. 

Finally, because of the higher MP numbers in secondary effluent, the %RMPs at site 

TRI from primary to secondary treatment indicated MP retention (%RMPs= -52%). 

At site MBR, the presence of the membrane had led to a drastic drop in the numbers 

of MPs (Figure 30), with one sample (n= 1/7) showing a MP concentration >LOD 

(Figure 37). 
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Figure 37. Boxplot of MP concentrations (MPs l-1) in secondary effluent at site MBR. The majority of 
the samples have MP values falling below the LOD 

 

The %RMPs between primary and secondary stage at site MBR corresponded to 98.2%, 

denoting a high removal efficiency. 

The concentrations of MPs found in the secondary effluents at site AS were 

extremely high (2,518 – 166,754 MPs l-1, Figure 34a). These samples were taken prior 

to the final sedimentation step (Figure 20, section 2.3), they therefore contained a 

suspension of wastewater and microorganisms, called mixed liquor, where the 

aggregation of the solids with the microbial component leads to the formation of 

‘microbial flocs’. The long hydraulic retention time of wastewater through the 

treatment (up to 12h at this site) could promote bacterial colonisation and biofilm 

formation on the MP surfaces. Moreover, as mentioned in section 1.2.3, MPs interact 

with the extracellular polymeric substance (EPS) secreted by bacteria; an interaction 

that is further facilitated by the presence of other microorganisms on the MP 

surfaces. Although these agglomeration mechanisms need further investigation with 
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respect to particle size, surface charges and polymer material, there is initial evidence 

in literature of the inclusion of MP particles into microbial flocs (Enfrin et al., 2019; 

Kelly et al., 2021). Therefore, this could explain the observed increase of MPs in 

secondary effluent (median: from 1,369 MPs l-1 in raw to 17,976 MPs l-1 in secondary 

effluent), especially in wastewater systems featuring an AS reactor. 

It should be also noted that site AS here investigated is a highly complex and large 

plant where other factors (e.g. works’ returns, addition of industrial waste later in 

the process) could potentially contribute to the MP increase. Finally, to allow sample 

processing, subsamples were taken from all of the secondary effluents collected at 

this site because of high organic matter content. Therefore, since subsamples might 

not be representative of the whole sample, they could bring in more variability and 

the accuracy of the estimates might be affected. 

With regard to the %RMPs from raw to secondary at site AS, MP retention had been 

found (-1,213%) given the high MP concentrations in the secondary effluent (Table 

6). In the final effluent MP counts ranged between 22 and 163.3 MPs l-1 at site TRI, 

between 6.3 and 40.7 MPs l-1 at site MBR, and between 5.8 and 584.6 MPs l-1 at site 

AS (Figure 38). 
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Figure 38. Boxplots of MP concentrations (MPs l-1) in final effluents at site TRI, MBR and AS 

 

MP concentrations were significantly lower at site MBR than those at AS (test 

statistic= 12.375, p= 0.002, n= 17) and TRI (test statistic=  9.486, p= 0.024, n= 18). 

Due to the high variability between replicates, despite the medians of MP abundance 

being different, the distributions at site AS and TRI were not statistically different 

(test statistic= 2.889, p= 1.000, n= 17) (Figure 38). 

With respect to the LOD and the numbers of MPs detected in the final effluents: two 

samples at site TRI (n= 9), two samples at site AS (n= 8), and all of the samples at site 

MBR (n=9) were found to have MP counts below the LOD (Figure 39). This suggests 

that in these samples, MPs might be deriving from fieldwork or laboratory 

contamination rather than originating from the sample. Similarly, this may be the 

case also for the secondary effluent at MBR, where only one sample (n= 1/7) showed 

a MP concentration >LOD (Figure 37). 



121 

At MBR, after the secondary treatment, the treated wastewater is canalised into the 

final effluent outfall, which is located underground. There was only one accessible 

location to sample the final effluent, and which was situated outdoor as opposed to 

the sampling locations for the other stages which were indoor. At the time of sample 

collection, construction works were ongoing at site MBR. In the results presented, 

higher numbers of MPs were detected in the final stage compared to those in 

secondary effluents at site MBR. Therefore, it is plausible that the atmospheric 

deposition together with contamination originating from the outfall pipe might have 

contributed to the MP increase in the final effluent. 

Therefore, it can be concluded that much higher sample volumes are needed to 

accurately estimate the MP release from this site. 

 

Figure 39. Boxplots of MP concentrations (MPs l-1) in final effluents at sites TRI, MBR and AS showing 
MP values falling below and above the LOD 
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The %RMPs between secondary and final effluents was found to be 81.9% at site TRI 

and 99.3% at site AS (Table 6). The %RMPs for site MBR was not reported because no 

treatment is present between secondary and final effluent. A summary of the 

medians of the MP abundances by stage at each site is provided (Table 5). 

Table 5. Summary of the calculated medians for MP concentrations (MPs l-1) at each site by stage 

 
Medians of MP abundance (MPs l-1) 

STAGES TRI MBR AS 

Raw 709.3 1,230 1,369 

Primary 185.3 1,088 - 

Secondary 280.8 19.2 17,976 

Final effluent 51 17.3 120.1 

 

 

Furthermore, the total removal efficiency (%Rtot) at each site have been calculated.  

Table 6. Percentage removal of MPs (%RMPs) by stage and total removal efficiency (%Rtot) at each of 
the WWTPs investigated. Numbers marked in red highlight MP retention in the system at that specific 
stage 

Stages TRI MBR AS 

Raw to Primary (TRI and MBR)/ 73.9% 11.5% -1,212.8% 
Raw to Secondary (AS)    

    
        Primary to Secondary  -52% 98.2% - 

    
        Secondary to Final effluent 81.9% - 99.3% 

    
        Raw to Final effluent (%Rtot) 92.8% 98.6% 91.2% 
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Site MBR had the highest %Rtot (98.6%) compared to TRI (92.8%) and AS (91.2%) 

(Table 6). As mentioned earlier, since the MP concentrations in the final effluent 

samples at MBR were <LOD, those MPs probably derived from external 

contamination. Therefore the %Rtot at MBR is likely to be higher and close to 100%. 

In the literature, only a handful of studies have investigated sites with a trickling filter 

technology or more generally a biofilter system. As illustrated in the literature review 

section of this thesis, the dissimilarities across studies mainly refer to differences in 

the size range targeted, methods applied and sampling equipment used. 

With respect to trickling filters, the comparison is further hampered by either the 

specific type of treatment configurations investigated (Blair et al., 2019; 

R. Michielssen et al., 2016) or by the lack of robust data presented due to chemical 

characterisation (µFT-IR) performed in less than 5% of all suspected MPs visually 

counted (Gies et al., 2018). In the remaining studies, samples were solely collected 

at raw sewage and final effluent stages. Therefore, a comparative examination of MP 

transport through the different steps of the treatment is not possible. MP numbers 

reported in the aforementioned studies were: 18.9 MPs l-1 in final effluent (Horton 

et al., 2020), they investigated stone trickling filter and MP counts in raw sewage 

were below limits of quantification; 0.9 MPs l-1 in the inlet and 0.2 MPs l-1 in the outlet 

of a pilot-scale biofilter (F. Liu et al., 2020); 293 MPs l-1 in raw and 35 MPs l-1 in the 

final effluent of a biofilter (Dris et al., 2015); and finally, 13.9 MPs l-1 in raw and 0.3 

MPs l-1 in the final effluent, where the treatment consisted of media with filled carrier 

(Lee & Kim, 2018). The findings of this study for site TRI with regard to MP counts 

showed a higher abundance of MPs in both raw and final effluent samples compared 

to previous studies (Table 5). In terms of overall MP removal, the majority of the 
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studies that investigated biofilters observed a %Rtot usually between 50 and 80%, 

whereas the %Rtot at site TRI in this work exceeded the general average (92.8%, Table 

6) and was in line with other research that has documented higher removals (88 – 

98%) (Dris et al., 2015; Lee & Kim, 2018; R. Michielssen et al., 2016). 

The majority of studies in wastewater have investigated AS processes with some of 

them examining MP transport from raw to final effluent. In these studies, almost all 

of the AS processes were coupled with tertiary treatments (e.g. disinfection, ozone, 

MBR, biological aerated filter, DAF, RSF). Therefore, it is difficult to confidently 

compare the results in this study with those in the literature. 

The concentrations of MPs in the influent varied between 1 and 610 MPs l-1 with the 

highest numbers reported by Hidayaturrahman and Lee (2019) in three WWTPs (314 

x 102, 42 x 102, 58.4 x 102 MPs l-1), who examined MPs >1.2 µm. In the final effluent, 

MP numbers ranged between 0.9 x 10-3 and 297 MPs l-1 (Carr et al., 2016; Conley et 

al., 2019; Hidayaturrahman & Lee, 2019; Magni et al., 2019; Murphy et al., 2016; 

Talvitie et al., 2015). In this study, the median concentration in raw sewage at site AS 

was found to be 1,369 MPs l-1, which is above the range found in the majority of the 

studies; whereas the median of MP count in the final stage was 120 MPs l-1 (Table 5), 

thus falling within the range observed in literature. 

In those studies where MP transport in AS processes with a tertiary treatment was 

explored and where statistical results have been reported, a statistically significant 

difference in MP numbers has been found between raw and primary effluent and 

between primary and secondary effluent, but not between secondary and tertiary 

effluent (X. Liu et al., 2019; Magni et al., 2019; Talvitie, Mikola, Setälä, et al., 2017). 

The highest removals (40 – 98%) have been generally observed at the primary stage. 



125 

In this project, results for primary effluent could not be obtained, for reasons 

explained previously; therefore, a comparison is not possible. However, in those 

studies where the AS process did not feature an additional tertiary process (Bayo et 

al., 2020; Murphy et al., 2016), their results were found to be significantly different 

between secondary and final effluent (after sedimentation), as observed in this 

study. In terms of total %Rtot, it generally ranges between 80 and 98% with the results 

from this study falling within it (91.2%, Table 6). 

In a similar way to trickling filters, MBR systems have not been widely studied. The 

concentrations reported in literature to date vary between 0.005±0.004 and 0.5 MPs 

l-1 (Lares et al., 2018; X. Lv et al., 2019; R. Michielssen et al., 2016; Talvitie, Mikola, 

Koistinen, et al., 2017). It should be noted though that the size range targeted 

differed in each of those studies, but overall covered the 20 – 5000 µm range; the 

pore size of the membranes investigated was 0.2, 0.4 and <0.1 µm. 

In the present study, the membrane had a smaller pore size (average of 0.03 µm), 

but higher MP numbers were observed in the secondary effluent (median of 19.2 

MPs l-1; Table 5). As pointed out already in this section, in all of the secondary effluent 

samples except one (n=1/7; 50.6 MPs l-1), MP concentrations were <LOD (Figure 37), 

which was found to be equal to 45.9 MPs l-1. After examining the effluents of MBR, 

Talvitie et al. (2017) and Lares et al. (2018) observed that most of them were 

microfibres, concluding that they possibly escaped because of the high pressure 

applied on the membrane or of the occasional leaks in the unit; alternatively, they 

could derive from airborne contamination (Leslie et al., 2017). Given the high MP 

counts found in the procedural blanks in this study (6.3 – 90.2 MPs l-1), it needs to be 

acknowledged that there is a high likelihood that the results presented here could 
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include MPs originating from field or laboratory contamination. For this reason, 

higher sampling volumes are recommended in future research. In the reviewed 

studies, %Rtot was between 99.4 and 99.9%, except in one where a %Rtot equals to 

82.1% was found (Lares et al., 2018; X. Lv et al., 2019; R. Michielssen et al., 2016; 

Talvitie, Mikola, Koistinen, et al., 2017). In this study, the removal efficiency was 

98.6% (Table 6). To summarise, in terms of total MP removal, the findings of this 

study correspond well with the general outcomes of other studies with MBR systems 

outperforming both biofilters and AS technologies. 

 

3.2.2 Microplastic sizes 

As shown in 2.6 section, siMPle software has been used to automatically obtain 

information on MP numbers, polymer types and sizes. Figure 40 to Figure 42 are 

scatterplots of the particle sizes obtained from siMPle raw data for site TRI, MBR and 

AS in Summer; in each graph, the three seasonal replicates have been combined. The 

scatterplots for the other seasons have been reported in the Appendix III (Figure S6 

to Figure S8). These scatterplots show that the minor dimension for almost all of the 

particles was <100 µm, which represented the upper size cut-off in this study; 

whereas the major dimension of most of them exceeded it. 

For instance, elongated and soft particles (e.g. microfibres, films, sheets) >100 µm 

long could potentially go through the 100 µm sieve either by hitting it longitudinally 

or because of the water pressure during sieving. This has been observed in other 

studies (Treilles et al., 2020; Ziajahromi et al., 2017) and could explain the reason why 

many particles with a length >100 µm have been found in the samples. 
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Figure 40. Scatterplot of major and minor dimensions (µm) of siMPle raw data by stage at site TRI in 
Summer. The total number of particles for each stage is reported in brackets 

 

Figure 41. Scatterplot of major and minor dimensions (µm) of siMPle raw data by stage at site MBR in 
Summer. The total number of particles for each stage is reported in brackets 
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Figure 42. Scatterplot of major and minor dimensions (µm) of siMPle raw data by stage at site AS in 
Summer. The total number of particles for each stage is reported in brackets 

 

Because of the pixel-based analysis performed at the µFT-IR, the pixels are discrete 

and not continuous values. For this reason, the same size value can occur many times, 

leading to particles overlapping and lining-up (Figure 40 to Figure 42). In fact, the 

numbers obtained in siMPle raw data (not standardised by litre of wastewater) are 

much higher than those actually displayed in the scatterplots and have been reported 

in between brackets at each stage. 

At present, the software cannot discriminate between particle shapes (e.g. 

fragments vs fibres). In order to overcome this issue, the visual inspection of a 

representative number of samples through the Image J software, for instance, would 

represent a possible solution. Unfortunately, due to time constraints caused by the 

Covid-19 pandemic, it was not possible to perform that analysis in this study, but it is 

recommended for future studies. 
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Subsequently, an estimation of microfibres based on the definition given by the 

World Health Organisation was considered, which describes them as particles with a 

length >5 µm, a width <3 µm and a length to width ratio >3:1 (World Health 

Organization, 1997). The aspect ratio of each particle could be calculated from the 

major and minor dimensions reported in siMPle software, and which are obtained 

from the pixel(s) size. However, because of the detection limits of the µFT-IR, by using 

the aspect ratio small fibres could be missed. In addition, microfibres are often curled 

or can cross over themselves; as a result, siMPle would measure the width of the 

circle rather than the length of the circle. Because of these limitations, the calculation 

of the aspect ratio from major and minor dimensions was deemed unreliable to 

properly estimate emissions based on particle shape. 

Therefore, since the main focus of this project is on MP abundance, size and polymer 

types, it was decided not to further pursue aspect ratio as a variable. 

The particle size distribution (PSD) of MPs’ major dimension is shown by site and 

stage (Figure 43 to Figure 45). Similar to what has been found in the majority of the 

studies, MP concentrations increase as the particle size decreases. In all of the sites, 

the highest MP abundance is found in the smallest size fraction (25 – 39 µm) despite 

the fact that a lower size cut-off of 38 µm has been applied. This may be due to some 

MPs being retained on the sieve, even if smaller than the mesh size, because of their 

irregular shape and the orientation of the fibres when they hit the sieve 

(R. Michielssen et al., 2016). As the major dimension increases, a progressive 

reduction of MP concentrations can be observed. 

 



130 

 

 

Figure 43. Particle size distribution (PSD) of the MPs' major dimension by stage (a) and final effluent 
(b) at site TRI 

 

At site TRI, besides the smallest size fraction, both raw and secondary samples are 

dominated by MPs that have a size between 40 and 159 µm (Figure 43a); whereas, 

in primary and final effluent MPs are in the 40 – 119 µm size range (Figure 43a and 

Figure 43b). 
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As mentioned earlier, many particles with a major dimension >100 µm were found in 

the samples. MPs up to 259 µm in size were largely present in raw sewage with less 

abundant concentrations in the 260 – 379 µm size range. In primary and secondary 

effluents, major dimensions mainly reached sizes of up to 219 µm with a few MPs l-1 

in the range 220 – 279 µm (primary) and 220 -239 µm (secondary). Finally, in final 

effluent samples large MPs were of a size mainly up to 139 µm; however, particles of 

a size up to 319 µm were also detected. 

To be able to statistically compare stages within each site and between sites, MP 

sizes have been analysed by calculating the percentiles d10, d50 and d90 by stage. 

They indicate the size below which 10%, 50% and 90% of all particles are found, 

respectively. The percentile d10 was not included because the corresponding size 

values were all the same (31.8 µm) due to the pixel-based analysis that assigns 

discrete values. In this thesis, all of the tests conducted on these percentiles refer to 

the major dimension of MPs. This was chosen over the minor dimension because the 

major dimension defines a particle size (F. Liu et al., 2020; Rasmussen et al., 2021; 

Simon et al., 2018). 

At site TRI no significant differences between stages were found for d50 (p= 0.231, 

n= 36); whereas d90 was found to significantly differ (p= 0.034, n= 36). However, 

once the p-values were adjusted by the Bonferroni correction for multiple tests, 

differences were not significant (Table7). 
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Table7. Post hoc test for d90 at site TRI. Significance level is p≤0.05 

Stages Adjusted p-values 

Raw - Primary 0.079 
  

           Raw - Secondary  1.000 
  

         Raw - Final effluent 0.125 
  

        Primary - Secondary 0.530 
  

   Primary – Final effluent                      1.000 
  

   Secondary – Final effluent 0.747 

 

 

As mentioned previously, a possible explanation for this could be that a higher 

number of replicates per stage might be needed in order to confirm a potential 

statistical difference in the d90 between stages at site TRI. 

With regard to site MBR, the 25 – 39 µm size fraction clearly prevails in all of the 

stages compared to other size categories (Figure 44). This is followed by MPs with a 

major dimension between 40 and 160 µm in raw sewage and primary effluent; larger 

particles are also present up to a size of 379 µm in raw and 319 µm in primary 

effluent. 
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Figure 44. Particle size distribution (PSD) of the MPs' major dimension in raw and primary effluent (a) 
and secondary and final effluent (b) samples at site MBR 

 

After the membrane, particles with the longest dimension were mainly observed in 

the range 60 – 119 µm (Figure 44b), with less than 1 MP l-1 detected in the 160 – 219 

and 260 – 279 µm size categories. In the final effluent, a wider range of particle sizes 

has been found, with a major dimension spanning mainly from 40 to 179 µm. Less 
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than 1 MP l-1 were detected in the 180 – 259 and 300 – 339 µm size categories, and 

up to 480 – 519 µm in size. 

The results of the statistical tests for site MBR have shown a significant difference 

(Table 8) for both d50 and d90 with larger particles found in secondary (median of 

d50=55.2 µm; median of d90=150 µm) and final effluent (median of d50=60.4 µm; 

median of d90=136.8 µm) compared to raw (median of d50=31.8 µm; median of 

d90=112.2) and primary effluent (median of d50=31.8 µm; median of d90=98.71 µm) 

samples (Table 8). 

Table 8. Kruskal-Wallis test results for d50 and d90 between stages at site MBR. Significant results are 
highlighted in bold; significance level is p≤0.05 

Percentiles           Stage Test 
statistic 

p-value Sample number 

 
 
     d50 

Raw – final effluent 13.500 0.020 n= 18 
    

Primary – secondary  -14.024 0.027 n= 16 
    

Primary – final effluent 14.833 0.007 n= 18 
 

     
 

 
     d90  

 Raw - secondary  -13.952 0.050 n= 16 
    

Primary - secondary -18.063 0.003 n= 16 
    

Primary – final effluent  15.000 0.013 n= 18 

 

 

Since the membrane has an average pore size of 0.03 µm, almost all of the particles 

should be retained, as shown in Table 6. It is therefore likely that the large particles 

detected are microfibres, films or sheets that can easily bend. Due to the high 

pressure applied on the membrane, long fibres could pass through when hitting it 

perpendicularly (Leslie et al., 2017). As discussed already in section 3.2.1, other 

studies of membrane systems have detected microfibres in effluents (Lares et al., 
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2018; Talvitie, Mikola, Koistinen, et al., 2017). Nevertheless, it is important to 

reiterate that in these studies the total MP concentration was <1 MP l-1. 

 

 

Figure 45. Particle size distribution (PSD) of the MPs' major dimension in raw and final effluent (a) and 
secondary effluent (b) samples at site AS 

 

As for site AS, besides the smallest size fraction (25 – 39 µm), MPs in raw sewage 

were mainly abundant in the 40 – 159 µm size range followed by MPs with a major 
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dimension between 160 and 339 µm. Finally, MPs with a concentration lower than 

10 MPs l-1 had sizes that ranged from 340 and up to 739 µm (Figure 45a). In the final 

effluent, a decrease of the large MPs was observed with particles showing a size 

mainly between 40 and 119 µm. However, MPs were also present within the 120 – 

179 µm range. The maximum length of the major dimension was found to be 

between 260 and 279 µm. With regard to the secondary effluent, the highest MP 

abundance was observed in the smallest size category (25 – 39 µm), following which 

MP counts were found to be homogeneously spread over the 40 – 179 µm size range. 

The longest size of the major dimension was in the 300 – 319 µm size category. 

Significantly larger particles were found for d90 in the final stage (test statistic= 

10.295, p= 0.020, n= 16; median of d90= 109.6 µm) compared to those in the 

secondary effluent (median of d90= 80.9 µm). 

These results are comparable to those found in the literature with respect to AS 

technologies. For instance, Lee and Kim (2018) investigated A2O and SBR treatments 

and reported that the smallest size fraction (106 – 300 µm) was more easily retained 

compared to particles >300 µm. Indeed, it has been shown in literature that larger 

particles (e.g. films, microfibres) irrespective of their density manage to by-pass the 

different stages of the treatment ending up in the final effluent. 

Statistical tests were also conducted between stages of different treatment 

technologies. It is difficult to compare the results presented below with literature 

studies. Few studies have simultaneously investigated different treatment 

technologies and the size ranges examined are different to those used in this 

research. In particular, other research has focused on the broad size spectrum (20 

µm to 5 mm) where the size investigation across treatments was only carried out by 
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comparing MP concentrations between the size categories within that range rather 

than calculating the median (d50) or mean size of the particles as it was performed 

in this study. Moreover, in literature studies the comparison is carried out for the 

final effluent, but not for the other stages. A summary of the medians of the 

percentiles d10, d50 and d90 for the major dimension of MPs for the three sites is 

reported below (Table 9). 

Table 9. Summary table of the medians of the MP major dimension for d10, d50 and d90 percentiles 
by stage and site 

 

 

With regard to the influent, MP sizes significantly differed for the d90 between site 

TRI (median= 85.3 µm) and MBR (median= 112.2 µm) (test statistic= -9.333, p= 0.028, 

n= 18), with larger particles at site MBR (Table 9). This may be caused by the larger 

size of the catchment area of site MBR compared to TRI, albeit this was not observed 

between site AS and MBR (p= 1.000). As for the primary effluent, larger particles at 

site TRI for d90 were found (Table 9) (test statistic= 17.000, p= 0.040, n= 18; TRI, 

median= 117.1 µm and MBR, median= 98.7 µm). Iron dosing is carried out at site TRI 

(after the 6 mm screens and before primary treatment) to help with the settlement 
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in the primary sedimentation tank. In spite of that, these results would suggest that 

the primary treatment at site MBR (where lamellas are installed) might be more 

effective at removing small MPs compared to that of site TRI. 

In the secondary effluent, MP sizes were larger at site MBR (MBR medians: d50= 55.2 

µm, d90= 150 µm; AS medians: d50= 31.8 µm, d90= 80.9 µm) for both d50 (test 

statistic= -9.357, p= 0.012, n= 15) and d90 (test statistic= -12.500, p= 0.002, n= 15). 

Moreover, MPs at site MBR (median: 150 µm) were found to be significantly larger 

than those at site TRI (median: 86.8 µm) for the d90 (test statistic= -8.349, p= 0.043, 

n= 17) (Table 9). As discussed previously, this may be due to the possibility that some 

long microfibres are able to pass through the membrane. However, the number of 

particles in almost all of the samples is below the LOD, it is therefore uncertain 

whether they originate from the sample. Moreover, even if few microfibres could go 

through the membrane, it is expected that the rest of the particles would be of small 

size, which is not reflected in the results for the d90. This would further support the 

presence of outside contamination after the secondary treatment at site MBR. 

Finally, similar results have been found for the final effluent for the d50 between 

MBR and AS; in particular, larger particles were detected at site MBR (median: 60.4 

µm) compared to site AS (median: 31.8 µm) (test statistic=-9.660, p=0.020, n=17) 

(Table 9). 

To conclude, these results reinforce what has been observed in the literature. That 

is, the highest fraction of MPs is in the lower end of the size spectrum. Furthermore, 

in this study the particle size (d50 and d90) has overall increased between raw and 

final effluent at site TRI and MBR, while it did not vary at site AS (Table 9). At site AS, 

larger MPs were detected in the final effluent compared to secondary effluent; at 
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site MBR, larger MPs were present in the final effluent compared to raw probably 

because of the presence of microfibres, films and sheets, which have a larger surface 

area. However, it is worth noting that at MBR it is likely that those MPs were deriving 

from external contamination. 

This result has been found to correlate with some studies, but to differ with others 

(Akarsu et al., 2020; Bayo et al., 2020; Magni et al., 2019; Simon et al., 2018; Talvitie, 

Mikola, Setälä, et al., 2017) where particle size was smaller in the final stages. Given 

that all of these studies investigated WWTPs with AS-based technologies, it is very 

likely that this variability is attributed to differences in the size range examined, 

sampling equipment and processes used. In the latter case for instance, there could 

be a loss of microfibres when automated sampling is carried out (e.g. they get 

trapped in cartridge filters) or when repeated sieving is performed (e.g. microfibre 

retention on the sieves) (Miller et al., 2017; Okoffo et al., 2019). A last important 

aspect is that the spot samples collected at the different stages represent different 

‘parcels’ of water going through the system, due to the residence time of wastewater 

in treatment. Therefore, this certain degree of variability between stages is inherent 

in wastewater flows and that has to be considered when stages are compared. 

 

3.2.3 Microplastic polymers and analysis of potential sources 

In this section the proportion of polymers (%) is described by site through the stages 

followed by a comparison by stage between the three wastewater treatment 

systems with a discussion of the statistical results obtained. The polymers that have 

been detected in the sites investigated are shown in Table 10. 
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Table 10. List of polymers detected in this study in all of the three sites investigated 

 

 

The main types that have been identified were: PE, PP, PA, nitrile rubber (NR), PES 

and the polymer cluster A-P-V comprising ACRY, PU and varnish polymer types (e.g. 

paint, coating) (Table 11). The focus will mainly be on these six categories, but the 

occurrence of other polymers will also be discussed. Their densities and applications 

are reported below (Table 11). 
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Table 11. List of main polymers detected at the three sites investigated, their densities and applications 

 

 

The polymer proportions have been calculated by taking the median of all the 

replicates by stage (polymers l-1), given that the data are not normally distributed. 

In the different stages at site TRI (Figure 46), the predominant polymers were PE, PP, 

PA, NR and A-P-V. The fractions of PE and PP in raw sewage were lower than those 

of other stages. Unlike the influent, the wastewater flow going through the rest of 

the treatment process is not the same sewage ‘parcel’ that is entering the plant at 

the time of sample collection. Despite PE and PP being positively buoyant (Table 11), 

some of them have escaped the skimming treatment of the primary stage and can 

be observed in the final effluent. Here, they overall made up over half (52.2%) of the 

total. 



142 

 

Figure 46. Proportion (%) of polymers by stage at site TRI 

 

PA is negatively buoyant (Table 11)(Karami, 2017), it is therefore generally expected 

to settle with the solids throughout the wastewater process. In particular, since the 

main source of PA in wastewater is the washing of textiles through laundry, it is very 

likely that these particles were microfibres, which are more prone to being trapped 

in solid flocs. In section 3.2.1, it was discussed that MP numbers in secondary effluent 

were found to be higher, probably as a result of solid resuspension due to high flow. 

This could explain the large proportion of PA, where microfibres can be captured in 

microbial flocs. Finally, in the final effluent, PA has been found to make up around 

23% of the total. With regard to NR, which has a density similar to that of water, a 

clear fall in abundance can be observed from raw to the final stages. A polymer group 

highly present in raw sewage was A-P-V, constituted of heavy polymers whose 

amounts progressively decrease by settling in primary and secondary sludge. PES 

particles represented only a small part of the total throughout the whole treatment; 
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whereas ethylene propylene diene monomer rubber (R3), a very small component in 

raw sewage, represented roughly 10% of the total in the final effluent. 

At site MBR (Figure 47), the most recurring polymers were PP, PA, NR, PES, A-P-V and 

R3. Between raw and primary effluent, a reduction of A-P-V can be observed as their 

heavier density would cause settlement with the primary sludge. 

 

Figure 47. Proportion (%) of polymers by stage at site MBR 

 

However, this appears not to be the case for PA particles, which despite having a 

similar density to that of A-P-V particles, were found in higher proportion. It could be 

hypothesised that either they were present in higher numbers or their shape could 

play a role in their removal. As mentioned previously, there is a high likelihood that 

most of the PA particles were microfibres, which are more easily trapped in solid flocs 

compared to fragments (Carr et al., 2016; Talvitie et al., 2015). As described in section 

3.2.1, a temporary accumulation of sludge in the lamellas may have caused an 
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increase in solids in the primary effluent, which could explain the high levels of PA 

(ca. 66%) observed. With respect to the composition of other polymers, either they 

remained similar (e.g. PP, R3 and EVA) or slightly decreased (NR and PES). After the 

membrane, the proportion of polymer types found in secondary and final effluent 

completely differed from that of raw and primary effluent, with PP constituting 

around 60% of the total. For the reasons highlighted in section 3.2.1, the majority of 

the particles in the effluent were below the LOD and could therefore be derived from 

contamination. This could explain the clear difference in the proportion of polymers 

such as PE and PP, compared to raw and primary effluent. 

Finally, at site AS (Figure 48), raw and final effluent were largely dominated by PA 

which represented 50% of the total in both stages. Furthermore, while NR decreased 

from raw to final effluent, PP was found in a different proportion between raw and 

final effluent. The reason behind this variation could be due to wastewater collected 

from secondary and final effluent samples not corresponding with the incoming flow 

because of the long hydraulic retention time (up to 12h at this site) of wastewater to 

go through the entire treatment train. 
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Figure 48. Proportion (%) of polymers by stage at site AS 

 

In the secondary effluent, 50% of the total is represented by A-P-V. This increase 

could be related to the high solid content present in the mixed liquor; given that the 

A-P-V group is composed of heavy polymers, particles might get trapped in the 

microbial flocs when settling. The complexity of this sewage works, with the presence 

of returns within the site as well as industrial waste being mixed with the return 

activated sludge (RAS), makes interpretation difficult (Figure 20, section 2.3). This site 

is also in close proximity to plastic manufacturing companies in the maritime (e.g. 

boat windows, acrylic windscreens, hatch covers) pharmaceutical and automotive 

(e.g. glass fibres reinforced PP, rubber) sectors. Therefore, industrial effluents could 

cause the sudden increments of A-P-V in secondary effluent and those of R3 and PP 

in the final effluent. 

The polymer distribution between sites was investigated for raw and final effluent 

samples only. This was because the polymer proportions for primary and secondary 
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stage are affected by the type of wastewater system and have already been discussed 

when presenting the polymer transport at each site. Statistical tests were conducted 

by considering the polymer concentration (polymer l-1). 

Due to time constraints, statistical analysis was only performed on the main polymers 

detected (PE, PP, PA, NR, PES and A-P-V). Comparing raw samples between the three 

sites (Figure 49) shows that the predominant polymer types were the same, although 

the proportions differed. At site AS, there was a higher abundance of PA compared 

to site TRI and MBR, although this was not statistically different (test statistic= 5.431; 

p= 0.066; n= 26). A significantly higher abundance of PE was found at site AS 

compared to TRI (test statistic= 11.514, p= 0.005, n= 17) and MBR (test statistic= 

9.069, p= 0.042, n= 17). The polymer concentrations of PP, PA, NR, PES and A-P-V did 

not significantly differ between the sites. As it was discussed for MP abundance in 

raw samples between the three WWTPs (section 3.2.1), this could be attributed to 

the large variation between replicates for each polymer type. At site AS, an increased 

variety of polymers can be found and which included for instance rubber type 1 (R1), 

polysulfone (PSU) and PCL, probably because of the larger catchment area. At site 

TRI, there was an equal amount of NR and A-P-V; whereas, at site MBR the cluster A-

P-V predominated. Finally, the abundance of PP between the sites was similar. The 

different proportions of the polymers between sites could reflect the diverse range 

of MP sources present in the catchment area. For instance, TRI is a rural site; 

however, cosmetic, plastic moulding and tool making companies are located nearby. 

This could explain the relatively high presence of polymers such as PP, NR and some 

A-P-V. PA, some A-P-V and PES could also derive from fleece coats and other 

synthetic garments which can shed microfibres during washing. 
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Figure 49. Proportion (%) of polymers in raw samples at site TRI, MBR and AS 

 

 

Site MBR is situated close to a port city, with various maritime and aerospace 

production sites. Consequently, a diverse range of polymers were detected at this 

site. For instance, acrylates/varnish, which can be used for boat production were 

found in high quantity, or PES resins that can be used in the fibreglass-reinforced 

plastic for a variety of applications and NR and R3. 

In the final effluents of the three sites, the two most abundant polymers were PP and 

PA (Figure 50). Despite their ban in 2018, PP can be found in residual personal care 

products and cosmetics found in households. In addition, PP is also common in 

packaging and other household products; whereas PA is usually linked to the textile 

industry. After PP and PA, A-P-V, PE, PES and R3 were observed to have the highest 

proportion. The abundance of PP showed that despite being positively buoyant it 

managed to by-pass the stages of the treatment, especially the primary treatment. 
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Similarly, other low-density MPs that have been detected were PE, NR and R3. In 

terms of heavy polymers, PA, cellulose modified (CM; e.g. viscose rayon), PES, A-P-V 

and acrylamide (AM) have been found. 

 

Figure 50. Proportion (%) of polymers in final effluents at site TRI, MBR and AS 

 

Significantly higher MP counts in the final effluent for PP, PA, NR, PES and A-P-V were 

found at AS compared to MBR as well as for NR at TRI compared to MBR (Table 12). 

Table 12. Kruskal-Wallis test results for polymer abundance for final effluent samples between site TRI, 
MBR and AS. Significance level is p≤0.05 and significant p-values are denoted in bold 

Polymer Site Test statistic p-value Sample number 

PE TRI – MBR - AS 5.383 0.068 n= 24 
     

PP       MBR – AS  12.264 0.03 n= 17 
     

PA       MBR – AS  10.215 0.018 n= 17 
     

NR       MBR – AS  11.590 0.005 n= 17 
       TRI – MBR         -12.167 0.002 n= 18 
     

PES       MBR – AS 10.778 0.010 n=17 
     

A-P-V       MBR – AS  13.347 0.001 n=17 
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It is not possible to directly compare polymer types between influent and final 

effluent because of site residence times. Nevertheless, a discussion is hereby 

presented on polymer proportions based on the polymer profiles of these two stages 

(Figure 51 to Figure 53). 

 

Figure 51. Pie charts of raw (left) and final effluent (right) at site TRI. Percentage (%) values were 
calculated from the median of the polymer concentrations (polymer l-1) 

 

 

Figure 52. Pie charts of raw (left) and final effluent (right) at site MBR. Percentage (%) values were 
calculated from the median of the polymer concentrations (polymer l-1) 
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Figure 53. Pie charts of raw (left) and final effluent (right) at site AS. Percentage (%) values were 
calculated from the median of the polymer concentrations (polymer l-1) 

 

At site TRI, just over half (ca. 54%) of the polymers in the influent were of high-

density, which was then reduced to around 36% in final effluent. At site MBR, heavy 

polymers represented around 65% of the total in raw; proportion that dropped to ca. 

28% in final effluent. In the latter case, it must be reiterated that all of the samples 

were found to have concentrations <LOD and so may be affected by external 

contamination. At site AS the high-density polymers represented the greatest 

proportion both in raw sewage (ca. 70%) and in the final effluent (around 60%). 

These results indicate that the density of the particle plays a major role in its removal 

through the treatment process, together with the type of treatment. The size of the 

catchment area might also have an impact, specifically on the MP removal based on 

density, but further work is required to corroborate this observation. 

All together PP, PA, NR and A-P-V represent a large proportion of the polymers 

entering the three WWTPs; whereas the final effluent profile slightly varies based on 

the wastewater system, but it mainly features PP, PA, A-P-V and R3 (Figure 51 to 

Figure 53). Furthermore, site AS has shown to be the least efficient in the removal of 

high-density polymers from wastewaters. 
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In conclusion, the high-density polymers found in raw sewage represent the largest 

proportion and are characterised by resins used by the textile industry (e.g. PA, A-P-

V, PES). For this reason, it is likely that the washing of synthetic garments may 

constitute a major source of MP pollution in wastewaters. As already mentioned, 

other relevant sources are related to the specific location of the catchments and in 

this study include the manufacturing of products for the packaging, maritime, and 

automotive sector (e.g. PP, A-P-V, NR, R3). With regard to the detection of particles 

deriving from the abrasion of car tyres, this is not possible through FT-IR due to the 

high levels of carbon black, which is used as a reinforcing filler. Carbon black hinders 

the identification of styrene butadiene rubber (SBR), which is the main component 

of tyres (Mintenig et al., 2020). The main polymers that have been widely detected 

in wastewaters are PA, PE, PP, PET/PES and PS (Edo et al., 2020; Galafassi et al., 2022; 

Gündoğdu et al., 2018; Horton et al., 2020; Lares et al., 2018; Simon et al., 2018). 

In studies where the same software and pipeline (siMPle and APA pipeline) and a 

similar reference database were used, the polyolefin category dominated in the final 

effluent samples with PE, PP and R3 resins. These were followed by NR and A-P-V in 

the work by Mintenig et al. (2020) and by A-P-V, PES and PA in the research by 

Roscher et al. (2022). In this study, a much higher proportion of PA and a lower 

presence of PE were found compared to those two studies. These differences are 

probably due to spatial and temporal variations (e.g. site location, intra-day and 

seasonal variations). Rubber-based polymers (e.g. NR, R3) have not been frequently 

detected in environmental samples (Mintenig et al., 2020). These have been found 

in relevant concentrations in studies where semi-automated image analysis (e.g. 

siMPle software) was coupled with µFT-IR (Haave et al., 2019; Mani et al., 2015; 
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Mintenig et al., 2020). Therefore, this emphasises once more the importance of 

standardised methodologies for MP research as differences in the polymer 

composition of wastewater are not only due to spatial and temporal variations, but 

also to different methods of analysis applied for MP characterisation. 

 

3.3 Seasonality 

The fourth objective of this thesis was to assess if and how seasonality influences MP 

abundance, sizes and polymer types. In this section, seasonality of MP profiles at 

each site are presented and discussed, in combination with an analysis of flow rate. 

Initially, the plan was to collect samples over a one-year period, but due to the Covid-

19 pandemic samples were taken for 9 months from Summer to Winter. 

 

3.3.1 Microplastic abundance and loading 

As mentioned previously, three seasonal replicates were collected for each season 

(except for site AS in Winter season, where the third replicate was not collected due 

to restricted access to the site imposed by the Covid-19 pandemic). One of the 

replicates was taken on a Saturday in order to investigate whether the weekend had 

any impact on MP counts compared to weekdays (Figure 54 to Figure 56). 
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Figure 54. Seasonal replicates (n= 3) of raw (top) and final effluent samples (bottom) collected at site 
TRI on weekdays and weekends (Saturday). Results show MP abundance (MPs l-1) 

 

Statistical tests were not performed by season, but by considering the replicates all 

together and no significant difference was showed in all of the three sites between 

weekdays and weekends, both in raw and final effluent samples (Table 13). 
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Table 13. Mann-Whitney U test results for MP abundance between weekdays and weekends 
(Saturdays) for raw and final effluent samples at site TRI, MBR and AS. Statistical tests showed no 
significant difference at the p≤0.05 significance level 

Site and stage Test statistic p-value Sample number 

TRI – Raw 11.000 0.714 n= 9 
    

      TRI – Final effluent  12.500 0.381 n= 9 
    

            MBR – Raw 10.000 1.000 n= 9 
    

     MBR – Final effluent 13.000 0.381 n= 9 
    

               AS – Raw 2.000 0.286 n= 8 
    

       AS – Final effluent 2.000 0.286 n= 8 
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Figure 55. Seasonal replicates (n= 3) of raw (top) and final effluent samples (bottom) collected at site 
MBR on weekdays and weekends (Saturday). Results show MP abundance (MPs l-1) 

 

 

Another wastewater study considered weekend for sample collection, but no 

statistical comparison with weekdays was made (Talvitie, Mikola, Setälä, et al., 2017). 

Nevertheless, the concentrations reported by the authors did not indicate higher 

counts in the weekend compared to weekdays. 
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Figure 56. Seasonal replicates (n= 3) of raw (top) and final effluent samples (bottom) collected at site 
AS on weekdays and weekends (Saturday). Results show MP abundance (MPs l-1) 

 

To explore MP abundance through the stages between seasons at each site, a two-

factor analysis should have been performed. However, there is not a non-parametric 

test equivalent to a two-way Anova when the data do not follow a normal 

distribution. Therefore, the analysis was conducted by site for each stage individually 

between seasons (e.g. for site TRI, comparison of raw samples between Summer, 

Autumn and Winter). Despite apparent differences in the medians of MP abundance 

in the influents, due to the variability within seasonal replicates, MP concentrations 
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in raw samples at TRI were not found to differ statistically between seasons (test 

statistic= 5.422; p= 0.066; n= 9) (Figure 57). Moreover, no significant difference in 

MP counts was found between seasons for the other stages: primary effluent (test 

statistic= 1.867; p= 0.393; n= 9), secondary effluent (test statistic= 5.956; p= 0.051; 

n= 9) and final effluent (test statistic= 5.445; p= 0.066; n= 9). 

 

Figure 57. Boxplots of MP concentrations (MPs l-1) at site TRI by season and stage 

 

With regard to site MBR, despite the medians of the raw and primary effluent were 

different between seasons, due to the variation across the replicates, this difference 

was not statistically significant (raw: test statistic= 4.622; p= 0.099; n= 9; primary 

effluent: test statistic= 3.467; p= 0.177; n= 9) (Figure 58). MP counts for the other 

stages were also not significantly different by season: secondary effluent (test 

statistic= 4.000; p= 0.135; n= 7) and final effluent (test statistic= 2.489; p= 0.288; n= 

9). 
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Figure 58. Boxplots of MP concentrations (MPs l-1) at site MBR by season and stage 

 

Finally, at site AS, although differences in the medians of MP abundance were 

observed at each stage between season (Figure 59), due to the high variability of the 

replicates, no significant differences were found: raw sewage (test statistic= 1.806; 

p= 0.405; n= 8), secondary effluent (test statistic= 3.929; p= 0.140; n= 7) and final 

effluent (test statistic= 4.694; p= 0.096; n= 8). 
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Figure 59. Boxplots of MP concentrations (MPs l-1) at site AS by season and stage (a) and in raw and 
final effluent samples only (b) 

 

In all of the three sites, although no statistical differences were found due to the high 

variability of the replicates, a similar trend was observed with MP numbers 

progressively higher from Summer to Winter in both raw and final effluent. 
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One of the main research gaps to date in wastewater studies is the investigation of 

the seasonal variations and how these influence MP concentrations. The lack of data 

is due to the challenges deriving from temporal fluctuations that WWTPs feature, 

even within the same day, and which are mainly caused by weather conditions, size 

of the catchment area, type of treatment and so forth. In the literature, conflicting 

results have been reported when seasonality was examined. Some studies found no 

seasonal patterns between samples in either raw or in final effluent (Akarsu et al., 

2020; Alavian Petroody, Hashemi, & Van Gestel, 2021; Bayo et al., 2020; Conley et 

al., 2019; Prajapati et al., 2021). 

Other studies have found increased MP counts in Spring, Summer or in the warm 

season compared to those recorded in cold months for influent (Akarsu et al., 2020; 

Bayo et al., 2020) and effluent samples (Jiang et al., 2022; Ruffell et al., 2021). One 

study did not assess the results statistically due to the low number of replicates, and 

in another a statistical difference was not seen (Bayo et al., 2020; Ruffell et al., 2021). 

In contrast, Ben-David et al. (2021) found significantly higher counts in the effluent 

in Winter compared to other seasons; whereas other research has obtained similar 

findings, but no information on the statistical comparison was given (Roscher et al., 

2022; Schell et al., 2021). 

In order to further investigate the seasonality and the differences between 

wastewater systems, tests were conducted by stage and season (e.g. raw sewage in 

Summer between site TRI, MBR and AS) for raw and final effluent samples. As 

explained previously in this section, Kruskal-Wallis tests were performed by stage 

because there is no equivalent test to a two-way ANOVA for non-parametric data. 
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Despite differences in medians of MP abundance in raw samples by season (Figure 

60), the large variation within seasonal replicates meant that MP numbers were not 

statistically different between sites (Summer: test statistic= 1.689, p= 0.430, n= 9; 

Autumn: test statistic= 2.222, p= 0.329, n= 9; Winter: test statistic= 1.111, p= 0.574, 

n= 8). 

 

Figure 60. Boxplots of MP concentrations (MPs l-1) in raw samples by season and site 

 

With regard to final effluent, in both Autumn and Winter, significantly higher MP 

concentrations were found at AS compared to those at MBR (Autumn: test statistic= 

5.667, p= 0.034, n= 6; Winter: test statistic= 5.500, p= 0.042, n= 5). No significant 

difference was found in final effluent in Summer between the three sites (test 

statistic=2.756, p=0.252, n=9). Despite apparent differences in medians in Autumn 

and Winter (Figure 61), the variation in replicates meant that no statistical difference 
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was seen between TRI and AS (Autumn: p=0.408, Winter: p= 0.791) and TRI and MBR 

(Autumn: p= 0.890, Winter: p= 0.401). 

 

Figure 61. Boxplots of MP concentrations (MPs l-1) in final effluent samples by season and site 

 

To date, there is no reported work on the seasonal comparison between different 

technologies by stage. Ruffell et al. (2021) investigated seasonality in different 

systems collecting final effluents from three WWTPs (1. trickling filters-aeration 

tanks-oxidation ponds; 2. aeration tanks-oxidation ponds-infiltration wetland-UV 

disinfection; 3. aeration tank-UV disinfection). However, no (statistical) comparison 

between treatments for the same season was conducted since their focus was on the 

seasonal variation within each site. They observed a general increase in MP 

abundance (MPs l-1) from Winter to Summer, but due to insufficient sample 

replication, concentration could not be statistically tested (Ruffell et al., 2021). 
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Three other studies investigated seasonal differences for MP numbers, sizes and 

polymer types between final effluents of several WWTPs, but no details on sites and 

type of treatments applied were provided (Jiang et al., 2022; Mak et al., 2020; 

Roscher et al., 2022). 

The data presented so far show the numbers of MPs per litre of wastewater without 

considering the flow rate, which refers to the volume of water that goes through the 

system in a certain period of time. When discussing seasonality, temperature is the 

major discriminating factor between seasons. However, in temperate climate zones 

precipitation occurs throughout the year (Simmons, 2015). For this reason, especially 

when investigating combined sewer systems (which also receive urban and road 

runoff), it is important to include the flow rate in the calculation of the estimated MP 

counts entering and exiting a WWTP. To date, few studies have accounted for flow 

and even fewer when seasonal fluctuations were examined. 

Here, MP loading (MPs s-1) has been calculated by multiplying the flow rate (l s-1) by 

the MP concentration (MPs l-1). The hourly and daily flow rates from the 1st of July 

2019 to the 30th of June 2020 were provided by the water utility company. To be as 

accurate as possible, and since raw sewage was the only sample where the flow rate 

corresponded with the time of sample collection, the 9:00 – 10:00 am hourly flow 

rate was considered. This was when the influent samples were taken. For all of the 

other stages, it was decided to use the mean hourly flow rate for the 12h prior to the 

start of the collection. Flow rate (FR) data (l s-1) for the three sites by season and stage 

as well as the flow to full treatment of each site (FFT, l s-1) are reported in Appendix 

II (Table S4 to Table S6). The FFT is the maximum capacity or flow that a WWTP can 

treat and beyond which a ‘storming’ event happens. During storming, part of the 
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untreated wastewater is diverted into ‘storm tanks’; therefore, in this case, the 

wastewater that flows through the plant does not represent all of the untreated 

wastewater that has reached the sewage works. 

The primary purpose of integrating the flow in the calculation of MP estimates is to 

improve the understanding of its impact on MP numbers and what happens during 

heavy rainfall or storming events. Therefore, the MP loading scale has been kept the 

same across seasons to better assess the changes. 

At site TRI in Summer (Figure 62a), during sampling, FR was below the annual average 

and progressively increased through Autumn (Figure 62b) to Winter (Figure 62c), 

where it was found to be above average. It can be observed that due to the increased 

frequency in precipitation in colder months, a larger volume of wastewater went 

through the site compared to the warm season. 
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Figure 62. Combo chart representing the MP loading (MPs s-1) on the left y-axis and the flow rate (l s-

1) on the right y-axis in Summer (a), Autumn (b) and Winter (c) at site TRI. The flow rate (FR) is denoted 
with the orange line and the flow to full treatment (FFT; l s-1) is shown as a dark blue line. The dashed 
grey and red lines represent the seasonal and annual FR averages, respectively 
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As a result, the MP loading in Autumn and especially Winter was much higher. After 

taking the median of the seasonal replicates, a variation within a factor of 5.7 and 4.9 

between the Summer and Winter MP loadings in raw and final effluent, respectively, 

was observed. In particular, during the collection of the first replicate in Autumn the 

FR exceeded the FFT, indicating an ongoing storming event. MP loading in the 

influent sample had a much lower concentration than that of the primary effluent 

probably because MPs might have been flushed off by the increased inflow (Figure 

62b). Subsequently, this may have led the particles to accumulate at the primary 

stage where high flow is still observed. Moreover, as discussed previously, it seems 

plausible that the turbulence might have caused some resuspension of solids, which 

ended up in the primary effluent. These reasons could therefore explain why this 

peak of MP load is present at this stage and, similarly but to a less extent, in the 

secondary effluent. 

In section 3.2.1, some hypotheses were proposed to explain the observed increase 

of MP numbers in secondary effluents at site TRI compared to primary (Figure 29). 

The hypothesis concerning the resuspension of solids and MP increase in the 

secondary effluent is supported by the observations of the relationship of flow by 

season and MPs. In that section it was also shown that the linear component of the 

association between MPs (MPs l-1) in secondary effluent and flow rate was significant 

(r= 0.850, p= 0.004, n= 9) (Figure 36). Here, the highest MP concentrations were 

observed at the highest flow. With regard to raw, primary and final effluent, no 

significant associations were found (raw: r= 0.300, p= 0.433; primary: r= 0.433, p= 

0.244; final effluent: r= 0.301, p= 0.431). 
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At site TRI, the variation within seasonal replicates in raw sewage (Figure 63a) meant 

that MP loadings were not significantly different between seasons (test statistic= 

5.422; p= 0.066; n= 9); this could be addressed by increasing replication, which is 

recommended for future studies. Significantly higher MP loadings were found in the 

final effluent in Winter compared to Summer (test statistic= -6.000; p= 0.022; n= 9), 

highlighting the influence of seasonality on the numbers of MPs discharged (Figure 

63b). 
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Figure 63. Boxplots of MP loading (MPs s-1) in raw (a) and final effluent (b) at site TRI 

 

At site MBR, there were no events during sample collection where the wastewater 

flow exceeded the capacity of the plant. However, throughout the different seasons, 

the FR was close to or above the FR annual average in most of the samples. In 

Summer (Figure 64a), the load in the three influent samples varied while FR was 

similar; this is a clear example of the variability of MP counts within replicates. In 
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Autumn (Figure 64a), the MP loading in raw sewage increased by a factor of 2.2. As 

previously observed (section 3.2.1), MP concentrations in primary effluents were 

found to be higher than those in the influents because of the temporary 

accumulation of sludge in the lamellas when the capacity of the sludge holding tanks 

was exceeded on site. Finally, in Winter a distinct increment of MP loading has been 

shown with a variation of a factor up to 7.8 in raw sewage and 0.7 in the final effluent 

compared to Summer. 
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Figure 64. Combo chart representing the MP loading (MPs s-1) on the left y-axis and the flow rate on 
the right y-axis in Summer (a), Autumn (b) and Winter (c) at site MBR. The flow rate (FR) is denoted 
with the orange line and the flow to full treatment (FFT; l s-1) is shown as a dark blue line. The dashed 
grey and red lines represent the seasonal and annual FR averages, respectively 

 



171 

The linear components of the associations between flow and MP concentrations 

(MPs l-1) at the different stages were found to be not significant (raw: r= 0.417, p= 

0.265; primary effluent: r= 0.050, p= 0.898; secondary effluent: r= 0.071, p= 0.879; 

final effluent: r= -0.083, p= 0.831). MP loadings across seasons for the influent at 

MBR were examined and they were found to be significantly higher in Winter than in 

Summer (test statistic= -5.667, p= 0.034; n= 9), while no difference was found for the 

final effluent (test statistic= 2.400; p= 0.301; n= 9) (Figure 65). Therefore, these 

results highlight the efficacy of the membrane, regardless of the season, and the 

impact of seasonality in raw sewage at this site in terms of increased presence of MPs 

in Winter. 
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Figure 65. Boxplots of MP loading (MPs s-1) in raw (a) and final effluent (b) at site MBR 

 

With regard to site AS, secondary effluent was not included in Figure 66 because of 

the high values observed, which altered the scale and did not allow for a proper 

comparison between seasons. The combo charts representing the three stages all 

together are reported in the Appendix III (Figure S9). During the collection of the 

samples at site AS, there was one event in Winter (the second replicate) where the 

FFT had been surpassed (Figure 66c). Site AS is the largest of the three sites and this 

can be seen in the extremely high values of MP loadings for raw sewage after 

accounting for flow compared to TRI and MBR. In Summer, the FR was rather similar 

during the time wastewater samples were collected and it was always below the 

annual average as well as the seasonal average (Figure 66a). As the colder season 

started, a higher FR was observed in Autumn compared to Summer and then it 

increased further in Winter (Figure 66b and c). The variation in the MP loadings in 

raw samples was up to a factor of 5.2 between Summer and Winter and of 14.5 
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between Autumn and Winter. In the final effluent, it was found to be even larger 

between Summer and Winter with a factor of 28.3. 
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Figure 66. Combo chart representing the MP loading (MPs s-1) on the left y-axis and the flow rate on 
the right y-axis in Summer (a), Autumn (b) and Winter (c) at site AS for raw and final effluent only. The 
flow rate (FR) is denoted with the orange line and the flow to full treatment (FFT; l s-1) is shown as a 
dark blue line. The dashed grey and red lines represent the seasonal and annual FR averages, 
respectively 

 

As for the influent, in Autumn and especially Winter there was a clear trend between 

MP concentrations (MPs l-1) and flow. The linear component of the association was 

found to be significant (r= 0.568; p= 0.022) and the highest values of MPs were 

observed at the highest flows (Figure 67). 
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Figure 67. Spearman correlation plot of flow rate (l s-1) and MPs (l-1) with fitted line plot at site AS for 
raw sewage 

 

A similar pattern has been observed for secondary effluents where the linear 

component of the association was found to be significant (r= 0.821; p= 0.023) (Figure 

68). As for the final effluent, no significant association was observed (r= 0.619; p= 

0.102). 
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Figure 68. Spearman correlation plot of flow rate (l s-1) and MPs (l-1) with fitted line plot at site AS for 
secondary effluent 

 

As mentioned in section 3.2.1, an exploratory approach has been conducted through 

correlation analysis and interesting patterns can be identified between flow and MP 

counts. It should be noted that since the data are not normally distributed, these 

analyses only represent a tool to assess trends. 

MP loadings in the influents between seasons at site AS were not significantly 

different (test statistic= 2.889; p= 0.236; n= 8); whilst in the final effluent MP loadings 

in Winter were found to be significantly higher than those in Summer (test statistic= 

-5.500; p= 0.042; n= 8) (Figure 69). 
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Figure 69. Boxplots of MP loading (MPs s-1) in raw (a) and final effluent (b) at site AS 

 

 

At the beginning of this section, it had been highlighted that MP concentrations in 

wastewater samples in Winter increased compared to those in the warm season in 

all of the three sites (Figure 57 to Figure 59). Due to the variation within the 

replicates, these differences were not statistically significant. When the statistical 

tests were performed by using MP loading, a significant difference between Summer 
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and Winter in the final effluent at site TRI and AS was found, further amplified by the 

inclusion of the FR. This did not occur at MBR because of the presence of the 

membrane. Overall, these results show that seasonality plays an important role 

which affects MP loadings. In Winter, the increased usage of clothes such as fleece 

jackets and jumpers that are made of synthetic fabrics can explain the increase of 

MPs in wastewaters compared to the warm season. To further support this, in section 

3.3.4 an analysis on the polymer types by season is discussed, and where it will be 

shown that a higher abundance of polymers linked to textile industry (e.g. PA, A-P-V, 

PES) occurred in the Winter season compared to Summer. 

Several studies in the literature have determined that high amounts of fibres are shed 

from washing machines during laundering; for instance, up to around 729,000 fibres 

could be released by a 6 Kg wash of clothes made of synthetic fabrics (Napper & 

Thompson, 2016). Furthermore, in Winter time an increase in the use of washing 

machines up to 700% has been reported (Takuma et al., 2006) and this combined 

with the need of warmer clothes in this season could affect the polymers’ 

concentration in wastewater (Ben-David et al., 2021; Browne et al., 2011; Erlandson 

et al., 2005). These claims are consistent with the results reported in this study, and 

supported by the analysis of both MP numbers and polymer types by season 

(polymers will be discussed in detail in section 3.3.4). 

In the literature, it has often been hypothesised that high wastewater flows would 

cause dilution in the numbers of MPs present (Kittipongvises et al., 2022; Murphy et 

al., 2016). However, research in freshwater and marine environments located in the 

proximity of urban areas has documented increased MP abundances during the rainy 

season compared to the dry season (Fok & Cheung, 2015; J.-H. Kang et al., 2015). 
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After accounting for flow rate, no dilution effect was observed and there was a 

distinct overall increase of MP loading due to the larger volume of wastewater going 

through the plants in the Winter period. Therefore, when only MP concentrations in 

a litre of wastewater are considered and counts are found to be lower in Winter, as 

opposed to other seasons, it might be thought that the abundance is reduced in the 

cold months. This is not the case when flow rate is included as an increase in total 

numbers is consequently seen. Therefore, this emphasises the importance of 

factoring in the flow rate when MP emissions are to be estimated. 

In those literature studies where concentrations of MPs l-1 in Winter were found to 

be comparable to or lower than those in Summer, the flow rate was not taken in 

consideration or it was not discriminated based on seasonality (Akarsu et al., 2020; 

Alavian Petroody, Hashemi, & Van Gestel, 2021; Ben-David et al., 2021; 

Kittipongvises et al., 2022; Mak et al., 2020; Prajapati et al., 2021). That is, the plant 

capacity or a daily average of the volume treated over the course of one year was 

used to extrapolate MP loadings, regardless of the season. Conley et al. (2019) had a 

similar approach to that of the present study, where the flow rates were separately 

calculated for each sampling event. However, they could not assess seasonality 

trends due to the insufficient number of samples collected on a seasonal basis. To 

our knowledge there is not yet research available that has examined the flow rate in 

detail at the seasonal level as presented by this research. In addition, samples were 

collected on a monthly basis at each of the three sites with a total of three seasonal 

replicates. The results presented by this study improve the understanding of the 

seasonal fluctuations and their impact on MP concentrations in wastewater. 

Therefore, these results highlight the importance of the analysis of seasonal 
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variations and of the integration of the flow rate to accurately estimate MP emissions 

in the aquatic environment. 

For this purpose, the medians of the MP loadings (MPs day-1) in raw sewage and final 

effluent were used to estimate the potential numbers of MPs that entered the 

WWTPs and the amounts discharged in the receiving waters, respectively, on a daily 

basis (Table 14a). Subsequently, daily MP estimates of the final effluent were used 

to calculate the potential annual MP emissions from each site (Table 14b). 

Table 14. Daily estimates of MPs in raw sewage in the three sites investigated and their discharge 
through final effluent (a). The potential annual emissions of MPs in the aquatic environment are also 
reported (b). Finally, the daily and annual estimates of MPs per capita are illustrated (c) 

(a) Daily MPs estimates 

Stage TRI MBR AS  

Raw 3.5 billion 22.8 billion 118 billion  
     

Final effluent            226 million 197 million 13 billion  
     

 

(b) Annual MP emissions 

Stage TRI MBR AS  

     
Final effluent            83 billion 72 billion 5 trillion  

     

 

(c) Daily and annual MPs per capita  

Stage TRI MBR AS  

Raw (daily) 181,000 326,000 228,000  
     

Final effluent 
(daily) 

12,000 3,000 32,000 
 

     

Final effluent 
(annual) 

4 million 1 million 12 million 
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Finally, daily MP estimates and annual MP emissions were used to estimate the MPs 

emitted daily per person in untreated wastewater and the daily and annual MPs 

emitted per person via final effluent (Table 14c). 

It should be reiterated that the numbers of MPs found in the effluent at site MBR 

were <LOD for all of the samples; therefore, they possibly derived from external 

contamination. Consequently, it is highly likely that the daily and yearly MP emissions 

presented for site MBR have been overestimated. 

The results obtained are compared specifically with those studies that accounted for 

flow to estimate the daily MP loadings in the final effluent. 

In the UK, Blair et al. (2019) and Murphy et al. (2016) have both looked at the >60 

µm size fraction and have found daily MP emissions in the aquatic environment to 

be around 22 million and 65 million, respectively. The types of WWTPs they 

investigated were a trickling filter using plastic media (Blair et al., 2019) and an AS 

process (Murphy et al., 2016). Compared to site TRI and AS, their estimates were 

found to be lower, despite the size of the catchment areas were bigger with 184,500 

p.e. (Blair et al., 2019) and 6.5 million p.e. (Murphy et al., 2016). Moreover, it is likely 

that the lower size cut-off in this study (38 µm, with particles detected down to 25 

µm), but especially the use of a semi-automated method (i.e. µFT-IR Imaging system 

combined with siMPle software) for MP characterisation have had an impact on the 

total numbers of MPs. 

Similarly, daily MP emissions through final effluent reported in other studies were in 

the range between 7.2 million and 150 million (Akarsu et al., 2020; Alavian Petroody, 

Hashemi, & Van Gestel, 2021; Ben-David et al., 2021; Prajapati et al., 2021); the type 

of treatments were not specified by the authors. These estimates are lower than 
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those presented here. The only results that are comparable to those of this study are 

reported by Conley et al. 2019, where three conventional AS processes (with 

180,000, 53,000 and 32,000 p.e.) were examined and MPs >60 µm in size considered. 

Their estimated numbers of MPs discharged in the environment were in the range of 

86 to 596 million of MPs day-1. 

Estimates made in this study found potential daily releases of MPs to be around 226 

million and 197 million for site TRI and MBR, respectively. Site AS had a much higher 

estimate with around 13 billion of MPs that may be discharged. As pointed out 

earlier, the main reason for the higher MP emissions found at site AS is due to this 

plant serving a larger catchment than sites TRI and MBR; therefore, greater volumes 

of water are treated on a daily basis. The linear component of the association 

between population equivalent (p.e.) and MP loadings at the three sites was found 

to be significant (r= 0.727, p= <0.001) (Figure 70). 

 

 

Figure 70. Spearman correlation plot of population equivalent (p.e.) and MP loading (MPs s-1) with 
fitted line plot in final effluent for site TRI, MBR and AS 
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It is worth reiterating that, with regard to site MBR, the results of secondary and final 

effluent samples could include MPs originating from external contamination. The 

results presented and discussed in this section have shown that MP emissions vary 

with seasonality and the magnitude mainly depends on the type of treatment and 

the population served by the WWTPs. Moreover, when the volumes of water going 

through the treatments were accounted for, the numbers of MPs increased 

considerably. 

Given that chemical risk assessment also relies on mass concentrations (Wagner & 

Lambert, 2018), an approximate estimate of MP mass was calculated assuming that 

the particles had a spherical shape. It is recommended that future studies perform a 

more accurate estimation of MP mass by considering the aspect ratio of the particles. 

Due to the high likelihood that particles in the final effluent at site MBR derived from 

external contamination, site TRI and AS only were included in the calculation. This 

study has estimated that an average of 474 Kg of MPs was released annually from 

these two sites via final effluent. Furthermore, an average of 24.5 g of MPs were 

emitted annually per person. Simon et al. (2018) used a similar semi-automated 

method of analysis to that of this research (µFT-IR coupled with siMPle software) and 

found a lower mass (average) of MPs discharged per person annually (0.56 g of MPs). 

This difference might be due to the different size range targeted (10 – 500 µm) and 

to the fact that they investigated a total of 10 WWTPs featuring AS technologies 

(Simon et al., 2018). 

To conclude, the overall estimations on the potential discharge from these three sites 

and in the literature in general are of concern due to the high numbers of MPs 
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detected in the final effluent. Despite the relatively high %Rtot observed (Table 6), 

these results indicate that WWTPs are pathways for MP transport from land to the 

aquatic ecosystems. 

It is difficult to compare WWTPs worldwide because of the variety of factors that 

could explain the differences in the estimates of MPs discharged that are found. 

These include (but are not limited to) aspects related to the characteristics of the 

plants (e.g. size and type of catchment area, type of technology used, combined 

sewer systems, flow rate), temporal variations, and factors related to the specific 

methodology applied (e.g. sampling equipment and processing, characterisation 

techniques). Therefore, this shows once again that standardised methods with 

robust systematic approaches are urgently needed in MP research to primarily 

overcome discrepancies across studies. 

 

3.3.2 Microplastic removal efficiency of different technologies 

In this section, the removal efficiency between stages (%RMPs) and the total removal 

efficiency between raw and final effluent (%Rtot) are discussed at each site and 

between seasons. They were calculated by using the median of the MP loadings of 

the three seasonal replicates. 

At site TRI (Table 15), the highest %Rtot was observed in Winter, followed by that of 

Summer and then Autumn. In terms of %RMPs, from the percentage reported it can 

be stated that the primary treatment was more efficient than the secondary 

treatment, although in Autumn this efficiency was considerably reduced. It is highly 

likely that the storming event that occurred during the collection of the first seasonal 

replicate in Autumn (Figure 62b) had an impact on the overall seasonal efficiency. An 
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additional reason could be attributed to some operational issues on site, which 

occurred in Autumn at the primary treatment and that may have caused an 

accumulation of sludge at this stage. 

Table 15. Percentage of MP removal efficiency by stage (%RMPs) and total removal efficiency between 
raw and final effluent (%Rtot) at site TRI by season 

%RMPs and %Rtot at site TRI 

Stages Summer Autumn Winter  

Raw to Primary 82.7    20.5   91.2  
     

Primary to Secondary                   28.3    14.3  -198.4  
     

Secondary to Final 
effluent 

                  62.3    82.3    84.6 
 

     
Raw to Final effluent                   95.3    87.9    95.9  

 

In Winter, MP retention had been observed between primary and secondary effluent 

caused by higher MP concentrations at the secondary stage, as observed in Figure 29 

(section 3.2.1). It is worth noting that at this site a final sedimentation tank is located 

between secondary and final effluent (Figure 18, section 2.3), where solids further 

settle before the wastewater is discharged. Therefore, the %RMPs obtained at this 

stage highlights the importance of this step (Table 15). The results presented for site 

TRI are in line with other studies; that is, the primary treatment is characterised by 

high removals (25 – 98%) compared to the performance of the secondary treatment 

which has a %RMPs usually in the range between 7 and 20%. As a result, higher 

numbers of MPs are expected to settle as part of the primary sludge compared to 

secondary sludge. The results of MP abundance in sludge will be discussed in the next 

chapter. 
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At site TRI, no significant difference was found in the MP removal (%RMPs) by stage 

between Summer, Autumn and Winter (%RMPs raw-primary: p= 0.113; %RMPs primary 

to secondary: p= 0.061; %RMPs secondary to final effluent: p= 0.061; %RMPs raw to 

final effluent: p= 0.252). Within stages at each season, a significant difference was 

found in Winter between the %RMPs primary-secondary and the %RMPs raw-final 

effluent (test statistic= -8.000, p= 0.039, n= 12). This was caused by the negative high 

values of the %RMPs primary-secondary indicating MP retention between primary and 

secondary effluent. 

With regard to site MBR (Table 16), the best performance of the system for MP 

removal was recorded in Winter, followed by that of Autumn and then Summer. 

Table 16. Percentage of MP removal efficiency by stage (%RMPs) and total removal efficiency between 
raw and final effluent (%Rtot) at site MBR by season 

%RMPs and %Rtot at site MBR 

Stages Summer Autumn Winter  

Raw vs Primary 69.7    -167   -69.9  
     

Primary vs Secondary                   98.3    99.5    99.4  
     

Secondary vs Final 
effluent 

                     -       -       - 
 

     
Raw vs Final effluent                   98.5    98.8    99.9  

 

 

A certain degree of retention was observed in Autumn and Winter between raw and 

primary stages. This was probably due to the temporary use of the lamellas on site 

as sludge storage when the capacity of the sludge holding tanks was exceeded (as 

explained in section 3.2.1). In Summer, when retention was not observed, it is clear 

that the majority of the removal happened at the secondary treatment – unlike site 
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TRI – because of the presence of the membrane. No value was reported between 

secondary and final effluent because there was no treatment in place between the 

two stages. There was not a significant difference in the MP removal, either between 

stages within each season (Summer: p= 0.059; Autumn: p= 0.063; Winter: p= 0.102) 

or between seasons at each stage (raw to primary: p= 0.733; primary to secondary: 

p= 0.559; raw to final effluent: p= 0.177). 

As for site AS (Table 17), MP retention was observed between raw and secondary 

stage in all of the seasons because of the high abundance of MP detected in the 

secondary effluent. This was probably determined by multiple factors that have been 

discussed in detail in section 3.2.1. 

Table 17. Percentage of MP removal efficiency by stage (%RMPs) and total removal efficiency between 
raw and final effluent (%Rtot) at site AS by season 

%RMPs and %Rtot at site AS 

Stages Summer Autumn  Winter  

Raw to Secondary                  -131.1  -5000.1 -3056.6  
     

Primary to Secondary                      -       -       -    
     

Secondary to Final 
effluent 

                 98.8    99.3    99.5 
 

     
Raw to Final effluent                  97.3    62.6    85.4  

 

 

As explained previously, the primary treatment was in place for only one of the two 

catchments where samples were collected, but due to time constraints imposed by 

the Covid-19 pandemic it was not possible to carry out the analysis. Therefore, no 

information can be provided for primary stage at this site. A high %RMPs (98.8-99.5%) 

was found between secondary and final effluent and it was similar between seasons. 
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The %Rtot at site AS was at its highest in Summer, it decreased in Winter and even 

further in Autumn. A significant difference was found between %RMPs raw-secondary 

and %RMPs secondary-final effluent (test statistic= -6.000, p= 0.022, n= 9) (Table 17). 

In a similar way to site TRI, this was caused by the negative high values indicating MP 

retention between raw and secondary effluent (Table 17). No statistical difference 

was seen between seasons at each stage (raw to primary: p= 0.304; secondary to 

final effluent: p= 0.501; raw to final effluent: p= 0.506). 

It has been argued that because of the reduced capacity of the particles to settle 

caused by the higher flow in Winter (Wolff et al., 2019), the MP removal efficiency 

from the wastewater stream should also be reduced (Ruffell et al., 2021). 

This was not observed in the present study where both TRI and MBR sites featured a 

higher performance in Winter compared to Summer and Autumn. On the contrary, 

the best MP removal efficiency at site AS was observed in Summer. This could be 

related to site AS being a large and complex plant characterised by a series of returns 

and mixing; therefore, it is possible that during high flow the overall efficiency may 

be reduced. 

The linear components of the associations between %Rtot and flow were found to be 

not significant in all of the sites (TRI: r= 0.150, p= 0.700; MBR: r= 0.267, p= 0.488, AS: 

r= 0.048, p= 0.911) (Appendix III, Figure S10). The investigation of %Rtot based on 

seasonality is lacking in the literature. Akarsu et al. (2020) and Conley et al.  2019 

concluded that there was not a clear trend in the %Rtot between seasons. In the 

former study, higher removals had been observed in the Summer months, but no 

flow rate was accounted for. 
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To conclude, the overall performance of the system varied between seasons at site 

TRI and AS, with the highest efficacy registered in Winter and Summer, respectively; 

whereas it was similar at site MBR because of the presence of the membrane. 

However, the differences for site TRI and AS were not statistically significant probably 

because a higher number of replicates within the season was needed. Therefore, an 

increase of the replication is recommended to future research to further explore 

%Rtot based on seasonality. 

 

3.3.3 Microplastic sizes 

In this section seasonal differences in MP sizes will be presented and discussed. The 

analysis will consist of the description of the particle size distribution (PSD) graphs by 

stage at each site and season, where the major dimension is shown. The results of 

statistical tests have been examined by using d50 and d90; the percentile d10 was 

not included because the corresponding size values were all the same (31.8 µm) due 

to the pixel-based analysis that assigns discrete values. The main focus has been on 

raw sewage and final effluent and the data have been investigated separately to 

avoid the mid-stages which skewed the trend when multiple comparison tests were 

carried out. 

In order to allow for comparison between seasons by stage, the scale in the y-axis of 

the PSD graphs has been kept the same. As discussed in section 3.2.2, in all of the 

three sites a general trend is observed with higher MP concentrations in the smallest 

size fraction (25 – 39 µm), which then decreased as soon as the particle size 

increased. 
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At site TRI (Figure 71), with respect to raw and final effluent, particles were found to 

have the longest dimension in Autumn and Winter, respectively. No particular 

seasonal trend could be identified and although the majority of the MPs had a size 

range between 25 and 159 µm, particles of larger sizes could be found in the final 

effluent, regardless of the season. However, no significant differences for d50 and 

d90 percentiles were found for both influent (d50: p= 0.368; d90: p= 0.240) and final 

effluent (d50: p= 0.093; d90: p= 0.225) between seasons. 
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Figure 71. Particle size distribution (PSD) graphs of the major dimension of MPs for raw and primary 
effluent (top) and secondary and final effluent (bottom) by season at site TRI. MP concentrations (MPs 
l-1) are reported on the y-axis 

 

Furthermore, the d50 and d90 between raw and final effluent within each season 

were not statistically different (d50: p= 0.100; d90: p= 0.100). With regard to the mid-

stages of the treatment, the primary effluent in Autumn was affected by a storming 

event ongoing during the collection of one of the three seasonal replicates. This is 

visible in the PSD graph where higher concentrations of MPs and particles of up to a 

size of 139 µm are mainly observed, compared to Summer and Winter. 
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The flow rates at site TRI between seasons were found to be significantly different 

between Summer and Autumn (test statistic= 14.333; p= 0.005; n= 36); while d50 

and d90 of primary effluent between seasons were not significantly different (d50: 

p= 0.102; d90: p= 0.115). As for the secondary stage, no statistical difference has 

been found between seasons (d50: p= 0.236; d90: p= 0.441). 

With regard to site MBR (Figure 72), in raw and final effluent the longest particles 

dimension has been reported in the Winter season at both stages. 
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Figure 72. Particle size distribution (PSD) graphs of the major dimension of MPs for raw and primary 
effluent (top) and secondary and final effluent (bottom) by season at site MBR. MP concentrations 
(MPs l-1) are reported on the y-axis. The PSD graph for secondary effluent in Winter has been plotted 
separately (see Fig.75) 

 

In the influent in Winter, a higher abundance of larger-sized particles can be 

observed. In the final effluent, the size classes <119 µm are mainly present in Autumn 

and Winter; whereas in Summer the abundance of the different size categories is 

more homogeneous across the size classes, except for the smallest size fraction. 

Nevertheless, statistically, no differences were observed between seasons for both 

raw (d50: p= 0.102; d90: p= 0.696) and final effluent (d50: p= 0.696; d90: p= 0.573). 
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Similarly, the d50 and d90 between raw and final effluent within each season were 

not significantly different (d50: p= 0.200; d90: p= 0.100). 

 

Figure 73. Particle size distribution (PSD) graph of the major dimension of MPs for secondary effluent 
in Winter, at site MBR. Please note the results of only one seasonal replicate are reported 

 

In the secondary effluent, the longest dimension has been observed in Winter (Figure 

73); the PSD plotted refers to only one of the seasonal replicates (the other two 

replicates could not be analysed due to time constraints imposed by the pandemic). 

Finally, at site AS in both raw sewage and final effluent the particles with the longest 

dimension were observed in Autumn (Figure 74), and no particular patterns were 

found between seasons. D50 and d90 between seasons were not significantly 

different in raw (d50: p= 0.149; d90: p= 0.707) and final effluent (d50: p= 0.477; d90: 

p= 0.350). As for the secondary effluent (Figure 74), in the Winter months, a slight 

increase in the abundance of MPs >100 µm can be seen. This could have possibly 

been affected by the storming event that occurred during the collection of one of the 

two seasonal replicates (the third one could not be collected due site inaccessibility 
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imposed by the pandemic); d50 and d90 between seasons were not statistically 

different (d50: p= 0.287; d90: p= 0.121). 
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Figure 74. Particle size distribution (PSD) graphs of the major dimension of MPs for raw and final 
effluent (top) and secondary effluent (bottom) by season at site AS. MP concentrations (MPs l-1) are 
reported on the y-axis 

 

Statistical tests for d50 and d90 between raw and final effluent within each season 

showed no significant differences (d50: p= 1.000; d90: p= 0.700). 

Furthermore, d50 and d90 of both raw samples and final effluents between sites by 

season were not significantly different (Appendix II, Table S7), except for final 

effluent in the Winter season for d50 (p= 0.038). However, once the p-values were 

adjusted by the Bonferroni correction for multiple tests, differences were not 

significant (AS vs TRI: p= 1.000; AS vs MBR: p= 0.121; TRI vs MBR: p= 0.066). 

A possible explanation for this could be that a higher number of replicates might be 

needed in order to confirm a potential statistical difference in the d50 between sites 

in Winter. 

When potential trends between flow rates and the size of MPs were explored, an 

interesting pattern was observed at site TRI in final effluent for both d50 (Figure 75, 
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top) and d90 (Figure 75, bottom), where the linear component of the (inverse) 

association was found to be significant (d50: r= -0.833, p= 0.005; d90: r= -0.703, p= 

0.035). 

 

 

Figure 75. Spearman correlation plot of flow rate (l s-1) and d50 major dimension (µm) with fitted line 
plot (top) at site TRI for final effluent. Spearman correlation plot of flow rate (l s-1) and d90 major 
dimension (µm) with fitted line plot (bottom) at site TRI for final effluent 

 



198 

Similarly, at site AS a trend was identified for the percentile d50 in raw sewage where 

the linear component of the (inverse) association was significant (d50: r= -0.733, p= 

0.039) (Figure 76). 

 

 

Figure 76. Spearman correlation plot of flow rate (l s-1) and d50 major dimension (µm) (a) with fitted 
line plot (b) at site AS for raw sewage 

 

To our knowledge, only one wastewater study – among those that have investigated 

seasonality – has included a comparison of MP sizes between seasons. Bayo et al. 

(2020) reported significantly smaller MPs in Autumn compared to the other three 

seasons (stage of treatment not specified). They hypothesised that in Autumn the 

run-off, due to heavy rainfalls, had caused MPs to fragment into smaller sizes, but 

they did not investigate flow rate. This was not observed in our study at TRI and AS 

sites where a storming event occurred in Autumn and Winter respectively. When 

seasons were examined discretely, no statistical difference were observed; however, 
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a trend between size and flow was identified. This highlights that rainfall does not 

necessarily correspond with seasonality. 

To conclude, it was observed that the percentiles at each site and for each season 

progressively increased from raw to final effluent (Table 18). As mentioned earlier in 

this section, no significant differences in sizes were found in raw and final effluents 

between seasons and also between raw and final effluent within each season, but 

negative trends were observed with flow. 
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Table 18. Summary table of the medians of the MP major dimension for d10, d50 and d90 percentiles 
by season and site at each stage 

 

 

There is an urgent need to investigate how seasonal fluctuations affect MP sizes in 

the treated effluent given that the size of a particle plays a key role in the 

concentrations of toxic compounds on MP surface. This focus on seasonality is 

RAW PRIMARY SECONDARY FINAL EFFLUENT

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 31.8 50 50 50

d90 major (µm) 100 128.1 128.1 129

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 31.8 31.8 55.2 80.9

d90 major (µm) 112.2 115.1 152.2 152

d10 major (µm) 31.8 - 31.8 31.8

d50 major (µm) 46.1 - 31.8 31.8

d90 major (µm) 126.2 - 80.9 115.1

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 31.8 31.8 31.8 50

d90 major (µm) 83.2 115.1 86.82 115.1

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 31.8 31.8 50 60.4

d90 major (µm) 104.1 95.7 116.7 128.1

d10 major (µm) 31.8 - 31.8 31.8

d50 major (µm) 31.8 - 31.8 50

d90 major (µm) 94 - 80.9 128.1

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 50 31.8 31.8 31.8

d90 major (µm) 80.9 104.1 80.9 100

d10 major (µm) 31.8 31.8 31.8 31.8

d50 major (µm) 31.8 31.8 95.7 60.4

d90 major (µm) 115.1 80.9 152.5 136.8

d10 major (µm) 31.8 - 31.8 31.8

d50 major (µm) 31.8 - 31.8 31.8

d90 major (µm) 101.4 - 46.1 104.1

Site TRI

Site MBR

Site AS

AUTUMN

Site TRI

Site MBR

Site AS

WINTER

Site TRI

Site MBR

Site AS

Percentiles
SUMMER
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currently lacking in literature studies mainly because of the challenging 

environmental conditions that characterise the highly variable wastewater systems. 

In this study, although no statistical differences were found across seasons, some 

observational statements potentially related to seasonality and flow were made. 

Therefore, future research should consider a higher number of replicates together 

with the integration of flow rate to evaluate the impacts of heavy precipitations on 

the MP sizes discharged. 

 

3.3.4 Microplastic polymers 

The changes in the polymer compositions of the different stages between seasons at 

each site are presented and discussed in this section. This is followed by the analysis 

of polymer types between sites across seasons, with respect to raw and final effluent. 

Statistical tests were not carried out due to time constraints. To investigate 

seasonality, the polymer proportions have been calculated by taking the median of 

the three seasonal replicates by stage (polymers l-1), given that the data are not 

normally distributed. 

At site TRI (Figure 77), the composition of polymers in Summer clearly differed from 

that of Autumn and Winter. A higher abundance of PE, PP, NR and AM throughout 

the treatment was observed in the warmer months as opposed to PA and A-P-V 

highly present especially in Winter. With respect to raw sewage, the proportions of 

low (52%) and high-density (48%) polymers were similar in Summer, but then the 

fraction of more dense MPs increased in Autumn (76%) and especially Winter (79%). 

As for the final effluent, a larger proportion of high-density polymers was mainly 

observed in Winter (75%) compared to Summer (30%). 
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As observed in section 3.2.3, those resins that are associated with the manufacturing 

of synthetic textiles (e.g. PA, PES, A-P-V) were found to be predominant in the 

influent samples of the three sites. It had been argued that the increased usage of 

warmer garments (e.g. fleece jackets) made of synthetic fabrics in Winter could 

explain this finding. This has also been suggested in the literature by a few studies 

(Ben-David et al., 2021; Browne et al., 2011; Hongprasith et al., 2020; Ruffell et al., 

2021). After analysing the polymer types present in wastewater based on 

seasonality, the results shown here further support and are consistent with the 

above-mentioned claim. 
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Figure 77. Proportions (%) of polymers for the different stages of the treatment by season at site TRI 

 

With regard to the mid-stages, PA was the predominant resin in Autumn and Winter; 

whereas, PE and PP predominated in the Summer season. This could suggest that in 

the colder months, when the concentrations of high-density polymers might be 

higher due to the higher usage of synthetic clothing, their capacity to settle is 

hampered by the higher flows, as observed in another study (Wolff et al., 2019). 
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Therefore, they can be found with a relatively high abundance in primary and 

secondary effluents. 

Unlike site TRI, the influent of site MBR (Figure 78) was dominated by high-density 

polymers, regardless of the season, with their proportion increasing from Summer 

(63%) to Winter (85%). In general, A-P-V, PA, PP and NR were the most recurring 

polymers. 

 

Figure 78. Proportion (%) of polymers for the different stages of the treatment by season at site MBR 
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The consistent presence of A-P-V, NR and PA in raw sewage at site MBR across 

seasons could be due to – besides to the usage of clothing – sources specifically 

present in the area. As highlighted in section 3.2.3, they could include for instance 

companies and facilities for the manufacturing of products for the maritime and 

building sectors. The primary stage in Summer was dominated by PA and PP; 

whereas, PA, NR and A-P-V were the most abundant in the colder months. 

Contrarily, the polymer profiles of the secondary and final effluents discharged after 

the membrane changed compared to those of raw and primary treatment. Around 

70% of the polymers present in the final effluent in Summer were low-density; 

whereas their proportion became more similar to that of high-density MPs in the 

Winter season. As for the secondary effluent, the less dense MPs predominated in 

Winter. It is challenging to find an explanation for this change; however, a hypothesis 

could be related to the potential contamination of these samples (e.g. atmospheric 

fallout, laboratory contamination) that had an impact on the types of polymers 

present. 

At site AS (Figure 79), in the secondary effluent the PA proportion clearly decreased 

from Summer to Winter, where the A-P-V cluster and the semi-synthetic CM 

polymers (e.g. rayon, viscose) dominated. In both raw and final effluent samples the 

most frequent polymers detected were NR (in raw), PA, PES and PP. In the final stage 

in particular PA and PES were the most abundant in Winter compared to Summer. As 

reported earlier, these polymers can be associated with the washing of synthetic 

textiles. However, elevated levels of PA (e.g. in raw Summer) and R3 and PP (in the 

final effluent) could also derive from local facilities. In the nearby area, production 
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sites for the automotive and aerospace sectors are situated. As described in section 

3.2.3, the proportion of high-density polymers was the largest in both raw sewage 

and final effluent and for this reason it had been suggested that site AS was the least 

efficient in removing denser MPs. With respect to seasonality, in Autumn and Winter 

the percentage of high-density MPs in the final effluent were ca. 60% and 75%, 

respectively; whereas in Summer it was around 40%. Therefore, this could indicate 

that the performance of site AS was higher in Summer than in the colder months. 

Indeed, this is further supported by the fact that the highest %Rtot at this site (Table 

17) was recorded in Summer (97.7%), compared to Autumn (60.4%) and Winter 

(85.2%). 

In the literature, there is no yet any research available on polymer types examined 

by seasonality; therefore, no comparison is currently possible. Regardless of 

seasonality, the association between flow rate and polymers was investigated to 

explore some possible trends, especially with regard to urban run-off.  However, no 

particular pattern was identified. Furthermore, as explained previously, tyre wear 

particles cannot be detected at the FT-IR; therefore, no polymer could have indicated 

road run-off. 
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Figure 79. Proportion (%) of polymers for the different stages of the treatment by season at site AS 

 

To conclude, the results presented here have shown that seasonality has not only an 

impact on MP abundance, but also on the polymer types present in the wastewater 

stream. To improve the knowledge on the potential sources of MPs in wastewaters 

and implement mitigation strategies, the identification of MP polymers is of crucial 

importance; especially at the seasonal level where variations could be better 

understood. Finally, semi-automated methods of analysis for particle 
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characterisation, such as the one presented in this study, are time-efficient, less 

prone to errors and allow the analysis of a representative portion of the sample. For 

these reasons, they represent a reliable tool to use for monitoring purposes. 

 

3.4 Water quality parameters 

In this section, the seasonal results for the water quality variables (COD, BOD, TSS or 

SS and NH4
+) are presented and separately plotted by site. At site TRI (Figure 80), 

measurements of the four parameters were taken for all seasonal replicates, except 

for BOD (Figure 80b) where results were only obtained for the first replicate (all of 

the seasons) and the second one (Winter) due to analytical issues. 

The line charts below show a clear drop in the concentration of these parameters 

from raw sewage to final effluents. Furthermore, compared to Summer, the values 

for the Winter seasons were generally lower, indicating a dilution of COD, BOD, TSS 

and NH4
+ due to the larger volume of wastewater flowing through the WWTPs in the 

colder months. 
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Figure 80. Line charts showing the seasonal results for COD (mg l-1) (a), BOD (mg l-1) (b), TSS (mg l-1) 
(c) and NH4

+ (mg l-1) (d) at site TRI 
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Correlation analyses between COD, TSS and NH4
+ and MP concentrations (MPs l-1) 

were carried out to investigate potential trends by stage. This was not possible for 

BOD due to the limited number of samples. The linear components of the 

associations were not significant (Appendix II, Table S8). 

At site MBR (Figure 81), a similar trend was observed for COD, BOD, TSS and NH4
+ 

whose values decreased from the initial to the final stage of the treatment. Winter 

values were also observed to be generally lower than those of Summer due to the 

dilution. 
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Figure 81. Line charts showing the seasonal results for COD (mg l-1) (a), BOD (mg l-1) (b), TSS (mg l-1) 
(c) and NH4

+ (mg l-1) (d) at site MBR 

 



212 

BOD results (Figure 81b) are missing for the second and third seasonal replicates in 

Autumn and Winter due to analytical issues. After performing correlation analyses 

between the four water variables and MPs, only the linear component of the 

(inverse) association between NH4
+ and MPs was found to be significant in both raw 

sewage (r= -0.669, p= 0.049) (Figure 82) and especially in final effluent (r= -0.783, 

p= 0.022) (Figure 83). This suggests that despite the presence of the membrane, 

NH4
+ might persist and be found in the effluent outfall at higher concentrations 

especially in the Summer season. Correlation analyses for the other variables are 

reported in the Appendix (Table S9). 

 

Figure 82. Spearman correlation plot of NH4
+ (mg l-1) and MPs (l-1) with fitted line plot at site MBR for 

raw sewage 
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Figure 83. Spearman correlation plot of NH4
+ (mg l-1) and MPs (l-1) with fitted line plot at site MBR for 

final effluent 

 

At site AS (Figure 84), in a similar way to the other two sites, the values for COD, BOD, 

TSS and NH4
+ decreased from raw to final effluent. However, an increment of those 

four parameters was recorded at the secondary stage. This was attributed to the 

presence of the mixed liquor in the samples; therefore, the high organic content at 

this stage had caused the values for COD, BOD, TSS and NH4
+ to increase. Specifically, 

at this stage of the treatment, carbon is used in the aeration lanes (Figure 20) to allow 

the denitrification process. As for COD, results are missing for the first replicate in 

Summer due to analytical issues (Figure 84a). 
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Figure 84. Line charts showing the seasonal results for COD (mg l-1) (a), BOD (mg l-1) (b), TSS (mg l-1) 
(c) and NH4

+ (mg l-1) (d) at site AS 

 

Correlation analyses were conducted at each stage to explore potential patterns 

between MPs and COD, TSS and NH4
+; they were not performed for BOD due to the 

limited number of samples. The linear components of the associations were not 

significant except between MPs and COD in the final effluent (r= -0.833, p= 0.010) 

(Figure 85). The correlation graphs for the other variables are reported in the 

Appendix II (Table S10). 
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Figure 85. Spearman correlation plot of COD (mg l-1) and MPs (l-1) with fitted line plot at site AS for 
final effluent 

 

Knowledge of the relationship between the wastewater physiochemical parameters 

and MPs is still in its early stages. Not many studies have investigated these 

interactions and the results reported to date are conflicting. 

In this study, no association was revealed between MPs and SS. Nonetheless, higher 

concentrations of MPs have been observed at high levels of SS. In contrast, an inverse 

significant association between MPs and SS was found by Bayo et al. (2020). In other 

studies a high organic load was accompanied by high MP concentrations (X. Liu et al., 

2019; Roscher et al., 2022). As for the COD, an interesting pattern was identified in 

the final effluent at site AS only, where the linear component of the inverse 

association between MPs and COD was significant. This was also observed by Bayo 

et al. (2020), but not by Roscher et al. (2022). With regard to the ammonium ions, 

some trends were observed between MPs and NH4
+ at site MBR in both raw and final 

effluent and a similar pattern was also reported by Bayo et al. (2020) for the influent. 
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To summarise, to date there are no conclusive results reported in the literature on 

the interactions between MPs and water quality parameters. There seems to be a 

close relationship between MPs and SS, and interesting negative trends have been 

identified in the present study with respect to ammonium ions and COD. Further 

work is required to improve the understanding on this potential associations and 

investigate whether the physiochemical parameters could be considered as 

indicators of the levels of MP pollution in wastewaters. 

 

3.5 Summary 

In this chapter the findings related to MP pollution in the wastewater stream of three 

sites have been presented and discussed. The first part focused on the second and 

third objectives of this thesis (see section 1.3) through the analysis of MP transport 

at each site and the comparison of MP removal between different treatments. This 

was carried out by examining MP abundance, sizes and polymer types within and 

between sites. MP counts were significantly lower in the final effluent compared to 

the influent in all of the sites. Some retention was observed at the primary (site MBR) 

and secondary stage (site TRI and AS). Regardless, the overall removal efficiencies 

ranged from 92.8% to 98.6% with the lowest percentage observed for the trickling 

filter treatment and the highest for the membrane bioreactor system. 

Due to the variation between replicates, despite the medians of MP abundances 

being different, no statistically significant differences were observed between the 

MP abundances in the influents between sites by stage. This highlights the inherent 

variability of the wastewater flows. On the contrary, significantly lower 

concentrations of MPs were found in the final effluent of the site featuring a 
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membrane system (site MBR) compared to that with an activated sludge process (site 

AS) and trickling filter (site TRI), thanks to the membrane. Due to the variability 

between replicates, no statistically significant differences in the MP abundances 

were found between sites TRI and AS. With respect to MP sizes, significantly larger 

particles were detected in secondary and final effluent at site MBR, and in the final 

effluent at site AS compared to early stages. It was hypothesised that this could be 

attributed to positive and neutrally buoyant MPs that have a large surface area (e.g. 

microfibres, films, sheets) which manage to avoid getting pulled into coagulation and 

evade the mid-stages of the treatment. Overall, in all of the sites the smallest size 

fraction (25 – 39 µm) was the most abundant, albeit the targeted size range examined 

in this study was 38 – 100 µm. This could be the result of fibres hitting the sieve 

horizontally and irregularly shaped particles that – although smaller than the mesh 

size – were retained on the sieve. Furthermore, significantly larger particles were 

found to be present at site MBR in both influent (compared to site TRI) and effluent 

(compared to site AS). The most recurring polymers in raw and final effluents were 

similar between sites and mainly included polyethylene, polypropylene, polyamide, 

nitrile rubber, polyester, acrylates-polyurethane-varnish and ethylene propylene 

diene monomer rubber. High-density polymers represented the largest proportion 

in the influents of the three sites. It had been observed that the type of treatment 

applied and the density of the particles affected the overall MP removal.  The 

reduction of dense polymers was higher at site MBR thanks to the presence of the 

membrane compared to site TRI and AS, where the latter was found to be less 

efficient at retaining high-density polymers. 
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The second part of the chapter fulfilled the fourth objective of the thesis and it was 

centred on seasonality and whether it influenced MPs numbers, sizes and polymers 

at each site. Due to the high variability of the seasonal replicates, despite differences 

in medians were observed, MP abundances in raw sewage and in the final effluent in 

Summer did not differ significantly from those in Winter within each site. Then, sites 

were compared seasonally by stage; whilst no significant differences were found in 

raw sewage, in the final effluent significantly higher numbers were present at site AS 

compared to site MBR in Autumn and Winter. No statistically significant difference 

between site TRI and MBR was found. Of importance, in order to assess the impact 

on MP counts of the volume of water going through the treatment which varies 

based on seasonality, the flow rate was integrated and the MP loading calculated. 

Significantly higher MP loadings were observed in raw sewage at site MBR in Winter 

compared to Summer, but not at site AS and TRI. In contrast, in these two sites 

significantly higher MP loadings were found in the final effluent in Winter compared 

to Summer. Therefore, these results suggested that in treatments where an ultra-

filtration system was not present, the discharge of MPs in waterbodies varied with 

seasonality. When the seasonal performance of the three sites was assessed by 

calculating the %Rtot, it was found that site TRI and AS were more efficient in Winter 

and Summer, respectively. The highest variation in %Rtot between seasons was 

reported for site AS; whereas site TRI and site MBR had a more similar performance 

throughout the course of the three seasons. In terms of sizes, statistical tests did not 

show conclusive results either at each site between seasons or between treatments 

by season. This may be due to the fact that a higher replication is needed to examine 

how seasonality impacts MP sizes. The polymer profile at each site clearly differed 



220 

across seasons with colder months characterised by a higher proportion of resins that 

are typically used in the manufacturing of synthetic garments. This further confirmed 

the hypothesis that seasonality besides affecting MP numbers, it also has an impact 

on polymer composition in wastewater both in raw sewage and final effluent. 

Finally, the results of the water quality variables were discussed. Although interesting 

patterns have been identified between some water quality variables and MPs, no 

conclusive results were obtained at this stage and further work is needed. 
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Results and Discussion: microplastics 

in sewage sludge 
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The primary focus of this thesis has been on wastewater because of time constraints 

imposed by the pandemic, therefore a general investigation has been conducted on 

sludge. This chapter presents the results for MPs in sludge samples with respect to 

MP abundance (section 4.1), sizes (section 4.2) and polymer types (section 4.3). 

Seasonality results and comparison between treatments will be examined and the 

comparison of the results between wastewater and sludge are also discussed. Finally, 

a summary is provided in section 4.4. 

 

4.1 Microplastic abundance 

All of the results reported in this chapter for MP abundance refer to grams of dry 

weight (g-1 DW). At site TRI, MP concentrations ranged between 7,018 and 390,454 

MPs g-1; at site MBR between 3,819 and 116,673 MPs g-1 and finally at site AS 

between 20,065 and 273,773 MPs g-1. 

 

Figure 86. Boxplots of MP concentrations (g-1) in sludge at site TRI, MBR and AS by season 
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In terms of seasonal variations in MP abundance, variations were highest in Autumn 

at all of the sites (TRI: 81,443 – 390,454 MPs g-1; MBR: 7,295 – 116,673 MPs g-1; AS: 

90,012 – 273,773 MPs g-1) compared to Summer (TRI: 7,018 – 11,987 MPs g-1; MBR: 

3,819 – 15,936 MPs g-1; AS: 20,065 – 116,690 MPs g-1) and Winter (TRI: 74,330 – 

172,512 MPs g-1; MBR: 16,526 – 72,876 MPs g-1; AS: 21,784 – 98,517 MPs g-1) (Figure 

86). Due to the high variability between replicates, despite differences in medians 

observed (especially at site TRI) no significant differences were found between 

seasons at each site (TRI: test statistic= 5.956, p= 0.051; MBR: test statistic= 3.467, 

p= 0.177; AS: test statistic= 1.361, p= 0.506) (Figure 86). 

Site TRI had the lowest %Rtot in Autumn (87.9%) compared to Summer (95.3%) and 

Winter (95.9%) (Table 15). In section 3.3.2, it was hypothesised that the storming 

event that occurred in Autumn combined with some operational issues on site during 

that season may have contributed to an overload of solids at the primary stage, which 

might have been resuspended due to the high flows. In fact, higher MP counts in 

wastewater in Autumn (141.8 – 4,181 MPs l-1) compared to Summer (72.4 – 231.6 

MPs l-1) and Winter (98.4 – 240.3 MPs l-1) (Figure 57, section 3.3.1) were observed. 

As a result, this accumulation of solids over the Autumn season may also explain the 

larger variation in MP counts mentioned previously and observed in the sludge 

compared to that of the other two seasons (Figure 86). 

At site MBR, due to the presence of the membrane, the concentration of MPs settled 

in the sludge was expected to be higher than that of site TRI, especially given that the 

size of the catchment area is larger (ca. 70,000 p.e.) than that of TRI (ca. 19,000 p.e.). 

This was not observed (Figure 86) probably because MBR is a recently built site 

(construction works were ongoing during sampling) and the sludge had not yet 
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accumulated over a prolonged period of time. Furthermore, unlike for wastewater, 

the sludge taken at each sampling event was sludge that had been accumulating for 

some days in the tanks. Therefore, what has been collected did not represent a 

snapshot of a specific moment in time. For this reason, future work should consider 

the collection of a higher number of seasonal replicates to have a better 

understanding of the seasonal concentrations of MPs in the sludge. At site MBR, the 

%Rtot  was similar across seasons (Table 16) with the highest removal recorded in 

Winter (99.9%); a corresponding increase of MPs in the sludge in this season was not 

observed (Figure 86). This was probably because the variation in the removal was 

minimal across seasons. 

Finally, site AS showed the highest %Rtot in Summer (97.7%, Table 17), although 

higher MP concentrations were observed in the sludge in Autumn (90,012 – 273,773 

MPs g-1) compared to Summer (20,065 – 116,690 MPs g-1). 

It could be that in the colder months overflows events were more frequent, therefore 

a higher load of solids settled over time during the treatment process and also in the 

storm tanks. After the heavy rainfalls, the solids that had been accumulating in the 

storm tanks were redirected to the site for treatment and may have contributed to 

the further increase of solids in the sludge. Correlation analyses between MP 

concentrations in the sludge and flow rate were carried out; specifically, the average 

of the flow rate of the seven days prior to sampling was considered. The linear 

components of the associations were found to be not significant (TRI: r= 0.46, p= 

0.205; MBR: r= 0.600, p= 0.088; AS: r= 0.190, p= 0.651) (Appendix III, Figure S11); 

these results were expected given that, as mentioned earlier, the sludge had been 

accumulating in the tanks for some time. 
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It can be observed that in Summer (Figure 87a) MP counts at site AS were almost 10x 

and 7x higher than those of TRI and MBR, respectively. In both Autumn (Figure 87b) 

and Winter (Figure 87c), a similar trend was present where site TRI showed the 

highest MP abundance (Autumn: 81,443.9 – 390,454.2 MPs g-1; Winter: 74,330.9 – 

172,512.6 MPs g-1) compared to MBR (Autumn: 7,295.8 – 116,673.3 MPs g-1; Winter: 

16,526.6 – 72,876 MPs g-1) and AS (Autumn: 90,012.8 – 273,773.9 MPs g-1; Winter: 

21,784.7 – 98,517.9 MPs g-1). Because of the large variation between replicates 

(especially in Autumn and Winter), concentrations of MPs in each season did not 

significantly differ between sites (Summer: test statistic= 5.422, p= 0.066; Autumn: 

test statistic= 2.849, p= 0.288; Winter: test statistic= 3.361, p= 0.186). 
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Figure 87. Boxplots of MP concentrations (g-1) in sludge at site TRI, MBR and AS in Summer (a), Autumn 
(b) and Winter (c) 

 

Finally, due to the large variation across the replicates at each site (Figure 88), MP 

counts between sites (regardless of the seasons) were not significantly different (test 

statistic= 4.445, p= 0.108). 
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Figure 88. Boxplots of MP concentrations (g-1) in sludge samples at site TRI, MBR and AS 

 

 

As illustrated earlier, since the sludge had been accumulating over several days in the 

tank upon collection, a higher frequency of the replications was needed to minimise 

the large variation observed in the results. For this reason, conducting a mass balance 

for MPs was not considered appropriate at this stage. This should be included in 

future research to improve the understanding of the dynamics of losses and 

contributions within the treatment process. 

To date, MP abundance in sludge has been found to be in the range between 1,000 

and 240,300 MPs Kg-1 of DW (Koutnik et al., 2021; Mahon et al., 2017; Q. Xu et al., 

2020; Ziajahromi & Leusch, 2022). The results obtained in this study revealed higher 

concentrations than those reported in the current literature since they were 

estimated to be between 3.8 and 390.4 million MPs Kg-1 DW. Horton et al. (2020) 

used the same software (siMPle) applied in this study and they also found higher 

numbers compared to previous research (between 301,000 and 10.4 million MPs Kg-
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1 DW). It is likely that semi-automated methods feature a higher level of accuracy in 

the quantification and characterisation of MPs compared to non-automated 

techniques (Horton et al., 2020). It is worth noting that, in a similar way to Horton et 

al. 2020, a subsample was taken for analysis due to the high presence of particulate 

matter present in solution. Therefore, since subsamples might not be representative 

of the whole sample, they could bring in more variability and the accuracy of the 

estimates might be affected. 

In order to calculate the abundance of MPs in the sludge produced on a daily basis, 

daily estimates of dry sludge production (Kg day-1) have been provided by the water 

company for site TRI, MBR and AS (Table 19). 

Table 19. Daily estimates (Kg day-1) of dry sludge at site TRI, MBR and AS 

Daily dry sludge production (Kg day-1) 

                TRI    MBR     AS  

            1,819 5,204        24,855  

 

 

After taking the median value of the MP counts of all of the sludge samples at each 

site and based on the sludge production data reported above, the daily estimates of 

MP abundance in the dry sludge (MPs day-1) from the three sites were calculated 

(Table 20). 
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Table 20. Estimates of MP counts (Kg-1) present in the dry sludge produced on a daily basis at site TRI, 
MBR and AS 

MP counts in daily dry sludge (MPs day-1) 

             TRI    MBR           AS  

       148 billion 86 billion              2.2 trillion  

 

 

In a similar way to wastewater, the large variation reported by different studies is a 

result of many factors that in this case include (but are not limited to) the sampling 

frequency, the number of samples collected, the type of WWTP considered, the stage 

of treatment (e.g. fresh sludge, dewatered sludge, digested sludge), temporal and 

spatial variations (Koutnik et al., 2021; Murphy et al., 2016; Rolsky et al., 2020). 

The impacts of seasonal variations on the concentrations of MPs in sludge have been 

rarely investigated. To date, research has documented that MP counts may be 

affected by seasons and weather conditions (Horton et al., 2020; X. Li et al., 2018; 

Rolsky et al., 2020; J. Yang et al., 2021). In the present study, abundances between 

seasons at each site did not differ statistically; however, MP concentrations were 

found to increase by a factor of 25.3, 3.8 and 4.5 from Summer to Autumn at site TRI, 

MBR and AS, respectively. Therefore, higher replication and frequency of sampling 

are highly recommended in future studies to have a better understanding of the 

seasonal variations of MP concentrations in the sludge. Furthermore, given that 

there is no current method that completely removes organic matter residues in 

sludge samples, it is important to analyse multiple aliquots extracted from the same 

sample to obtain a more accurate estimate. 
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Due to the high removal efficiencies of the WWTPs, the concentrations of MPs 

reported in the sludge samples are considered to be orders of magnitude higher than 

those in the final effluents. As a result, the load of MPs that could potentially be 

transported to land through the application of biosolids would be much greater than 

that of effluent outfalls in freshwater and marine ecosystems (Zhou et al., 2020). 

Despite the positive impacts that biosolids have on soil quality, thanks to the high 

content of nutrients and organic matter, it has been shown that they also represent 

a source of organic pollutants, heavy metals and MPs (Gaylor et al., 2013; van den 

Berg et al., 2020). Compared to other European countries, it has been reported that 

the UK has the highest land application rate (around 80%) and intensity of treated 

sewage sludge (Nizzetto et al., 2016). 

With respect to the potential impacts of MPs on soil ecosystems, earthworms have 

been studied the most since they represent sentinel organisms for soil quality. 

To date, the majority of the studies have implemented feeding experiments by 

testing high doses of MP concentrations (1-2% and up to 20% w/w) and reported 

effects included growth inhibition, death, damage to tissue, immune system, and 

enzyme activity (Zhou et al., 2020). Only recently, a few studies have used 

environmentally relevant concentrations (≤1% w/w). After testing MP 

concentrations equivalent to 1%, Wang et al. (2019) did not observe significant toxic 

effects on the earthworm species Eisenia fetida. To allow for comparison between 

the doses used in the experiment with the MP mass found in soils, they reported that 

the mass fraction of MPs in highly polluted farmlands (ca. 50 – 260 Kg ha-1) would be 

smaller than 0.01% w/w, which is two orders of magnitude smaller than the dose 

they used (J. Wang et al., 2019). In contrast, Chen et al. (2022), who used MP 
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concentrations of 0.02% w/w and investigated the same species, reported damage 

to the digestive and immune system. These results indicate that further research is 

needed to better understand the potential effects of MPs on fauna in the soils. 

Moreover, the understanding of the abundance of MPs in sludge and their fate in 

agricultural soils is an important prerequisite for the assessment of the toxicological 

risks that MPs may have to terrestrial ecosystems. Finally, further work is required to 

investigate the temporal variations of MP concentrations in sludge, which could help 

better target mitigation strategies for biosolids application on land. 

 

4.2 Microplastic sizes 

In this section, the analysis of the size of MPs detected in sludge is presented and 

discussed by site. As illustrated in section 3.2.2, the pixels are discrete and not 

continuous values because of the pixel-based analysis performed at the µFT-IR. 

Therefore, the same size value can occur many times and for this reason particles 

overlap and line-up in the scatterplot (Figure 89). 
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Figure 89. Scatterplots of major and minor dimensions (µm) of siMPle raw data by season at site TRI 
(a), MBR (b) and AS (c) for sludge samples. The total number of particles for each season is reported in 
brackets and is the sum of the seasonal replicates 

 

The numbers obtained in siMPle raw data (not standardised by gram of DW and 

reported in brackets as the sum of the seasonal replicates) are much higher than 

those actually displayed by season (Figure 89). 

Similarly, the observations for wastewater in section 3.2.2, the minor dimensions of 

almost all of the particles were <100 µm, which was the upper size cut-off in this 

study. As for the major dimensions, for most of the MPs they were >100 µm. This 

could be attributed to the presence of long and soft particles that could potentially 

pass through the sieve (Treilles et al., 2020; Ziajahromi et al., 2017). 

The percentile d10 was not included because they all corresponded to the same size 

(31.8 µm) due to the pixel-based analysis that assigns discrete values. 
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Figure 90 to Figure 92 show the PSD of the major dimension of MPs detected in 

sludge at each site by season. As it had been observed for wastewater, MP 

concentrations increased as particle size decreased; indeed, the most abundant size 

fraction in all of the three sites, regardless of the season, was the smallest (25 – 39 

µm). This fraction was followed by particles that were mainly distributed in the 40 – 

119 µm size range. 

At site TRI (Figure 90), bigger particle sizes were observed in Winter (up to 379 µm), 

as opposed to Autumn (up to 259 µm) and Summer (up to 159 µm). This could be 

attributed to the larger volumes of water entering the plant that may bring in larger-

sized MPs. D50 was not statistically different between seasons (p= 1.000); while the 

d90 was found to be significantly different (p= 0.046). However, the p-values 

adjusted by the Bonferroni correction for multiple tests were not (Summer-Autumn: 

p= 1.000; Summer-Winter: p= 0.052; Autumn-Winter: p= 0.213). A possible 

explanation for this could be that a higher number of replicates might be needed in 

order to confirm a potential statistical difference for d90 between seasons at site TRI. 
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Figure 90. Particle size distribution (PSD) of the MPs' major dimension in sludge samples at site TRI by 
season 

 

Unlike site TRI, MPs of up to 339 µm in size were detected within sludge at MBR in 

Summer (Figure 91). The largest particles were found in Winter (up to 399 µm); 

whereas in Autumn the maximum length of MPs was 179 µm. The percentiles were 

not significantly different between seasons (d50: p= 0.368; d90: p= 0.136). 
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Figure 91. Particle size distribution (PSD) of the MPs’ major dimension in sludge samples at site MBR 
by season 

 

Finally, at site AS, unlike TRI and MBR, MPs up to a size of 599 µm were found in the 

sludge in Summer; whereas smaller-sized particles were detected in Autumn (up to 

159 µm) and Winter (up to 139 µm). The differences between seasons with respect 

to d50 (p= 0.149) and d90 (p= 0.062) were not statistically significant. 
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Figure 92. Particle size distribution (PSD) of the MPs' major dimension in sludge samples at site AS by 
season 

 

Statistical tests were conducted by season between sites to explore if there were 

differences across treatments. No significant differences were found in Summer 

(d50: p= 0.236; d90: p= 0.055), Autumn (d50: p= 1.000; d90: p= 0.318), or Winter 

(d50: p= 1.000; d90: p= 0.132). Finally, no significant differences were found between 

treatments regardless of seasonality (d50: p= 0.274; d90: p= 0.111). Of note, in 

section 3.2.2, MP sizes (d90) for both raw and primary effluent were found to be 

significantly different between sites TRI and MBR, with larger particles detected at 

MBR. However, no statistical difference was found for sludge between these two 

sites. It is likely that a higher number of replicates is needed to observe significant 

differences with respect to MP sizes between sites and between seasons at each site. 

In order to compare MP sizes between final effluent and sludge, regardless of 

seasonality, Mann-Whitney U test were performed on d50 and d90. At site TRI, the 
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test revealed that significantly larger particles were present in the final effluent for 

both d50 (test statistic= 18.000; p= 0.050; median= 40.9µm) and d90 (test statistic= 

7.500; p= 0.002; median= 125µm) compared to sludge (d50 median= 31.8µm; d90 

median= 50µm). It should be highlighted that at this site no significant differences in 

MP sizes were found between wastewater stages, except for d90 (section 3.2.2), but 

the p-values adjusted by the Bonferroni correction for multiple tests were not 

significant (Table7). In light of these results, it is likely that by increasing the 

replication, statistical differences between wastewater stages may be found. 

At site MBR, significantly larger particles were observed in the final effluent for both 

d50 (test statistic= 6.000; p= 0.001; median= 60.4µm) and d90 (test statistic= 6.000; 

p= <0.001; median= 136.8µm) compared to sludge (d50 median= 31.8µm; d90 

median= 80.9µm). It is worth noting that, as pointed out throughout the thesis, MPs 

detected in the final effluent at site MBR were probably the result of external 

contamination given that they were found in concentrations <LOD. 

Finally, at site AS no significant differences in size were found between sludge and 

final effluent for both d50 (p= 0.798) and d90 (p= 0.105), although significantly larger 

particles had been found in the final effluent compared to secondary effluent 

(section 3.2.2). This inconsistency could be due to the fact that the sludge taken 

during sample collection had been accumulating in the tanks for some time, which 

could increase the variability in terms of MP sizes that could be found. 

To summarise, the size of MPs generally increased through the wastewater process 

from raw to final effluent and smaller MPs were detected in the sludge compared to 

final effluent (Table 21). 
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Table 21. Summary table of the medians of the MP major dimension for d10, d50 and d90 percentiles 
in wastewater and sludge at site TRI, MBR and AS 

 

 

Correlation analyses were carried out to explore if the increase in larger particles in 

the final effluent corresponded with a decrease in larger particles in the sludge, but 

results were not conclusive (Appendix II, Table S11). Further work is needed to better 

investigate whether MP removal is affected by the size of the particle. 

A higher number of smaller MPs have been detected in the sludge probably because 

they have a higher likelihood to be trapped in solid flocs during aggregation and 

coagulation processes due to their small sizes (Katrivesis et al., 2019; Ma et al., 2019; 

Pivokonsky et al., 2018; Z. Wang et al., 2020). In contrast, larger particles are likely to 

be films and microfibres that have a large surface area, thus may stay afloat than the 

smaller MPs and manage to by-pass the mid-stages of the treatment. 

To date, the findings of those studies where both wastewater and sludge samples 

were analysed are conflicting. The results of the present study were found to be 

similar to some research where it had been reported that smaller MPs were present 

in the sludge compared to final effluent (Lee & Kim, 2018; X. Liu et al., 2019); whereas 
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in other studies larger MPs were detected in the sludge (Kazour et al., 2019; Murphy 

et al., 2016; Rasmussen et al., 2021). 

These inconsistencies can be mainly attributed to three factors: (1) different 

analytical methodologies applied from sample collection to MP characterisation; (2) 

the type of treatment investigated; and (3) the size range considered. Therefore, 

these observations and results further highlight the importance of establishing 

standardised methods in MP research to be able to carry out a comparative analysis 

across studies and improve the understanding of MP removal with respect to size. 

 

4.3 Microplastic polymers 

In this section the polymers identified in the sludge at each site are presented and 

discussed. At site TRI, the polymer present in highest abundance was PA, followed by 

NR, A-P-V, R1 and R3; the high-density resins constituted around 78% of the total 

(Figure 93). These results indicate that despite being positively buoyant, some 

polymers (i.e. NR and R1) settled in the sludge, probably as a result of agglomeration 

or coagulation processes. Although the samples collected at different wastewater 

stages did not represent the same ‘parcel’ of water, it can be observed that between 

secondary and final effluent (Figure 46, section 3.2.3) a large fraction of PA had 

dropped out in the final sedimentation tank (Figure 18). Therefore, this indicates that 

this step between secondary and final stage has a high removal efficiency (81.9%) as 

also highlighted in Table 6 and in section 3.3.2. Finally, with regard to NR, the highest 

proportion was found in raw (36%) (Figure 46), which was then progressively reduced 

throughout the treatment to a small percentage (2 – 6%) after settling in the sludge 

(Figure 93). 
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With regard to site MBR, the high-density polymers represented the largest fraction 

(73%). The polymer cluster A-P-V predominated in the sludge and it was followed by 

PA, NR and PES and then a small percentage of PE, PP, and R1 (Figure 93). In a similar 

way to site TRI, low-density resins can be found in the sludge after being trapped in 

solid flocs. 

 

Figure 93. Proportion (%) of polymers in sludge samples at site TRI, MBR and AS 

 

 

In both raw and primary effluent, PA, A-P-V, NR and PES were largely present (Figure 

47). After the membrane, a distinct change in the polymer profile in secondary and 

final effluent was observed (Figure 47), whereas the polymer profile in the sludge 

was found to be similar to that of raw and primary effluent (Figure 93). 

Finally, sludge at site AS was dominated by A-P-V, PA and NR (Figure 93) and as 

observed for sites TRI and MBR, the high-density polymers were the most abundant 

(75%). Unlike sites TRI (36%) and MBR (28%), a higher percentage of dense MPs had 

been found in final effluent (60%) (Figure 53, section 3.2.3), and which was mainly 
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constituted of PA. In fact, the predominant proportion observed in sludge was 

represented by the A-P-V cluster (Figure 93). The density of A-P-V (1.09 - 1.2 g cm-3) 

is slightly higher than that of PA (1.02 – 1.14 g cm-3) (Table 11), consequently there 

could be a selective removal of the denser A-P-V polymers in the sludge compared 

to PA. 

A recent systematic review by Ziajahromi and Leusch (2022) on MPs in biosolids and 

agricultural soils has reported a consistency in the polymer profiles between the two 

environmental matrices indicating the role that sludge application on land plays in 

terms of MP pollution. The most common resins reported by sludge studies are PES, 

PP, PE and PA; whereas less frequent polymers included PVC, PS and ACRY (Chae & 

An, 2018; Zhou et al., 2020). 

In all of the three sites, the most predominant polymers were PA, A-P-V and NR. 

Resins such as PP, PES, R3 (ethylene propylene diene monomer), R1 and PVC were 

also detected, but present in a smaller percentage (Figure 94). Therefore, compared 

to other sludge studies, PES, PP and PE were found to be less abundant. This may be 

related to the type of sources present in the catchment area, to the use of a semi-

automated method for MP characterisation and more importantly to temporal 

variations. To date, the majority of the studies have conducted sample collection in 

a short time frame (e.g. within days or weeks). On the contrary, in this work, seasonal 

sampling allowed to capture the variability deriving from MP sources and uses over 

the course of a 9-month period, and which was observed in raw and final effluent 

samples in section 3.3.4. 
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Figure 94. Pie charts of sludge at site TRI, MBR and AS. Percentage (%) values were calculated from 
the median of the polymer concentrations (polymer l-1) 

 

It is important that future wastewater and sludge studies consider long time frames 

for sample collection in order to account for the variability with regard to the sources 

of MPs over several months. 

Furthermore, in all of the three sites the majority of MPs in sludge were of high-

density with similar proportion across sites. This is a finding that further reinforces 

what has been observed in the current literature, where denser MPs generally tend 

to settle as part of the sludge. These results have shown that density represents one 

of the main drivers of MP removal in the wastewater treatment process. 

 

4.4 Summary 

The focus of this chapter was on the results obtained for sludge samples collected at 

site TRI, MBR and AS. Analyses were carried out with regard to MP abundance, size 

and polymer types. MP concentrations in the sludge were found to be on average up 
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to 1.6x higher than those reported by previous studies and it was observed that this 

could be attributed to the higher level of accuracy provided by semi-automated 

methods, such as the µFT-IR Imaging System used in this study combined with siMPle 

software. Due to the high variability between replicates, despite differences in 

median MP abundances between seasons at each site, specifically between Autumn 

and Summer, MP numbers were not significantly different. It was hypothesised that 

the higher flows and frequency in storming events at the beginning of the cold season 

could lead to an accumulation of solids throughout the treatment and in the storm 

tanks. 

Because of the large variation observed between seasonal replicates, despite the 

medians being different (especially in Autumn), MP abundances did not differ 

significantly between sites in each season. 

For the same reason, no statistically significant differences were observed between 

the MP abundances at the different sites, regardless of seasonality. 

In terms of MP size, particles in sludge featured a similar trend to that observed in 

wastewater where the most abundant fraction was the smallest (25 – 39 µm), then 

MP numbers decreased as the size increased. No specific seasonal patterns in size 

were identified within and between sites. Moreover, no statistical differences were 

observed between sites, regardless of seasonality. Finally, the sizes of MPs detected 

in the sludge were compared with those in the final effluent; significantly smaller 

particles were found in the sludge at those sites that featured a trickling filter and 

membrane bioreactor (sites TRI and MBR), but not where the activated sludge 

process was applied (site AS). Previous studies have reported conflicting findings; 

some research has presented similar results to those of this study, whereas other 
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works have found larger particles in the sludge. This could be due to differences in 

methods applied, although the size range targeted and the type of treatment 

considered could also affect the results. 

With regard to MP polymers, similar polymer profiles to those of the early stages of 

the treatment were found in the sludge. The largest proportion in all of the sites was 

represented by high-density resins suggesting that MP removal in WWTPs is driven 

by the density of MPs. Finally, the most predominant polymers were PA, A-P-V and 

NR, whereas the most commonly detected polymers in previous studies are PE, PP, 

PES and PA. The longer time frame during which sampling was carried out, compared 

to previous studies, may account for the variability of the different sources of MPs 

over several months and may explain the prevalence of different polymers from 

those found in the literature. 
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General Discussion 
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The overall aim of this research project was to assess whether WWTPs act as a point 

source and/or a diffuse source of MPs via final effluent and sludge. To fulfil this scope, 

several objectives were set out and are listed below: 

1. To optimise a simple, inexpensive and time-efficient method for the organic 

matter removal in wastewater and sludge samples 

2. To improve the understanding of the transport and fate of MPs through the 

wastewater treatment process 

3. To compare MP removal from sites that adopt different treatment 

technologies 

4. To assess if and how seasonality affects MP abundance, sizes and polymer 

types both in sludge and wastewater samples 

 

In this chapter, the general findings of this project with respect to these four 

objectives are discussed. Section 5.1 presents a general discussion on the optimised 

method for the organic matter degradation (objective 1), followed by section 5.2 on 

the comparison of MP transport and fate in different systems and the influence of 

seasonality (objectives 2 to 4). The contributions to knowledge of this thesis are 

highlighted throughout this chapter and the limitations of this study are also 

reported. Finally, potential interventions, conclusions and recommendations for 

future research are discussed in sections 5.3 and 5.4. 

 

5.1 Method optimisation for the removal of the organic matter 

With regard to the first objective, section 2.2 has presented an optimised method for 

the organic matter removal in wastewater and sludge samples by performing 
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sequential digestions with Fenton’s reagent. The overall contribution to knowledge 

of this section of the thesis goes toward the establishment of a standardised 

methodology for the purification of these complex and organic-rich matrices. To 

date, one of the major bottlenecks in MP research is the lack of standardised 

methodologies, from extraction to characterization of MPs in environmental 

samples. Current research methods are diverse, making the comparability of data 

more difficult across studies. Therefore, it has been emphasised the necessity of 

having a homogeneous approach to sample processing, while defining the 

concentrations of MPs and their spatial and temporal patterns (Miller et al., 2017; 

Renner et al., 2018). In addition to these aspects, the inherent variability of 

wastewater systems and the variety of the technologies applied have to be 

accounted for. There is also a growing need to implement techniques that are semi-

automated for the reliable detection and characterisation of smaller-sized MPs (<100 

µm) to overcome the technical challenges associated with examining smaller 

fractions (P. Kang et al., 2020; Sun et al., 2019). This is because some studies have 

shown that around 60% of MPs found in the final effluent of WWTPs were smaller 

than 100 µm (Conley et al., 2019; Edo et al., 2020; Gatidou et al., 2019; Kazour et al., 

2019; X. Liu et al., 2019). Moreover, from an eco-toxicological point of view, the large 

surface-area-to-volume ratio makes the assessment and quantification of smaller 

size range MPs important in understanding their potential impacts (Besseling et al., 

2019; Hung et al., 2021; Huvet et al., 2016; Koelmans et al., 2016; Rochman et al., 

2014; Strungaru et al., 2019). 

For this reason, in this study, it was decided to target the sub-hundred-micron size 

range (38 – 100 µm) and considered appropriate to carry out recovery experiments 
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with manufactured MPs down to a size of 38 µm as opposed to 63 µm, which 

represented the smallest MP size used in recovery experiments to date (Table 2, 

pag.40). The recoveries obtained fell within the range reported in the literature (60 

– 100%, Table 2) and showed the validity of multiple cycles of Fenton’s reagent for 

the degradation of the organic matter and of the method in general applied in this 

project. Another important aspect refers to this study being one of the few where 

the area of the filter scanned by a µFT-IR imaging system ranged between 69 and 

95%, which is considered sufficient in terms of data reliability (Mintenig et al., 2020). 

It is worth noting, with regard to sludge samples, that subsamples were taken due to 

the presence of particulate matter in solution (acknowledged in sections 2.5 and 2.6), 

which has also been reported by other studies (Horton et al., 2020; Mintenig et al., 

2017). 

In particular, residues identified as belonging to the stearic acid group have been 

found to interfere with the IR signal and as a result they were misassigned to 

polyethylene chlorinated polymer. Due to time restrictions imposed by the 

pandemic, it was not possible to analyse all of the samples on siMPle software with 

an updated reference database. Subsequently, it was decided to remove this polymer 

from the dataset to avoid an overestimation on MP numbers. This represents a 

limitation of this study and future work should consider investigating targeted 

removals of these interference materials in sludge samples. Other limitations refer 

to the fact that siMPle software does not currently discriminate between fragments 

(or other shapes) and fibres and that FT-IR does not detect tyre wear because of the 

presence of carbon black. Other chemical analysis methodologies for polymer 

characterization could be performed as an alternative to µFT-IR or to complement 
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this technique, such as µRaman, pyrolysis-gas chromatography-mass spectrometry 

and thermos-extraction and desorption gas chromatography-mass spectrometry 

(Primpke, Christiansen, et al., 2020). The suitability of silver filters used has not been 

tested with these other techniques, as this was beyond the scope of this work. Finally, 

sequential digestions with Fenton could also be applied for batch processing and 

monitoring purposes given the shorter time frame needed to process the samples 

compared to other methods. To process 10 samples the total duration of the analysis 

was of 7 – 8 days as opposed to studies where enzyme purification has been 

performed and where the digestion time alone ranged from 4 days up to 13 days 

(Cunsolo et al., 2021; Löder et al., 2017; Mintenig et al., 2017; Simon et al., 2018). 

In conclusion, this study has contributed to improve the knowledge on MP analysis 

of the sub-hundred-micron size range in complex matrices by proposing multiple 

cycles with Fenton’s reagent as a valid alternative to current protocols and a good 

compromise as a low-cost and time-efficient procedure. These advantages over 

other available methods mean the method is suitable for analysis of large numbers 

of samples allowing robust monitoring datasets to be generated. 

 

5.2 Microplastic transport, fate and impacts of seasonality 

Over the past years, MP research has focused extensively on the marine environment 

and only recently research has started addressing the lack of attention on terrestrial 

and freshwater ecosystems. The investigation of WWTPs worldwide is limited 

especially on how MP removal is affected by the different types of technology applied 

and how seasonality impacts concentrations, sizes and polymer types of MPs. 

Furthermore, only a handful of wastewater studies have also looked at MPs in sludge. 
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In this thesis, these aspects have been discussed in detail in section 3.2, 3.3 and 4.1 

to 4.3. In the following sections, the summation of the project findings is presented 

for MP abundance, sizes and polymer types. 

 

5.2.1 Microplastic abundance 

Significantly smaller MP concentrations were found in the final effluent compared to 

raw sewage in all of the sites except at AS. This was attributed to a higher number of 

replicates per stage at AS needed in order to confirm a potential statistical difference. 

The total removal efficiencies were found to be 92.8%, 98.6% and 91.2% at site TRI, 

MBR and AS, respectively. Site MBR had the highest total percentage removal thanks 

to the presence of membrane fibres with an average pore size of 0.03 µm, which 

retained almost all of the particles. In the final effluent at MBR all of the samples had 

a MP concentration below the limit of detection and it was concluded that those MPs 

might derive from external contamination. Therefore, it was recommended that 

future studies sample a higher volume of final effluent in order to identify MPs above 

the detection limits. For this reason, the actual %Rtot for MBR was very likely to be 

close to 100%; the %Rtot of sites TRI, MBR and AS fell within the range observed in 

the literature (Cheng et al., 2021; Lares et al., 2018; R. Michielssen et al., 2016). 

Overall, the findings of this study revealed higher concentrations in both raw and 

final effluent at the three sites compared to those in the literature. It has been 

concluded that the semi-automated method applied combined with the analysis of 

the sub-hundred-micron size fraction have led to a more accurate estimation of the 

MP counts, as also observed by another study where a similar method was used 

(Horton et al., 2020). Trickling filters and membrane bioreactors have been 
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investigated the least; whereas AS processes were the most common technology 

examined. In terms of MP transport, at site TRI results were found to be in line with 

the literature (Lee & Kim, 2018; R. Michielssen et al., 2016) with the majority of the 

particles being removed at the primary treatment (73.9%); this was also observed in 

the seasonal analysis. Some retention was found at the secondary stage, specifically 

in Winter, probably because of the resuspension of solids as a result of the high flows 

caused by the increased frequency of precipitation in cold months. The majority of 

the studies that focused on trickling filters did not examine MP transport, therefore 

a more detailed comparison was not possible. MP retention also occurred at site MBR 

at the primary stage due to the build-up of solids in the lamellas, which were used as 

a temporary storage for sludge when the capacity of the sludge tanks was exceeded 

on site. In particular, this was observed in Autumn and Winter, but not in Summer. 

Possibly, an increase in the sludge production during the cold months, as a result of 

the high flows, had caused high numbers of solids to settle in the storm tanks and 

which were later diverted into the treatment process. The MP concentrations in the 

final effluent of membrane reactor systems reported in the literature were <1 MPs l-

1 and lower than those found in this study (median: 17.3 MPs l-1). This further 

supports the hypothesis that the effluent samples collected at MBR were likely 

contaminated. At site AS, the primary stage was not investigated because primary 

samples had only been collected for Raw1 catchment (the primary treatment for 

Raw2 catchment was not in operation). Furthermore, only 2 primary samples out of 

8 were analysed by the µFT-IR due to time constraints imposed by the Covid-19 

pandemic. MP retention was observed at the secondary stage at site AS due to the 

presence of high organic content in the mixed liquor, where MPs can be trapped in 
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microbial flocs as suggested by the recent literature (Enfrin et al., 2019; Kelly et al., 

2021). 

In terms of seasonal total percentage removal, both site TRI and MBR showed the 

highest removal in Winter as opposed to AS that was found to be more efficient in 

Summer; this could be due to AS being a large and complex plant that may have a 

reduced efficiency during high flows. Furthermore, a significant lower concentration 

of MPs in the final effluent was found compared to secondary effluent, similar to the 

observations of two studies in the literature where AS processes were not coupled 

with tertiary treatments (Bayo et al., 2020; Murphy et al., 2016). The three 

technologies studied were compared and significantly higher counts were seen in the 

final effluent of both site TRI and AS versus those found at MBR. In the influent, no 

statistical difference was seen between sites due to the large variation of the 

seasonal replicates, although counts at site AS were twice those observed at TRI due 

to the differences in the size of the catchment area. It is acknowledged that this 

variability could be overcome by increasing the numbers of replicates or by collecting 

24h-composite samples instead of grab samples. Intra-day fluctuations and 

variations between replicates have been reported in previous studies (Ziajahromi et 

al., 2021). 

The focus on seasonality in the present study was key to the understanding of the 

fluctuations in the MP abundance over the course of several months. To further 

explore this aspect, flow rate was integrated to estimate the MP loading to and from 

the WWTPs examined. Currently, the investigation of seasonality in wastewater 

studies coupled with flow rate has been researched the least. For this reason, it 

represents one of the main contributions to knowledge of this thesis. One study had 
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a similar approach to that of this project, but they could not assess seasonality due 

to insufficient replication (Conley et al., 2019). 

Results have shown that MP concentrations (MPs l-1) did not differ statistically when 

seasons were investigated discretely from flow, either in raw or final effluent, despite 

the observed differences in medians between Summer and Winter. Flow rate in all 

of the three sites increased from Summer to Winter due to the increase of rainfall in 

the cold season, which led to a larger volume of water going through the plants. MP 

loadings (MPs s-1) in the influent in Winter were significantly higher than Summer at 

MBR, but not at TRI and AS. With regard to the effluent, statistical differences 

between Summer and Winter loadings were seen at TRI and AS, indicating the impact 

of flow rate. Therefore, when only MP concentrations in a litre of wastewater are 

considered and counts are found to be lower in Winter, as opposed to other seasons, 

it might be thought that the abundance is reduced in the cold months. This is not the 

case when flow rate is included as an increase in total numbers is consequently 

observed. Therefore, this emphasises the importance of factoring in the flow rate 

when MP emissions are to be estimated. For this reason, inconsistencies are found 

in those studies that examined seasonality where flow rate was not accounted for 

(Akarsu et al., 2020; Alavian Petroody, Hashemi, & Van Gestel, 2021; Ben-David et 

al., 2021; Kittipongvises et al., 2022; Mak et al., 2020; Prajapati et al., 2021). 

Correlation analyses were carried out to explore the trends between MPs and the 

water quality variables (SS, NH4
+, COD, BOD). The results were not conclusive, 

although interesting patterns were identified with respect to SS, COD and NH4
+. 

Research on these interactions is still in its infancy and the preliminary observations 

reported in this study showed that more work is needed to investigate whether the 
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physicochemical parameters could be considered as indicators of the levels of MP 

pollution in wastewaters. 

Given the relatively high MP removal in wastewater, the abundance of MPs in sludge 

is acknowledged to be orders of magnitude higher than that of wastewater (Zhou et 

al., 2020). MP research on sludge and soil ecosystems has therefore been growing in 

the last few years. Various studies have shown that once MP are present in soils, they 

can breakdown and contribute to the formation of nanoplastics, resulting in a higher 

bioavailability of these particles to invertebrates (e.g. earthworms) and other 

organisms (Karbalaei et al., 2018; Rillig, 2012). The fragmentation process could pose 

further risks since MPs could potentially sorb contaminants on their surface; in 

addition, it has been shown that MPs could have an impact on the physical properties 

of the soils and on plant growth (de Souza Machado et al., 2019; Rillig & Lehmann, 

2020). In a similar way to the findings reported for wastewater, MP counts in sludge 

were higher than the range reported in the literature, most likely because of the 

semi-automated method applied in this study. No statistical differences were seen 

between sites, regardless of the seasons. This was also the case when comparisons 

were made between seasons at each site, despite their medians being different. This 

was attributed to the large variation found especially in the Autumn season in all of 

the three sites. It was therefore hypothesised that at the beginning of the cold 

season, as a consequence of high flows, the build-up of solids in the storm tanks could 

cause the increase in MP abundance. Future work should increase both the number 

and frequency of replicates given that sludge has been accumulating over days and 

weeks, which further amplifies the variability. Moreover, the knowledge on 

combined sewers overflows (CSOs) is currently limited (H. Chen et al., 2020; Hale et 
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al., 2020); the investigation of these dynamics could contribute to the understanding 

of the temporal patterns of MP abundance in sludge. Although CSOs were beyond 

the scope of this project, it is recommended that future studies include this aspect. 

The assessment of seasonality and its impacts on sludge could provide important 

information with the objective to adopt mitigation strategies regarding its 

application on land. 

 

5.2.2 Microplastic sizes 

At site AS, significantly larger MPs were found in final effluent compared to 

secondary effluent, suggesting that positively buoyant MPs with a large surface area 

were able to escape the final sedimentation process. However, when MP sizes in the 

effluent were compared with those in the sludge, no statistical difference was 

observed. This inconsistency was attributed to the fact that sludge has been 

accumulating for some days in the tanks; this build-up over time may lead to a higher 

variability of MP sizes and by increasing the replication, it is likely that statistical 

differences could be observed. Despite little is known on MP transport through the 

mid-stages with respect to size, the results for wastewater at this site are in line with 

some research that has investigated AS systems and has found that smaller particles 

are better retained in the process (Lee & Kim, 2018). 

Another significant statistical result was reported for site MBR, where larger particles 

were observed in secondary and final effluent compared to early stages. MPs found 

in the effluents had concentrations below limit of detection, therefore it is likely they 

derived from contamination. No statistical differences were observed at site TRI 

across the wastewater process. The d90 was initially found to be significant, but the 
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p-values adjusted by the Bonferroni correction for multiple tests were not, 

suggesting that a higher number of replicates per stage might be needed in order to 

confirm a potential statistical difference. After statistically comparing MP sizes 

between effluent and sludge, significantly smaller MPs were found in the latter. To 

date, results reported by other studies are in contrast with each other in terms of MP 

sizes in final effluent versus those in sludge (Kazour et al., 2019; X. Liu et al., 2019; 

Murphy et al., 2016; Rasmussen et al., 2021). 

Statistical tests were also conducted between stages of different treatment 

technologies and significantly larger particles were present in the influent at site MBR 

compared to site TRI. It was hypothesised that this was because the size of the 

catchment area for site MBR was larger than that of TRI, but significantly larger 

particles were not seen statistically at site AS compared to MBR (Table 9). 

Few studies have simultaneously investigated different treatment technologies and 

it was not possible to compare the results because the size ranges examined were 

different to those used in this research. In particular, other research has focused on 

the broad size spectrum (20 µm to 5 mm) where the size investigation across 

treatments was only carried out based on MP abundance at each size category within 

that range rather than calculating the median (d50) or mean size of the particles as 

it was performed in this study. Moreover, in literature studies the comparison is 

carried out for the final effluent, but not for the other stages. 

Therefore, it is thought that this study has examined for the first time the smaller size 

fraction by investigating a narrower size range and comparing it across treatment. 

This analysis has shown that significant differences in the particle sizes in the influent 

of different sites were found even within this narrow size range analysed. 
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No conclusive results have been obtained with regard to microplastic size and 

seasonality either in wastewater or sludge; the analysis of a higher number of 

replicates is therefore recommended. Similarly, no pattern was identified when 

correlation analyses were carried out to explore a potential association between the 

increase of larger particles in the effluent with the decrease of larger particles in the 

sludge. These results indicate that more research is needed to deepen our knowledge 

on whether MP removal is affected by size. 

To explore whether there is a potential association between MP sizes in the influent 

and effluent with flow, correlations were performed at each site and a trend was 

found at TRI and AS. In particular, at TRI (d50 and d90) and AS (d50) the linear 

components of the inverse associations were significant in final effluent and raw, 

respectively, that is size decreased as flow increased. The investigation of the 

relationship between size and flow rate has not been explored before; therefore, 

these results show that an interesting pattern is found between the two variables 

and future studies should integrate the analysis of flow rate in their research to 

better understand potential impacts on size. 

With regard to the particle size distribution of MPs, in both wastewater and sludge 

samples, the largest abundance of particles was found to be in the smaller size 

fraction (25 – 39 µm). This further reinforced the conclusions reported by other 

studies on the importance of investigating smaller-sized MPs; that is, the smaller is 

the size, the higher is the likelihood of MPs to accumulate contaminants on their 

surface (J. Yang et al., 2021). The potential impacts of MPs based on size have also 

been investigated in soils ecosystems. It has been shown that the size of the particles 

matters and that plants can selectively uptake and transport smaller-sized MPs with 
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potential implications on the translocation of contaminants (van den Berg et al., 

2020). Therefore, the quantification of MPs and knowledge of their size are key to 

the assessment of the potential eco-toxicological impacts that this new category of 

emerging pollutants could have on aquatic and terrestrial species. 

 

5.2.3 Microplastic polymers 

The density of MPs represents one of the main drivers of the MP removal within the 

wastewater process. This has been observed in this study, where high-density 

polymers dominated the influents of all of the three sites and their abundance was 

progressively reduced throughout the treatment process. Consequently, in the 

sludge, the largest polymer proportion in all of the sites was represented by high-

density resins. In wastewater, the greatest reduction in high-density resins (from 65% 

in raw to 28% in final effluent) was found at site MBR due to the presence of the 

membrane, although the proportion calculated for the effluent outfall might be even 

lower given that all of the MP concentrations at this stage were <LOD. The lowest 

reduction was seen at site AS where the percentage of dense polymers fell from 70% 

in raw to 60% in final effluent; therefore, high-density polymers were still highly 

present at the final stage. 

In terms of resin types, the polymer profile in raw sewage was similar across sites 

with PA, PP, NR and A-P-V being the dominant polymers. The occurrence of these 

resins depended on the sources of MP pollution in the catchment area. They included 

the washing of textiles from households that could lead to the release of synthetic 

fabrics (e.g. PA and acrylic, as part of the A-P-V cluster), the presence of cosmetic and 

plastic moulding companies and of various maritime and aerospace production sites. 
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The polymer profile in the final effluent slightly varied based on the treatment 

system, but the most recurring polymers were PP, PA, A-P-V and R3. Therefore, 

besides the MP density, it has been observed that the type of treatment as well as 

the sources present in the area could affect the occurrence of the polymers. When 

seasonality was examined at each site, the polymer composition clearly differed 

across seasons with colder months showing a higher proportion of resins that are 

typically used in the manufacturing of synthetic garments (i.e. A-P-V, PA, PES). This 

further strengthened the hypothesis that the need for warmer clothes in Autumn 

and especially Winter affects the polymers’ concentrations in wastewater (Ben-David 

et al., 2021; Browne et al., 2011; Erlandson et al., 2005). In the literature, the most 

abundant polymers detected in wastewater are PA, PP, PET/PES and PS (Edo et al., 

2020; Galafassi et al., 2022; Gündoğdu et al., 2018; Horton et al., 2020; Lares et al., 

2018; Simon et al., 2018) and PE, PP, PES and PA in sludge (Chae & An, 2018; Zhou et 

al., 2020). The resins detected in the sludge in this study were mainly PA, A-P-V and 

NR, suggesting that some of the positively buoyant particles can be trapped in solid 

flocs via aggregation or coagulation. 

When comparing polymers detected in different WWTPs, the spatial variation is one 

of the main factors that can explain differences between studies given that the 

variability of the sources present in the catchment area could affect the polymer 

profile of MPs. However, the temporal variation also plays an important role and it 

has been argued that the seasonal collection of samples in this project has allowed 

to account for the variability of the different sources of MPs over several months. 

This could also explain the different polymers found in this study, compared to those 

reported in the literature. Furthermore, the use of a semi-automated method of 



261 

analysis for MP characterisation provided a higher accuracy in the polymer 

identification process. Therefore, this further showed the need of establishing 

standardised methods to remove that variability across studies caused by the 

application of different techniques. 

 

5.3 Potential interventions and future challenges 

Integrated and targeted approaches are necessary to reduce and eliminate plastic 

pollution at the source by implementing a system shift in the use and production of 

plastic (Browne, 2015; Ford et al., 2022). There is an urgent need to redesign products 

to replace plastic with more sustainable alternatives in order to minimise the 

generation of waste. In particular, the transition towards a circular economy has 

recently gained attention as a solution to increase resource efficiency, and where 

materials are kept in circulation through reuse, recycling and recovery processes (Van 

Eygen et al., 2018). 

Currently, there are no frameworks for the systematic management and 

quantification of sources and pathways of MP pollution in the environment. For the 

establishment of such frameworks, harmonised policy interventions are needed and 

they would require a coordinated effort between industry, government and the 

scientific community (Browne, 2015). The importance of implementing mitigation 

strategies at the source to avoid the release of MPs derives from the fact that once 

MPs are dispersed in the environment, their removal becomes extremely difficult (Y. 

Zhang et al., 2021). With respect to WWTPs, the addition of filters to laundry 

machines is one of the solutions proposed with respect to the reduction of the 
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release of microfibres through domestic washing. Their performance has recently 

been tested and a reduction in microfibre emission has been shown (McIlwraith et 

al., 2019; Napper, Barrett, et al., 2020). Technologies for the treatment of sludge with 

regard to MP removal have been explored and could constitute a potential 

intervention before biosolids are applied on land (Gavigan et al., 2020; Mahon et al., 

2017). Finally, green infrastructures such as bioretention basins have started to 

receive attention due to their potential in capturing MPs from stormwater (Boni et 

al., 2022). 

Scientific research plays a key role in the assessment of MP emissions, especially at 

the source, and in the understanding of the potential ecotoxicological implications 

associated with MPs. A coordinated effort together with policy interventions are 

urgently required to implement a system shift and long-term sustainable solutions. 

 

5.4 Conclusions and future perspectives 

This thesis had the overall aim to assess whether WWTPs act as a point and/or diffuse 

source of MPs via final effluent and sludge. The results of this research indicate that 

WWTPs represent a pathway for the dispersion of MPs in the aquatic and terrestrial 

environments. The membrane bioreactor system has shown high efficiency in MP 

removal, outperforming the trickling filters and activated sludge processes. To 

accurately assess MP emissions from treatments with ultrafiltration systems, higher 

volumes of final effluent than those collected in this study are needed. Nevertheless, 

to date, ultrafiltration represents a technology that can significantly decrease the 

numbers of MPs in the effluent outfalls of WWTPs. 
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Since the majority of the MPs are removed from wastewater streams, they are mainly 

transferred to the sludge. Compared to previous studies, this research has revealed 

higher estimates in terms of MP abundance in both sludge and wastewater. This 

could be attributed to the smaller-sized MPs examined and to the greater accuracy 

of semi-automated methods as opposed to non-automated techniques. One of the 

main contributions to knowledge of this thesis was the seasonal assessment of the 

efficiency of MP removal from WWTPs that apply different treatment technologies. 

To date, most studies have focused on the influent and effluent stages, on AS 

technologies and only a few of them have also included sludge. In particular, this 

research has carried out a comparison of MP transport in terms of counts, sizes and 

polymer types as well as MP fate in three different wastewater systems. The analysis 

of those three characteristics can provide further information on the processes for 

MP removal. MP shape can also play a role in the removal process; however, the 

investigation of shape could not be conducted and represented a limitation of this 

study. In addition, this project has improved the understanding on MP removal with 

respect to smaller-sized particles, specifically the sub-hundred-micron size range, 

due to the potential eco-toxicological implications that small MPs could have on 

aquatic and terrestrial organisms. 

Of importance, this thesis has contributed to the knowledge gap on the impacts of 

seasonality on MP counts, sizes and polymers in both sludge and wastewater, and 

which were compared across the three wastewater systems. Knowledge on 

seasonality could allow the identification of potential MP sources with the scope of 

adopting long-term mitigation strategies. 
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Another contribution is the optimisation of the removal of the organic matter in 

wastewater and sludge matrices. The lack of standardised methodologies in MP 

research represents a significant barrier towards the progress in this field by 

hindering comparative research. The assessment of MP pollution through the 

wastewater process is already challenged by WWTPs being highly variable systems; 

therefore, the harmonisation of methods is of high priority to enhance comparison 

across studies and remove this additional source of variability. 

Besides the current heterogeneous approach with regard to methods, several are the 

factors that can explain the large variation in the data reported worldwide. They 

include the different types of treatment, the size of the catchment area, the 

wastewater source (e.g. combined sewers, household and industrial discharges only, 

etc.), temporal and spatial variations, the integration of flow rate, the type of sludge 

collected (e.g. fresh sludge, dewatered sludge, digested sludge), and so forth. 

It is recommended that future studies increase the number and frequency of 

replication to minimise the variability between samples. With respect to wastewater, 

this can also be achieved by collecting 24h-composite samples as opposed to grab 

samples to capture the intra-day fluctuations. Further studies are needed to 

investigate seasonality and account for flow rate for the estimation of MP emissions 

from effluent outfalls. As for the sludge, multiple sampling events over the course of 

a few weeks within the same season would allow to obtain representative samples. 

In terms of MP removal, there is limited research conducted by wastewater studies 

on the mechanisms related to flocculation, coagulation, aggregation and 

fragmentation with MPs. A deeper understanding of these dynamics and of how MPs 

interact with both organic and inorganic matter would allow to increase the 
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knowledge on MP transport and fate, especially with regard to the size of the 

particles. Despite the attention that was given to limit external MP contamination, 

MPs were found in both procedural and field blanks. To date, it is not common 

practice in wastewater research to adopt contamination measures, although the 

importance of reporting the levels of contamination has been highlighted by several 

studies. In light of the results obtained in this research, it is highly recommended to 

include field blanks as part of the procedural blanks in order to account for 

contamination on site. 
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Abstract 

The lack of standardised methodologies in microplastic research has been addressed in recent years as it hampers the comparison 

of results across studies. The quantification of microplastics in the environment is key to the assessment of the potential eco- 

toxicological impacts that this new category of emerging pollutants could have on terrestrial and aquatic species. Therefore, the 

need for protocols that are robust, simple and reliable together with their standardisation are of crucial importance. This study has 

focused on removal of organic matter with Fenton reagent from wastewater and sludge samples. This step of analysis was 

optimised by implementing a multi-digestion treatment on these samples that have high concentration of complex mixtures of 

organic matter, which interfere with microplastic enumeration. Moreover, this study targeted the detection of microplastics in the 

sub-hundred-micron size range due to the potential higher risks associated with smaller-sized particles and the limited data 

available from previous wastewater research. To show the validity of the method, triplicate samples of raw sewage, final effluent 

and sludge were independently spiked with two different sizes and types of microplastic polymers. Due to the various analytical 

stages required for the isolation of microplastics, time is a limiting factor in sample processing. The sequential digestion with 

Fenton reagent represents an inexpensive and time-efficient procedure for wastewater research providing effective degradation of 

organic material. These advantages over other currently available methods mean the method is suitable for analysis of large 

numbers of samples allowing robust monitoring data sets to be generated. 

 

Keywords Wet peroxide oxidation . Organic matter . Microplastics . Wastewater . Recovery . Extraction 

 

 

Introduction 
 

Various studies have identified that microplastic (MP) re- 

search suffers from the lack of standardised methodologies, 

from sampling to the characterisation of MP particles in envi- 

ronmental samples [1–7]. The analytical procedures currently 

used to isolate microplastics (MPs) are dependent on the type 

of matrix being studied. However, methodologies for extrac- 

tion and quantification of MPs within the same environmental 
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compartment can vary significantly between studies, hamper- 

ing the comparison of spatial and temporal patterns of MP 

abundance. Both sampling strategies and equipment can affect 

the quality and quantity of MPs reported [2, 8–13]. A wealth 

of studies on MPs has focused on marine habitats and 

highlighted the need for future research to investigate further 

their environmental implications and potential impacts on 

aquatic organisms. In comparison, the body of knowledge in 

terrestrial and freshwater ecosystems is limited, although sev- 

eral studies addressed this issue in recent years [6, 14–17]. 

Among several other land-based sources of MP pollution, 

wastewater treatment plants (WWTPs) have received atten- 

tion as they have been identified as terrestrial pathways of 

MP emissions into aquatic ecosystems [4, 5, 18–27]. 

Therefore, assessment of the presence and quantification of 

MPs in effluent discharges and sewage sludge applied to land 

is a high priority, to enable the risks to be assessed. 

It is important that MP detection methodologies are devel- 

oped that are simple, accurate and efficient, in terms of both 

time and cost, so that these dynamic and highly variable 

RESEARCH PAPER 
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wastewater system flows can be effectively monitored 

[28–30]. With regard to the size definition of MPs, no official 

consensus has yet been reached. However, 1 mm or 5 mm are 

the most commonly used upper size limits [31–33]. The lower 

size bound has less consensus, and the definition of 

nanoplastics has to be taken into account. It has recently been 

suggested that a cut-off of 1 μm is considered [31, 34, 35]. 

Some studies have shown that around 60% of MPs found in 

the final effluent of WWTPs were smaller than 100 μm [4, 21, 

23, 25, 36–38]. However, the sub-hundred-micron size range 

has not been frequently fully investigated because of the large 

mesh size often used for sample collection as well as technical 

challenges associated with examining smaller size fractions 

[6, 12, 29, 39]. The large surface area-to-volume ratio makes 

the assessment and quantification of smaller-size-range MPs 

important in understanding their potential eco-toxicological 

impacts [30, 40–44]. Difficulties in reaching consensus to- 

wards a methodological standardisation are hindered by 

wastewater and sludge being complex and organic-rich matri- 

ces. Degradation of organic matter is a major limiting step in 

the extraction process in terms of the time and costs associated 

with removal. 

The following section reviews the methods currently ap- 

plied to decompose the organic component for the detection of 

MPs in wastewater. It then discusses optimised digestion treat- 

ment, followed by density separation with zinc chloride 

(ZnCl2) and analysis of the samples through Fourier transform 

infrared (FT-IR) spectroscopy. The performance of the chem- 

ical characterisation of MPs is imperative to correctly identify 

and quantify these pollutants in the environment [45–47]. 

Several techniques can be applied to identify polymer types, 

with the most widely used being spectroscopy methods such 

as FT-IR and Raman spectroscopy [47–49]. These techniques 

are non-destructive and allow for a relatively fast identifica- 

tion of MPs in environmental samples, when used in combi- 

nation with automated chemical imaging processing to obtain 

information on abundance, size and polymer type. Moreover, 

when Raman and FT-IR spectroscopy are coupled with mi- 

croscopy, particles down to a size of 1 μm and 10–20 μm can 

be detected, respectively [48–51]. These two analytical tools 

present their own advantages and disadvantages related to size 

resolution, measurement time and spectra acquisition modes. 

They therefore are considered complementary techniques, and 

the choice mainly resides on the scope of the research [48, 

52–54]. In this study, micro FT-IR (μFT-IR) was chosen for 

MP characterisation as the targeted size range was between 38 

and 100 μm. 

 

Current digestion methods in wastewater research 
 

The quality of an analytical methodology resides in the reli- 

ability of each step: from sampling, to organic and inorganic 

matter removal, and quantitative and qualitative MP 

identification techniques. Establishing the optimal digestion 

method for an application requires four factors to be consid- 

ered: (1) the removal efficiency of the technique and digestion 

time; (2) the potential damage to MP particles including spec- 

tral changes before and after the treatment (if spectroscopic 

analyses are performed); (3) cost; and finally, (4) the recovery 

rate in spiking experiments. The most common methodolo- 

gies in wastewater research are hydrogen peroxide (H2O2) and 

Fenton reagent where iron (II) sulphate (FeSO4) acts as a 

catalyst to oxidise the organic component in the presence of 

H2O2 [7, 29, 55–58]. This is also referred to as the wet perox- 

ide oxidation (WPO) method that was developed by the 

National Oceanic and Atmospheric Administration Marine 

Debris Program [59]. Other widely used methods to extract 

MPs from biota, sediments and seawater include alkaline (e.g. 

sodium hydroxide, NaOH; potassium hydroxide, KOH), acid- 

ic (e.g. hydrochloric acid, HCl; nitric acid, HNO3; perchloric 

acid, HClO4) and enzymatic treatments (e.g. protease-K) [11, 

60, 61]. However, it has been shown that acids and alkalis can 

degrade some plastic polymers such as polyester fibres (PES), 

nylon (PA), polyethylene (PE), polyvinyl chloride (PVC), 

polyethylene terephthalate (PET), poly methyl methacrylate 

(PMMA) and polyurethane (PU) [58, 62–65]. 

In an important study, Hurley et al. (2018) investigated the 

impact of four reagents (H2O2 at 60 °C and 70 °C, Fenton, 

NaOH and KOH) on organic-rich samples such as soil and 

sludge matrices. They confirmed that NaOH treatment was 

inappropriate due to damaging effects on multiple polymer 

types. KOH caused less damage to MPs (except for polycar- 

bonate), but both KOH and NaOH were found to be unsuit- 

able due to their low efficiency at degrading cellulose and 

chitin, which are common components of soil and sludge. 

As for 30% H2O2, visual changes of the MP polymers were 

observed at both test temperatures (60 °C and 70 °C), whereas 

no impact was found when Fenton reagent was used (<40 °C) 

[55]. Although higher temperatures would promote degrada- 

tion of organic matter [66], recent work has argued that tem- 

peratures above 60 °C cause losses of some plastic polymers. 

For this reason, a maximum temperature of 50 °C represents a 

safe cut-off to avoid any losses [22, 64, 67, 68]. Organic 

degradation rates using the WPO method were also greater 

than the H2O2 treatment alone, even at 70 °C. This might be 

explained by Fenton reagent requiring a low pH (range 2–4) to 

maximise degradation of organic material, allowing a more 

successful degradation than H2O2 treatment alone [55, 68, 

69]. This has also been confirmed by visual comparison of 

different filtered sludge samples after separate treatment with 

H2O2 and Fenton reagent [58]. 

Other studies have also shown that PE, polypropylene 

(PP), PET and PES, PVC, polystyrene (PS), PU and PA are 

resistant to WPO, with no change observed to MP size and 

spectra before and after treatment. Together these polymers 

account for 92% of global plastic demand [22, 55, 56, 58, 63, 
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64, 68, 70, 71]. It is important to perform MP recovery exper- 

iments to validate the methodology applied, although it is 

challenging to cover the wide range of polymers present in 

the environment. Studies using Fenton reagent that have 

spiked their samples with a known concentration of MPs have 

obtained relatively high extraction efficiency. Moreover, 

when WPO is performed in combination with density separa- 

tion using ZnCl2 solution, the combination of both techniques 

and the order in which they are conducted do not impact 

recoveries [5, 7, 55, 72–74]. 

Finally, enzymatic treatments have been proved to be effi- 

cient at purifying organic material from wastewater samples. 

However, these methods have the disadvantage of being cost- 

ly and time-consuming (taking up to 2 weeks or longer) and 

are not feasible for the processing of large numbers of samples 

[7, 38, 39, 75, 76]. Interestingly, this was further investigated 

by Rodrigues et al. (2018) who compared Fenton reagent 

alone and in combination with enzymes and concluded that 

both are equally effective, but WPO represented the ideal 

compromise due to simplicity and time and cost- 

effectiveness of the procedure [56]. 

 
Multiple digestions with Fenton reagent 

 
A variation of the WPO technique has been suggested and 

presented by Dyachenko et al. (2017) [72]. They performed 

sequential digestions with Fenton reagent and obtained clean- 

er samples from their experiments, but highlighted the need 

for validation of this technique with samples spiked with MPs. 

In wastewater research, spiking experiments have sometimes 

been conducted with aqueous samples to avoid background 

interference or by testing manufactured MPs >100 μm [55, 

72, 77]. Among those studies where the WPO method was 

applied and recovery experiments were performed with waste- 

water and sludge samples, the smallest sizes investigated 

ranged from 63 to 90 μm (Table 1) [5, 39, 78]. 

Another recent study reported using a multiple digestion 

method, but no details were given about the procedure and 

recoveries obtained [5]. The aim of this study was to optimise 

the digestion technique with Fenton reagent, by carrying out 

multiple digestions based on the work of Dyachenko et al. 

(2017) [72]. To verify the method’s reliability, three different 

types of environmental matrices (raw sewage, final effluent 

and sludge) underwent one or more WPO treatments. 

Furthermore, recovery experiments with MP sizes down to 

38–50 μm were conducted in triplicate on a separate set of 

samples using the same environmental matrices, which were 

also subjected to one or multiple digestion cycles. The paper 

presents a detailed description of the optimised technique that 

it is simple, cost-effective and more time-efficient compared 

to current alternative methods. 

 

 

Materials and methods 

Microplastic extraction 

Sample collection and storage 

Wastewater and sludge samples were obtained from a munic- 

ipal secondary wastewater treatment plant in the South of 

England, UK, that discharges into a nitrogen-sensitive water- 

course. It serves a population equivalent of approximately 

410,000 and treats almost 190,000 m3 d−1 of wastewater un- 

der dry weather flow. After passing through a 6 mm screen, 

raw sewage undergoes primary sedimentation followed by 

secondary treatment in an activated sludge process configured 

for biological nitrogen removal, with aerobic and anaerobic 

zones to promote nitrification and subsequent denitrification. 

The activated sludge mixed liquor is then passed through a 

final sedimentation tank before the final effluent is discharged. 

The primary and secondary sludge are mixed before anaerobic 

 
Table 1 Reported MP recovery experiments using Fenton reagent. 

Sample type and spiking materials are shown along with recoveries 
 

Size and polymer type of manufactured MPs used Type of sample used for recovery Recovery (%) Reference 

200 μm PS beads Blank aqueous sample 87 [72] 

850–1000 μm PE beads Sludge and soil close to 100 [55] 

425–500 μm PE beads Sludge and soil 92–98 [55] 

322–395 μm PET fibres Sludge and soil 79–86 [55] 

100 μm PS beads Raw 77.7 [39] 

80–150 μm high-density PE particles Raw 57.6 [39] 

90 μm PS beads Not specified 89.34 [5] 

1000 μm PS beads Not specified 99.02 [5] 

2–4 mm PVC, PP and low-density PE particles Influent, waste activated sludge and effluent 100 [77] 

< 63 μm low-density PE particles Milli-Q water 93.6 [77] 

63–90 μm PA particles Sludge 52.4 [78] 
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digestion, pH amendment and disposal to land. Samples were 

collected on the same day in August 2019 at three stages of the 

treatment: raw sewage after 6 mm screens (500 ml), final 

effluent (2.5 L) and sewage sludge (10 g, wet weight: com- 

posed of 5 g of primary sludge and 5 g of secondary sludge). 

Compared to other MP studies in wastewater research, 

smaller sample volumes were taken as it was intended to in- 

vestigate MPs within the 38–100 μm size range [67, 79]. The 

sample volumes and weights were informed by preliminary 

tests (see Supplementary Information (ESM_1), Table S1), 

which had shown high concentrations of micro-particles. 

These volumes were appropriate to target the 38–100 μm 

MP size range and to avoid excessive numbers of MPs being 

retained on the filters, which would have hampered the iden- 

tification and characterisation of the particles in the final step 

of the extraction process (see section "µFT-IR analysis"). On 

the day of collection, wastewater samples were transported to 

the laboratory in plastic storage containers (made of high- 

density PE) and sludge samples in glass bottles, where sam- 

ples were filtered through 38 μm stainless steel sieves 

(Endecotts Ltd., London, UK). The material retained on the 

sieves was rinsed three times with ultrapure water (Milli-Q 

Direct 8 Water Purification System; Merck Millipore) and 

stored in the freezer at −18 °C until further analysis. The 

sludge sample was immediately weighed and stored in the 

freezer. All samples were stored in plastic jars previously 

cleaned and rinsed thoroughly three times with ultrapure wa- 

ter. Subsequently, the samples were defrosted at room temper- 

ature and poured into glass beakers, which were loosely cov- 

ered with foil and transferred into an oven set at 50 °C to 

remove the excess water, until ca. 25–50 ml of sample was 

left in the beaker. 

 
Organic matter removal 

 
The first step of analysis was the removal of the organic matter 

with Fenton reagent, which was performed under a fume 

hood. As mentioned above, samples were not completely 

dried but kept damp as this facilitated the digestion reaction. 

Raw sewage, final effluent and sludge samples were all treated 

in the same way. All reagents were freshly prepared each time 

and filtered (except for H2O2) prior to analysis to reduce con- 

tamination; 100 ml of 0.05 M FeSO4 solution (iron II sulphate 

heptahydrate, ACS reagent, >99%; Sigma-Aldrich) [75] was 

prepared and poured into the glass beaker, followed by the 

addition of 100 ml of 30% H2O2 (hydrogen peroxide 30% 

w/v, 100 volumes, Extra Pure SLR, Fisher Chemical; Fisher 

Scientific). FeSO4 was pre-filtered using cellulose nitrate 

membrane filters (Sartorious™ cellulose nitrate membrane 

filters, 47 mm, and 0.45 μm pore size). Temperature, pH and 

H2O2/FeSO4 ratio are important factors that play a key role 

in the catalytic oxidation. As this combination generates an 

exothermic reaction, temperature was kept below 50 °C 

using an ice bath to preserve the MP polymers. A 1 M sodium 

hydroxide solution (sodium hydroxide, Extra Pure, SLR, pel- 

lets, Fisher Chemical; Fisher Scientific), pre-filtered using a 

PTFE membrane filter (0.2 μm pore size), was used to main- 

tain pH between 3 and 4, to prevent the reduction of soluble 

iron species reacting with H2O2 [39, 69]. To avoid overflow of 

the high volumes of H2O2 and FeSO4, 600 ml glass beakers 

were used to treat raw and sludge sewage samples, while 

400 ml glass beakers were used for final effluent samples. 

During the digestion, samples were loosely covered with foil. 

The total reaction time, measured by the presence of visible 

bubbles in the samples, ranged from half an hour up to 2 h, 

after which only small bubbles were present. The samples 

were then left to cool overnight covered with foil. In order to 

dissolve the excess of ferric precipitates present in the mixture, 

ca. 10 ml of sulphuric acid was slowly added with a glass 

pipette to each sample (ca. 250 ml). The solution was gently 

stirred with the same pipette for a few seconds prior to filtra- 

tion through a 38 μm sieve to rinse off the reagents. The 

materials retained on the mesh of the sieve were transferred 

into a beaker after being rinsed three times with ultrapure 

water. Hexane treatment, as suggested by Dyachenko et al. 

(2017), was not used as it could have affected polystyrene 

and polycarbonate particles [72, 80]. The final effluent sample 

underwent one digestion cycle, sludge underwent two cycles 

and raw sample underwent three cycles, due to the visible 

organic matter present in solution after implementing the first 

digestion. In each cycle, 100 ml of FeSO4 and 100 ml of H2O2 

were added once again to the beakers, and the procedure was 

repeated. 

 
Density separation and filtration 

 
Density separation was performed using zinc chloride solution 

(ZnCl2; 98 + %, extra pure, ACROS Organics™) with a den- 

sity of 1.7 g cm−3 to remove inorganic debris and allow ex- 

traction of the heavier polymers [74]. ZnCl2 solution was 

freshly prepared each time and filtered before use over 

0.7 μm glass microfiber filters (Fisherbrand™ Microglass 

Fiber Filter Discs, 47 mm; Fisher Scientific). At the end of 

the last digestion cycle and after filtration through a 38 μm 

sieve, samples were rinsed three times with ZnCl2 instead of 

ultrapure water, to prevent a change in density. Samples were 

first poured into small beakers and then into 100 ml glass 

separation funnels previously rinsed three times with ZnCl2, 

kept closed with lids and left to settle for a minimum of 15 h, 

after which 2/3 of the solution was drained out through the 

valve [81]. The remaining solution was poured into a sieve 

stack with a 100 μm sieve on top and a 38 μm sieve below to 

discard the fraction larger than 100 μm. The separation 

funnels were rinsed three times with ultrapure water to ensure 

all particles were transferred from the funnel to the sieves. 

Finally, the samples collected on the 38 μm sieve were rinsed 



305 

 

with copious amounts of ultrapure water to wash the ZnCl2 off 

and poured into small glass beakers. However, sometimes, 

residues of ZnCl2 were still present in solution. To avoid any 

interference with the spectral acquisition, two drops of HCl 

acid were added with a glass pipette to the sample to 

dissolve the residual salts. Immediately after, the samples 

were vacuum-filtered using a 13 mm glass filter holder 

(Cole-Palmer Advantec 311100 All-Glass Microanalysis filter 

holder, 13 mm; item #WZ-06644-84) fitted with a 25 mm 

silver membrane filter (Sterlitech, 5 μm pore size) for the 

subsequent μFT-IR analysis. After filtration, the silver filters 

were dried overnight (>15 h) in an oven at 50 °C and then 

stored in small petri dishes in the dark. 

 
μFT-IR analysis 

 
Once microplastics had been extracted through digestion and 

density separation, the subsequent analysis steps were per- 

formed at the UK Centre for Ecology and Hydrology 

(UKCEH, Wallingford) and following the protocol reported 

by Horton et al. (2021) [78]. The spectroscopic analysis was 

carried out using a PerkinElmer Spotlight™ 400 μFT-IR imag- 

ing system, in reflectance mode using a liquid nitrogen-cooled 

linear array detector, covering the IR spectral range from 4000 to 

700 cm−1. The spectral resolution was 8 cm−1, using four scans 

per pixel, and the pixel resolution was 25 μm, representing a 

good compromise between mapping time and signal-to-noise 

quality of the spectra. This study used 38 μm as lower size cut-

off to give good detection at the 25 μm resolution. A back- 

ground spectrum collection was also carried out on a clean area 

of the silver filter, and the settings used were the same as for the 

samples, except for the number of scans per pixel (90 scans/ 

pixel). An optical image of an area of ca. 13 × 13 mm was first 

generated (Fig. 1a). Because of the size limit of the spectrum 

image file created by the μFT-IR imaging system, a filter surface 

area of 11.6 mm × 11.6 mm was mapped, which was equal to 

92% of the whole filter area being scanned [82–84]. This was 

considered sufficient to reliably estimate MP concentrations and 

polymer types present in the samples [85]. The analysis of one 

sample on the μFT-IR took between 2.5 and 3 h. Once the 

spectra map images were acquired and the spectra of the parti- 

cles generated, they were analysed through siMPle software to 

obtain information about MP numbers, polymer type and size 

[84]. An image with a map of the pixels representing the MPs 

that have been identified was also obtained (Fig. 1b), and the 

spectrum for each of the MPs was visualised and compared to a 

spectral reference database (Fig. 1c). 

siMPle has been developed by Aalborg University 

(Denmark) in collaboration with Alfred Wegener Institute 

(Germany) by combining the software MPhunter [82] with 

the automated analysis of Primpke et al. 2017 [86]. siMPle 

is freely available for download together with a reference da- 

tabase (https://simple-plastics.eu/) [84]. In this study, the 

AAU pipeline has been used for image analysis, and it is 

based on a score threshold system [78, 81, 82, 84, 87]. This 

software is used to compare the infrared spectra collected from 

the μFT-IR against the spectra of the reference database for 

automated analysis. A score for each particle is obtained based 

on the quality of this match, ranging from 0 .01 

(misassignment) to 1 (certain assignment). This score is gen- 

erated by an algorithm, through which the raw spectra, their 

first derivatives and their second derivatives are correlated by 

a Pearson correlation. This yields three Pearson’s correlation 

coefficients, to which the user assigns global weights (k0, k1, 

k2) [84]. The score is calculated by using the equation reported 

in Liu et al. (2019) [82]. In this study, the Pearson’s correla- 

tion coefficient for the first probability threshold was set at 0. 

60, and the default settings of siMPle were used (k0 = 0, k1 = 

1, k2 = 1). The second and third probability thresholds, which 

help define the size of the particle, were left unmodified. At 

present, there are no guidelines in the literature as to the most 

appropriate thresholds [81]; therefore, we manually evaluated 

and compared the spectra across different polymers types by 

assigning different weights and score thresholds. A threshold 

setup of 0.60 using the first and the second derivatives of the 

raw spectra data yielded the best fit. 

 

Method validation 
 

Recovery experiments 

 
In order to validate the multiple digestion steps, recovery ex- 

periments (positive controls) were carried out with two polymer 

types of manufactured MPs of different sizes. As the targeted 

MP size in this study is in the 38–100 μm range, two sizes of 

38–50 μm and 100 μm were chosen for testing. PMMA parti- 

cles of 38–50 μm in size (Merck Sigma-Aldrich, product no. 

463183) and 100 μm PS beads (Merck Sigma-Aldrich, product 

no. 56969) were separately added to two sets of raw sewage 

(500 ml), final effluent (2.5 L) and sludge (5 g, wet weight) 

samples, processed in triplicate. The PS stock solution was 

prepared by dissolving 100 μl of PS in 100 ml of ultrapure 

water. For the PMMA stock solution, 0.01 g of PMMA was 

dissolved in ultrapure water and filtered through the 38 μm 

sieve, as the presence of PMMA particles smaller than 50 μm 

(down to 15 μm) was observed under the microscope in pre- 

liminary experiments. Particles were collected from the sieve 

and dissolved in 100 ml of ultrapure water. A 1:50 dilution was 

made to obtain the final PMMA working solution. The first set 

of raw, final effluent and sludge samples was spiked with 2 ml 

of PMMA final working solution, while the second set of sam- 

ples was spiked with 1 ml of PS stock solution. The stock and 

final working solutions were stirred gently on a magnetic mixer 

prior to use. At the same time, separate controls for PMMA and 

PS particles were performed to limit the margin of variability, as 

a high variation in the numbers of MPs added to each triplicate 
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Fig. 1 a Optical image of the raw sample created by the μFT-IR imaging system; b spectra map of the MPs identified in the raw sample; c example of a 

particle spectrum identified as belonging to the acrylates-polyurethanes-varnish polymer group (orange line) and its reference spectrum (blue line) 
 

sample had been observed in preliminary tests, due to agglom- 

eration and fragmentation. Controls were carried out by 

vacuum-filtering 2 ml of final working solution and 1 ml of 

stock solution respectively over black polycarbonate filters 

(0.2 μm pore size, 25 mm, Whatman™, Nuclepore™) using a 

25 mm Millipore glass filter holder to facilitate counting at the 

microscope. 

Subsequently, raw, final effluent and sludge samples 

underwent the digestion and the density separation treatments 

described in sections "organic matter removal" and "density 

separation and filtration", followed by the recovery filtration 

step described above. The filtration through the 100 μm sieve 

was not performed after density separation to avoid the reten- 

tion of the 100 μm beads on the sieve. Final effluent samples 

received one digestion cycle, sludge underwent two cycles 

and raw samples underwent three cycles, as per 

section"organic matter removal". Prior to filtration, 40 μl of 

sodium dodecyl sulphate (SDS; dodecyl sulphate sodium salt, 

99%, Acros Organics™) solution (4 g/L) was added to the 

final extract solution (50 ml) to prevent agglomeration of vir- 

gin MP particles. Finally, for both controls and samples, the 

whole surface of each filter was screened, and particles were 

visually counted under the light microscope (Olympus BH2- 

RFCA; ×32 and ×100 magnification for the PS beads and 

PMMA particles, respectively) (Fig. 2). 

Procedural blanks and contamination 

 
Careful attention was paid to prevent airborne contamination 

in the field and the laboratory. Plastic containers and glass 

bottles for wastewater and sludge collection were covered 

with lids at all times on site, except for when collection was 

carried out. Field blanks were taken in triplicate in order to 

monitor the potential extent of contamination on site by using 

ultrapure water in glass bottles. In the lab, all surfaces were 

wiped down with a high-level disinfectant (Chemgene 

HLD4L) prior to the experiments. All treatments were run 

under a fume hood, except for the initial filtration step through 

the sieves before sample storage. Lab coats made of 100% 

cotton were worn at all times. To mitigate airborne contami- 

nation, samples, glassware and equipment were always cov- 

ered with aluminium foil both in and out of the fume hood, 

except for when the reagents were poured into the beakers. 

However, we acknowledge that although the use of materials 

made of plastic was minimised, it could not be completely 

avoided. All glassware and equipment (e.g. stainless steel 

sieves and filter rigs) were cleaned using a 2% Decon™ de- 

tergent solution (Decon 90; Fisher Scientific) before and after 

use to prevent cross-contamination among samples. 

Glassware and equipment were then rinsed thoroughly with 

reverse osmosis water and then rinsed three times with 
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Fig. 2 Photos of manufactured MPs used in the recovery experiments 

taken under the light microscope (Olympus BH2-RFCA): a PMMA, 

×100 magnification; b PS, ×32 magnification 

 

 
ultrapure water prior to use. Procedural blanks (in triplicate) 

were taken by using ultrapure water and underwent two diges- 

tion cycles and the same treatment to which the samples were 

subjected, covering all the steps from sample preparation to 

filtration in order to assess contamination from plastic con- 

tainers and air deposition. The blanks were vacuum-filtered 

using a 13 mm glass filter holder unit (Cole-Palmer Advantec 

311100 All-Glass Microanalysis filter holder, 13 mm; item 

#WZ-06644-84) over 25 mm silver membrane filters 

(Sterlitech, 5 μm pore size). Both field and procedural blanks 

were analysed via μFT-IR, and the acquired infrared spectra 

were run through siMPle software using the same settings 

reported in section "µFT-IR analysis". 

 
 

Results and discussion 

Method validation 
 

Recovery experiments were carried out to assess the efficien- 

cy of a multi-digestion-steps procedure with Fenton reagent. 

Raw, final effluent and sludge samples were separately spiked 

with PS beads (100 μm) and PMMA particles (38–50 μm), 

and experiments were performed in triplicates per sample 

type. A mean count of the MPs added in the controls was 

calculated within each set of triplicates. This value was then 

used to obtain the recovery (%) for each replicate based on the 

count of MPs recovered in the correspondent spiked sample. 

The mean recovery by sample type for PMMA and PS beads 

are shown in Fig. 3. In particular, with regard to PMMA par- 

ticles, the mean recovery for raw, final effluent and sludge was 

78.8 ± 23.2%, 60.9 ± 16.3% and 82.2 ± 9.9% (see ESM_1, 

Table S2), respectively. As for the PS beads, it was 106.1 ± 

5.5% for raw wastewater, 84.3 ± 19.4% for final effluent and 

67.1 ± 10.3% for sludge (see ESM_1, Table S3). As the 

spiked concentration was unknown, a control was carried 

out for each sample to estimate the number of manufactured 

MPs that were being added. In particular, the recovery for the 

PS beads in the raw samples was over 100%. This is possibly 

an artefact of the inherent variability of the spiking process 

when adding the manufactured MPs. Table S3 (see ESM_1) 

shows that the number of MPs recovered in the raw samples 

slightly exceeded the average number counted in the controls. 

The results of the spiking experiments show that multiple 

digestions do not cause loss of MPs. The majority of studies 

that have conducted recovery experiments have tested 

manufactured particles that were larger than the size range of 

the MPs being investigated. In this experiment, the MP sizes 

selected  included the  lower and upper limit  cut-off of the 

 
 

Fig. 3 Mean recovery by sample type for a PMMA particles and b PS 

beads 
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targeted size range (38–100 μm) and underwent all the steps 

of the analysis. 

In order to reduce the inherent variability of preparing controls 

during the spiking process, a mean value of MPs counted in the 

controls was used. The recoveries obtained fall within the 60– 

100% range of recovery efficiency that has been reported in the 

literature (Table 1). In our study, smaller-sized manufactured 

particles (38–50 μm) were tested in real environment samples. It 

is important to note that when performing recovery experi- 

ments, the sizes of the spiked MPs should be chosen based on 

the targeted size range investigated, and that environmental sam- 

ples should be used instead of clean aqueous solutions (Table 1). 

The recovery experiments have shown the validity of this meth- 

od with efficient recovery of the added manufactured MPs. The 

size of the manufactured particles used in the spiking experi- 

ments could affect their recovery, as smaller particles are more 

likely to adhere to the vacuum filtration unit funnel due to a 

greater surface charge resulting from their higher surface-to- 

volume ratio. However, the surface characteristics of MPs pres- 

ent for a long time in the environment might differ from those of 

virgin plastic. Furthermore, the surface particle properties can 

also vary based on the polymer type [88]. Therefore, future work 

is required to explore the influence of polymer type and size on 

the recovery of manufactured MPs, as well as other factors such 

as other surfactant solutions and their interactions with both pris- 

tine and environmentally weathered MPs. Previous research has 

used SDS solution, and this has often been coupled with sonica- 

tion. This may facilitate the recovery of particles [38, 39], but the 

brittle nature of MPs means that they could potentially break 

down in an ultrasonic bath. Therefore, the use of more invasive 

techniques has been avoided in this study [1, 10]. 

 

Analysis of MPs 
 

Here we report the results on the MP concentrations of the non- 

spiked samples after analysis with siMPle software. Three types 

of environmental samples were collected and treated with single 

digestion (final effluent) or multiple digestions (raw and sewage 

sludge). As mentioned in section "µFT-IR analysis", 92% of the 

surface area of the filter was analysed via μFT-IR. The total 

concentration of MPs present in each sample was estimated by 

extrapolating the number of MPs found to the whole surface area 

of the filter. Estimates of MP counts ranged from 2102.16 MPs 

l−1 in raw wastewater, to 129.13 MPs l−1 in final effluent and 

1979.74 MPs g−1 of dry weight in sewage sludge (Table 2). 

Procedural blanks were performed in triplicate, and the mean of 

MP concentration was 7.25 MPs l−1 (Table 2). Field blanks were 

also analysed to monitor the contamination, and the results show 

an average of 2.37 MPs l−1 (Table 2). 

The raw data of both samples and procedural blanks obtain- 

ed from siMPle software on polymer type, shortest and longest 

dimensions of the particles and their estimated mass and vol- 

ume are reported in the Supplementary Information (ESM_2). 

MP concentrations have not been corrected for recovery as only 

two polymer classes (PS and PMMA) were tested [39]. It is 

acknowledged that these results do not reflect the behaviour of 

all the different classes of polymers. Sequential digestions with 

Fenton reagent could also be applied for batch processing and 

monitoring purposes. For instance, up to 10 samples (with sim- 

ilar volumes to those used in this study) could be processed by 

one person in 1 day. If three digestions are performed, it would 

take a total of 3 days to digest 10 samples. Compared to recent 

studies where enzyme purification has been performed, the di- 

gestion time alone ranged from 4 days up to 13 days depending 

on the amount and type of enzymes used [38, 39, 76]. In the 

method presented in this paper, the density separation and fil- 

tration of 10 samples over silver filters could be performed in 

2 days and the μFT-IR analysis in 2–3 days. Therefore, the total 

duration of the analysis process for 10 samples would be 7–  8 

days. Other chemical analysis methodologies for polymer 

characterisation could be performed as an alternative to μFT- 

IR or to complement this technique, such as μRaman, 

pyrolysis-gas chromatography-mass spectrometry and 

thermos-extraction and desorption gas chromatography-mass 

spectrometry [89]. However, in the present study, the suitability 

of silver filters has not been tested with other techniques, as this 

was beyond the scope of this work. We acknowledge that the 

processing time for this last step of analysis could vary depend- 

ing on what method is applied and the research question, sub- 

sequently affecting the whole duration of the analysis. For in- 

stance, μRaman, compared to μFT-IR, is more time- 

consuming (up to several days for one sample). This is mainly 

due to its lower detection thresholds (down to 1 μm), leading to 

a smaller area of the filter being scanned, and to Raman imaging 

systems and particle-finding algorithms that are in early stages 

of development [89]. With regard to thermal degradation 

methods, they have the disadvantage of not measuring particle 

size, but the advantage of providing information about 

chemicals and additives present on MPs. According to 

Primpke et al. 2020, these methods are less time-efficient 
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compared to Raman and FT-IR [89]. It should be further 

highlighted that all these methods for the analytical characteri- 

sation of MPs are complementary as they differ in the benefits 

that they offer. Given the scope of this study, μFT-IR was 

chosen because it provides a reliable and fast polymer charac- 

terisation for the analysis of MPs >10 μm, and unlike thermal 

degradation methods, it is non-destructive. 

 
 

Conclusions 
 

This study has demonstrated the optimisation of the digestion 

treatment with Fenton reagent by performing multiple diges- 

tion cycles to target MPs in the sub-hundred-micron size range 

in wastewater and sludge samples. In order to validate the 

method, recovery experiments were conducted in triplicate 

testing two polymer types of different sizes. It has been shown 

that the WPO treatment performed in multiple cycles repre- 

sents a valid alternative to current methods and a good com- 

promise as a low-cost and time-efficient procedure, which also 

preserves the microplastic particles. The development of 

methodologies that are reliable, simple and relatively fast to 

perform is important for the accurate detection and quantifi- 

cation of MPs in the environment. Future research could in- 

vestigate other polymer types and the recovery of smaller 

manufactured MPs. 
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Appendix II: Supplementary Tables 
 

Table S1. Recovery results for PMMA particles added to each triplicate by sample type (raw sewage, 
final effluent and sludge) 

 

 

Table S2. Recovery results for PS beads added to each triplicate by sample type (raw sewage, final 
effluent and sludge) 
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Table S3. Overview of sample volumes or weights and filtration devices used in preliminary tests and 

final experiments by sample type 
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Table S4. Flow rate and flow to full treatment (FFT) data (l s-1) for site TRI by season and stage 
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Table S5. Flow rate and flow to full treatment (FFT) data (l s-1) for site MBR by season and stage 
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Table S6. Flow rate and flow to full treatment (FFT) data (l s-1) for site AS by season and stage 
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Table S7. Kruskal-Wallis test results for d50 and d90 for raw and final effluent samples between sites 
by season. Statistical tests showed no significant difference at the p≤0.05 significance level 

SUMMER Raw       Final effluent 

Percentiles p-value           p-value 

   
d50         0.105               0.378 

   
d90         0.289              0.241 

   

 

AUTUMN Raw       Final effluent 

Percentiles p-value           p-value 

   
d50         1.000               0.135 

   
d90         0.051               0.334 

   

 

WINTER Raw  

Percentiles p-value 

  
d50         0.364  

  
d90         0.303  
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Table S8. Results of the correlation analyses between COD, TSS, NH4
+ and MPs (l-1) at site TRI by stage. 

Significance level is p≤0.05 

Stage COD TSS NH4
+ 

 (p-value) (p-value) (p-value) 

Raw 0.781 0.765 0.932 
    

Primary             0.286 0.932 0.139 
    

Secondary             1.000 0.529 0.865 
    

Final effluent             0.814 0.683 0.544 

 

 

Table S9. Results of the correlation analyses between COD, TSS, NH4
+, BOD and MPs (l-1) at site MBR 

by stage. Significance level is p≤0.05 

Stage COD TSS NH4
+ BOD 

 (p-value) (p-value) (p-value) (p-value) 

Raw 0.668 0.356 0.049 0.493 
     

Primary              0.187 0.732 0.444 0.570 
     

Secondary              0.879 0.312 0.872 0.805 
     

Final effluent             0.450 0.218 0.022 0.887 

 

Table S10. Results of the correlation analyses between COD, TSS, NH4
+ and MPs (l-1) at site AS by stage. 

Significance level is p≤0.05 

Stage COD TSS NH4
+ 

 (p-value) (p-value) (p-value) 

Raw 0.132 0.987 0.058 
    

Secondary             0.645 0.535 0.350 
    

Final effluent             0.010 0.509 0.866 
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Table S11. Results of the correlation analyses between MPs (g-1) and d50, d90 in sludge and between 
MPs (l-1) and d50, d90 in final effluent in all of the sites. Correlations were not performed for d50 in 
sludge of site TRI and MBR because the percentile values were all the same. Significance level is p≤0.05 

Stage/Site d50 d90 

 (p-value) (p-value) 

Sludge - TRI - 0.306 
   

Sludge - MBR              - 0.409 
   

Sludge - AS           0.854 0.736 
   

Final effluent - TRI           0.163 0.682 
   

Final effluent - MBR           0.693 0.567 
   

Final effluent - AS           0.171 0.818 
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Appendix III: Supplementary Figures 
 

 

Figure S1. Probability plots for site TRI of total number of MPs (MPs l-1) (a) and flow rate (l s-1) (b and 
c) obtained by performing the Anderson-Darling normality test (significance level is p≤0.05) 

 

 

Figure S2. Probability plots for site MBR of total number of MPs (MPs l-1) (a) and flow rate (l s-1) (b and 
c) obtained by performing the Anderson-Darling normality test (significance level is p≤0.05) 
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Figure S3. Probability plots for site AS of total number of MPs (MPs l-1) (a) and flow rate (l s-1) (b and 
c) obtained by performing the Anderson-Darling normality test (significance level is p≤0.05) 

 

 

Figure S4. Probability plots for site TRI (a), MBR (b) and AS (c) of d50 (µm) obtained by performing the 
Anderson-Darling normality test (significance level is p≤0.05) 
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Figure S5. Probability plots for site TRI (a), MBR (b) and AS (c) of d90 (µm) obtained by performing the 
Anderson-Darling test (significance level is p≤0.05) 

 

 

Figure S6. Scatterplot of major and minor dimension (µm) of siMPle raw data by stage at site TRI in 
Autumn and Winter 

 

 

Figure S7. Scatterplot of major and minor dimension (µm) of siMPle raw data by stage at site MBR in 
Autumn and Winter 
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Figure S8. Scatterplot of major and minor dimension (µm) of siMPle raw data by stage at site AS in 
Autumn and Winter 
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Figure S9. Combo chart of MP loading (MPs s-1) on the left y-axis and the flow rate on the right y-axis 
in Summer (a), Autumn(b) and Winter (c) at site AS for raw, secondary and final effluent. The flow rate 
(FR) is denoted with the orange line and the flow to full treatment (FFT; l s-1) is shown as a dark blue 
line. The dashed grey and red lines represent the seasonal and annual FR means 
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Figure S10. Spearman correlation plots of flow (l s-1) and %Rtot at site TRI (a), MBR (b) and AS (c). 
Spearman’s Rho coefficients and p-values are reported (significance level is p≤0.05) 

 

 

Figure S11. Spearman correlation plots of flow (l s-1) and MPs (g-1) in sludge samples at site TRI (a), 
MBR (b) and AS (c). Spearman's Rho coefficients and p-values are reported (significance level is p≤0.05) 
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Appendix IV: Ethical approval 
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